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Abstract
ABSTRACT
This study aimed to assess the effect of heavy metals, especially Cu, Zn and Cd, on the 
ability of the white rot fungus (WRF) Bjerkandera sp, BOSS5 and several soil bacterial 
isolates to degrade a selection of polycyclic aromatic hydrocarbons (PAHs).
To investigate the effect of heavy metals on PAH degradation by Bjerkandera sp. 
BOS55, the fungus was grown in both a rich undefined medium and a defined medium 
containing the PAH pyrene and different concentrations of Cu or Cd. It was found that 
both metals reduced fungal growth and production of ligninolytic enzymes but that 
toxicity was modified by the growth medium. The fungus exhibited adaptation and 
tolerance to both metals in the defined medium containing up to 600 ppm metal but was 
inhibited in the rich medium containing as little as 50 ppm metal.
Whilst WRF are capable of PAH oxidation, complete mineralisation to CO2 is often 
unachieved resulting in the production of polar and often toxic metabolites. In soil, these 
metabolites can be further oxidised by bacterial populations to non-toxic products. 
However, bacteria often exhibit a greater sensitivity to heavy metals than WRF. This 
sensitivity to heavy metals could block the detoxification process of the soil 
enviromnent. The tliree PAH-oxidising bacterial isolates that were tested for metal 
tolerance were found to be highly susceptible to Cu, Zn and Cd at concentrations of 200 
ppm each, resulting in a reduced degradation of phenantlirene and pyrene. It was 
therefore concluded that the presence of heavy metals in the enviromnent, even at fairly 
low levels, could potentially lead to the incomplete degradation of PAHs, and possible 
accumulation of toxic metabolites.
Finally, co-cultures of the metal-sensitive bacterial isolates and the fungus were used to 
establish if a combination of WRF and a bacterial isolate could be used to accelerate the 
degradation of PAHs. Anthracene and antlnaquinone were used as model PAHs because 
anthraquinone is a dead-end metabolite produced during the oxidation of anthracene by 
Bjerkandera sp, BOSS 5. It was found that some of the fungal-bacterial co-cultures tested 
synergistically removed anthracene, resulting in significantly faster degradation than 
observed for each organism individually. Moreover, one co-culture removed 
antliraquinone, suggesting tliat a combination of WRF and bacteria are essential for the 
rapid mineralisation of PAHs in the environment.
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Chapter 1
CHAPTER 1
Introduction
____________________________________________________________________________Chapter 1
1.1 Aims and Objectives
The toxicity of heavy metals to microbial processes and populations is well 
documented; however few studies have investigated the effects heavy metals 
have on the biodégradation of persistent organic pollutants such as PAHs in soil. 
This thesis therefore aimed to investigate the effect of heavy metals Zn, Cu and 
Cd on the degradation of a range of polycyclic aromatic hydrocai'bons (PAHs) by 
soil microorganisms. More specifically, it aimed to quantify the toxicity of heavy 
metals to the white-rot fungus (WRF) Bjerkandera sp. BOS55, a well-known 
PAH degrader. Toxicity was measured as a reduction in the productions of 
biomass and extracellular ligninolytic enzymes (Chapter 2). Because degradation 
of organic pollutants in soil is normally earned out by both bacteria and fungi, 
one of the main objectives was to isolate bacteria capable of degrading PAHs, 
from a soil with a history of oil contamination and from a composting mixture 
artificially contaminated with PAHs (Chapter 4). Subsequently, the isolates with 
the greatest ability to degrade three to four ring PAHs were exposed to one or 
more heavy metals and the effect of heavy metals on PAH degradation was 
monitored (Chapter 5).
Following on from the metal toxicity studies, ways of reducing metal toxicity 
were investigated in environments co-contaminated vrith PAHs. For example, 
natural zeolites were evaluated as a means to mop up heavy metals in fungal 
cultures in order to improve PAH degradation (Chapter 3).
Finally, whereas WRF are capable of PAH oxidation, complete mineralisation to 
carbon dioxide (CO2) and water is sometimes incomplete. This could result in the 
accumulation of polai' and often toxic metabolites, especially in the absence of 
organisms that are capable of degrading these metabolites. In natural 
environments, degradation of these fungal metabolites is often carried out by 
bacteria. However, in cases where bacterial degraders aie sensitive to metals, 
metabolites might accumulate in environments co-contaminated with heavy
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metals and PAHs. Thus, the two final objectives were 1) to use co-cultuies of the 
bacterial isolates and the fungus to establish whether a combination of 
Bjerkandera sp. BOS55 and a PAH- degrading bacterium could accelerate the 
degradation of anthracene and remove any traces of anthraquinone, its dead-end 
fungal metabolite (Chapter 6 ) and, 2) to assess whether heavy metals limited 
PAH mineralisation in such co-cultures.
1.2 Outline of this Introduction
The following introduction reviews ways in which pollution is introduced into 
soils and how bioremediation techniques attempt to address specific pollution 
problems. The properties, structure and composition of soil, the main interface 
between the degrading organisms and the pollutants, are also summarised.
Secondly, the main sources and properties of the two major groups of pollutants 
which are of interest to this thesis, namely heavy metals and PAHs are reviewed. 
Furthermore, the advantages and limitations of cuiTently available remediation 
and bioremediation techniques for both metals and PAHs are reviewed briefly.
Emphasis is given to ways in which soil properties can affect the behaviour and 
spéciation of heavy metals. Similarly, the fate and behavioui' of PAHs in soil are 
discussed; this includes a review of adsorption and desorption kinetics in 
addition to degradation by indigenous soil microorganisms.
Finally, the effects of heavy metals, on soil microbial activity and PAH 
degradation, are reviewed. Aspects relating to behavioural differences of soil 
microorganisms to heavy metals are outlined: these include adaptation, tolerance 
and sensitivity. Sensitivity of indigenous soil microbes to heavy metals is 
discussed in relation to its possible consequences to PAH degradation and its 
implications for soil bioremediation.
____________  Chapter 1
1.3 Pollution and Bio remediation
Pollution is ‘the introduction by man into the enviromnent of substances or 
energy liable to cause hazards to human health, harm to living resources and 
ecological systems, damage to stiuctuies or amenity, or interference with 
legitimate uses of the environment’ (Alloway, 1990a).
Increased industrial and agricultui al activity has resulted in vast quantities of the 
eaith’s soil and groundwater resources becoming contaminated with hazardous 
chemicals (Crawford, 1996). Bioremediation productively uses biodegradative 
processes to remove or detoxify pollutants that have contaminated the 
environment (soil, water and sediments) and that cause a thieat to public health 
(Crawford, 1996). The goal of bioremediation is to degrade organic pollutants to 
concentrations that are either undetectable or, if detectable, to concentrations 
below the limits established as safe or acceptable by regulatory agencies. Certain 
criteria must be met for bioremediation to be seriously considered as a practical 
means for treatment. The existence of microorganisms with the capacity to 
transform the compound efficiently and bring the concentration to levels that 
meet regulatory standar ds, and also, the bioavailability of the compound to these 
microorganisms are main issues to consider. In addition, the products generated 
must not be toxic at the concentrations likely to be produced during remediation. 
Furthermore, the conditions at the site of remediation must be conductive to 
microbial growth and activity (Alexander, 1994a).
Bioremediation techniques have been reviewed for common environmental 
contaminants, such as PAHs (Mueller et al., 1996; Allard and Neilson, 1997; 
Juhasz and Naidu, 2000a), nitroaromatic compounds (Funk et al., 1996), 
polychlorinated biphenyls (PCBs) (Shaimon et a l,  1994; Unterman et al., 1996), 
chlorinated phenols (Puhakka and Melin, 1996) and heavy metals (Roane et al., 
1996; Maini et al., 2000). PAH bioremediation, which is of particular interest to 
this thesis, has been extensively demonstrated (Wang et al., 1990; Baud-Grasset
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et a l, 1994; Elmendorf et a l, 1994; Stieber et a l, 1994; Kotterman et a l, 1994; 
Bogan and Lamar, 1996; Kotterman et a l, 1996; Kotterman et a l,  1998a/b; 
Bouchez et a l, 1999; Guerin, 2000). Although bioremediation in such cases was 
usually successful, the results are less satisfactory in highly contaminated 
environments, because few studies (DeLaime et a l, 1998; Baldrian et a l, 2000; 
Sokhn et a l, 2001) take into consideration the combined contamination of these 
enviromnents with heavy metals.
The toxicity of metals to microorganisms in cultur e, and in soils and sediments is 
well documented. Numerous studies have demonstrated the inhibitory effects of 
heavy metals on microbial processes and populations (Bââth, 1989; Yamamoto et 
a l, 1985) and on soil enzymatic activity, nitrogen fixation by microorganisms 
(Tyler, 1974; McGrath and Brookes, 1988) and carbon mineralisation (Merckx et 
a l, 2001). However, few studies have concentrated on the non-lethal effects of 
heavy metals on microbial functions, for instance biodégradation of organic 
chemicals such as PAHs (DeLaime et a l, 1998).
To start with, general aspects of the soil environment which holds both pollutants 
and bioremediating microorganisms are briefly outlined.
1.4 The Soil Environment
1.4.1 Structure and Composition
The soil is a key component in terrestrial ecosystems, both natural and 
agricultural, being essential for the growth of plants and the degradation and 
recycling of dead biomass. Soil is a complex heterogeneous medium comprising 
mineral and organic solids, as well as aqueous and gaseous components 
(Alloway, 1990b).
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The minerals present include weathering rock fragments and secondary minerals 
such as clays, hydrous oxides of Fe, Al, Mn, and sometimes carbonates (usually 
calcium carbonate). Microorganisms and soil faima, dead plant material (litter) 
and colloidal humus constitute the organic matter of soils. All the solid 
components are usually clustered together in the form of aggregates, creating a 
system of interconnecting voids of various sizes filled with either water or air. 
Frnthermore, they have the ability to adsorb ions. However, the type of material, 
the prevailing pH, redox conditions, as well as the relative concentrations of the 
ions present in the aqueous soil solution influence the adsorption of ions 
(Alloway, 1990b; Killham, 1994a).
1.4.2 Soil Properties
The soil is a dynamic system, subject to short-term fluctuations, such as 
variations in moisture status, pH and redox conditions and also undergoing 
gradual alterations in response to changes in management and environmental 
factors (Lynch, 1983; Alloway, 1990b). These changes in soil properties can 
affect the form and bioavailability of metals, and therefore need to be considered 
in decisions on the management of polluted soils or the use of soils for disposal 
of waste materials (Alloway, 1990b).
The soil pH applies to the concentration of the hydrogen ions (H^) in the solution 
present in the soil pores, which is in dynamic equilibrium with the predominantly 
negatively charged surfaces of the soil particles (Lynch, 1983; Alloway, 1990b). 
H^ are strongly attracted to the surface negative charges, and they have the power 
to replace most other cations. Soil pH is affected by the changes in redox 
potential, which occur in soils that become waterlogged periodically. Reducing 
conditions generally cause a pH increase whilst oxidation brings about a decrease 
(Alloway, 1990b).
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In general, heavy metal cations are most mobile under acid conditions and 
increasing the pH by liming usually reduces their bioavailability (Alloway, 
1990b). Acidification decreases the cation exchange capacity (CEC) of humic 
substances as carboxyl and ammonium groups will become protonated reducing 
their capacity to bind metal ions. Furthermore, the increase in H^ will also 
increase the competition for negative binding sites, resulting in the displacement 
of metal ions (Alloway, 1990b).
Soil pH also affects soil microbes, which vary in their pH tolerance. The most 
acid-tolerant are S-oxidising bacteria. For instance, species of the genus 
Thiobacillus can grow at pH 1, while the most alkali-tolerant streptomycetes can 
grow at pH 10. Although different groups of soil microbes have well established 
pH optima and ranges for growth, strains may somehow adapt to grow at pH 
values beyond the normal range of the species (Killham, 1994a).
Clays are usually linked to humic colloids and hydrous oxide precipitates. The 
combined organo-mineral colloidal complex plays a very important role in 
controlling the concentrations of ions in the soil solution (Alloway, 1990b).
1.4.3 The Soil Microbes
The soil is a habitat for many organisms, as well as the medium in which plant 
roots grow, extracting water, oxygen (0%) and ions (Lynch, 1983; Alloway, 
1990b). Roots also release CO2 and exude organic compounds which are 
responsible for the intense microbial activity in the rhizosphere (Alloway, 
1990b).
Soil microbes include bacteria, actinomycetes, fungi and algae. The activity of 
these organisms and their capacity to degrade organic residues are influenced by 
protozoa and invertebrates whose activity can significantly increase microbial 
mineralisation rates by excretion of ammonium locked up in the microbial
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biomass. Invertebrates, such as earthwoims, also create macro-pores that allow 
O2 to penetrate and water to drain, thus preventing anoxic conditions (Alloway, 
1990b).
Most soil bacteria are adsorbed to soil particles by a variety of mechanisms, 
including simple ionic bonds. Figure 1.1 shows a hypothetical spatial 
arrangement of microorganisms in relation to soil particles (Lynch, 1983). 
Bacterial cells and soil particles tend to have a net negative chaige, and are held 
together via ionic bridges involving polyvalent cations (Figure 1.1). 
Arthrobacter, Pseudomonas and Bacillus usually dominate the culturable 
bacterial commimity of most soils (Killham, 1994b).
Figure 1.1 Hypothetical spatial arrangement of microorganisms in relation to 
soil particles (Lynch, 1983).
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The bacteria found in soil have numerous morphological and physiological 
adaptations that enable them to utilise the soil habitat effectively. For instance, a 
soil bacterium can have a thick mucilaginous capsule that protects it from 
adverse soil conditions, such as desiccation and pH changes. In addition, the 
capsule is involved in the attachment of the cell to soil paiticles. Furthermore, 
some bacteria have developed numerous strategies to grow under carbon/nutrient 
starvation, while others have adapted to slow rates metabolism. The composition 
of the bacterial community can often be used as an indicator of physicochemical 
conditions in the soil (Killham, 1994b).
Bacteria have several functions in the soil. Heterotrophic bacteria {Azotobacter, 
Clostridium and Bacillus) which tend to be the most numerous, decompose 
animal, plant and microbial residues and cany out non-symbiotic nitrogen 
fixation. Chemoautotrophic bacteria (Nitrosomonas, Nitrobacter and 
Thiobacillus) are responsible for nitrification in soil, and to a lesser extent 
sulphm oxidation imder anaerobic conditions. Nitrogen fixation can also be 
carried out by cyanobacteria, mainly at the soil surface (Killham, 1994b).
Fungi are heterotrophic in metabolism and are obligate aerobes. Fimgi have a 
vast range of functions in soil, including their roles as plant symbionts, plant and 
animal pathogens, as oligotrophs, and even parasites. However, their most 
important ecological function is the degradation of organic matter fiom the 
simplest sugais and amino acids to the most recalcitrant polymers such as lignin 
and complex humic acids (Killham, 1994b). They are generally more tolerant to 
acidity than bacterial heterotrophs. Thus the decomposition of organic matter in 
more acid soils is predominantly a fungal process (Bââth, 1989).
The production of different types of spores by soil fungi, although primarily a 
reproductive strategy, does also provide a means for smvival against adverse soil 
conditions.
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1.5 The Pollutants
1.5.1 Heavy Metals
1.5.1.1 Definition
The term ‘heavy metals’ is a group name for the metals and metalloids which are 
associated with pollution and toxicity (such as Pb, Cd, Hg, As, Tl, and U) but 
also includes some elements which are essential for living organisms at low 
concentrations (such as Co, Cu, Mn, Se and Zn). The classification is based on 
atomic density (> 6gcm‘^ ) (Alloway, 1990a).
1.5.1.2 Sources of Heavy Metals in Soil
Soiu'ces of heavy metals in soil include atmospheric pollution from motor 
vehicles exhausts and combustion of fossil fuels, both of which result in the 
dispersion of many elements in the air over a large area. Furthermore, 
agricultiual fertilisers and pesticides contain various combinations of heavy 
metals, either as impurities or as active constituents (Alloway, 1990c).
Organic manures, including pig and poultry manures contain high concentrations 
of copper or arsenic fed to improve food conversion efficiency. Sewage sludges 
usually contain relatively high concentrations of several metals, especially those 
hom industrial catchments (Wild et al., 1991; Alloway, 1990c).
Soil pollution can also occur fi'om the disposal of urban and industrial wastes. 
The incineration of metal-containing materials results in the deposition of aerosol 
particles in the soil. Small areas with very high metal concentrations in soil also 
result from unauthorised dumping and disposal of metal-containing items 
ranging from dry-cell batteries to abandoned cars and car components. In 
addition, the disposal of some domestic waste during garden fires for instance
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results in high concentrations of heavy metals in soils used for growing 
vegetables (Alloway, 1990c).
Furtheimore, metallurgical industries contribute a great deal to soil pollution. 
This happens via emissions of fumes and dusts containing metals which are 
transported in the air and eventually deposited onto soils and vegetation, via 
contribution from effluents when watercourses flood, and via leaching of metals 
from waste dumps created by the industry (Alloway, 1990c).
Other contributors to heavy metal pollution of soils are the mining industry and 
the smelting of non-ferrous metals (Malm, 1998). This has occuixed thi'oughout 
history, especially with the advent of the industrial revolution. Metals from these 
sources are dispersed in dusts, effluents and seepage water (Alloway, 1990c).
1.5.1.3 Behaviour and Fate of Heavy Metals in Soil
The behaviour and bioavailability of heavy metals in soils are affected by the 
adsorption of these metals from the liquid phase onto the solid phase. The 
concentrations of metal ions and complexes in the soil are controlled by this 
chemical process. Several different mechanisms can be involved in the 
adsorption of metal ions, including cation exchange (or non-specific adsorption), 
specific adsorption, organic complexation and co-precipitation (Alloway, 
1990b).
Other factors influencing retention and mobility of heavy metals in soils include 
weathering, dissolution and solubilisation of the metal ions, uptake by plants, 
immobilisation by soil organisms and leaching (Ross, 1994). Although 
adsoiption can be measured, it can be difficult to assess which particular process 
is responsible for the retention of metals in any particular soil (Alloway, 1990b).
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Most heavy metals exist as ions in the soil solution, and their adsorption 
therefore depends on the density of the negative charges on the surfaces of the 
soil colloids (Lynch, 1983; Alloway, 1990b). The selectivity of the adsorbent to 
the ion gives rise to a replacing order amongst the cations, determined by their 
valency and their degree of hydration. The higher the valency of an ion, the 
greater its replacing power, but the greater the degree of hydration, the lower its 
replacing power. The organic matter content of a soil is usually much less than 
its clay content, but it nevertheless makes a major contributor to the CEC of a 
soil because of its adsorptive capacity at pHs above 5 (Alloway, 1990b).
Specific adsorption in soil involves the exchange of heavy metal cations and 
most anions with surface ligands to form partly covalent bonds with lattice ions. 
It results in metal ions being adsorbed to a far greater extent than would be 
expected from the CEC of a soil. Specific adsorption is strongly pH-dependent 
and is related to the hydrolysis of the heavy metal ions. The metals most able to 
form hydroxy complexes are adsorbed to the greatest extent. Specific adsorption 
increases with decreasing equilibrium constant (pK) values. Hence the order for 
increasing specific adsorption is: Cd (pK = 10.1) < Ni (pK = 9.9) < Co (pK = 
9.7) < Zn (pK = 9.0) « Cu (pK = 7.7) < Pb (pK = 7.7) < Hg (pK = 3.4) (Alloway, 
1990b).
Another mechanism of metal adsorption is co-precipitation, which is defined as 
the simultaneous precipitation of a chemical agent in conjunction with other 
elements by any mechanism and at any rate. The types of mixed solid commonly 
formed include clay minerals, hydrous iron and manganese oxides (Alloway, 
1990b).
Furthermore, solid-phase humic substances, in addition to their involvement in 
cation exchange reactions, also adsorb metals by forming chelate complexes. In 
addition, low molecular weight (LMW) organic ligands can form soluble 
complexes with metals, preventing them from being adsorbed or precipitated.
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Humic substances with hydroxyl, phenoxyl and carboxyl groups form 
coordination complexes with metallic ions. The decreasing order of stability 
constants of chelates with metals is as follows: Cu > Fe -  A1 > Mn = Co > Zn 
(Alloway, 1990b).
1.5.1.4 Spedation of Heavy Metals in Soil
Spéciation of heavy metals can be defined in many ways. A precise definition is 
‘the deteimination of the precise chemical form or oxidation state of an element’ 
(Ure, 1990). In this respect, the type of bonding between an element and other 
components of soil should be considered. For example, an element in ionic form 
may be boimd to clay minerals or organic matter by coulombic forces, whereas 
covalent bonds may be formed with surface ligands on hydrous oxides (Ritchie 
and Sposito, 1995).
Most studies of metal speciation are confined to the soil solution or soil pore 
water (Ure, 1990). The soil solution is the medium thi'ough which dissolved ions 
are transported to a root suiface and carried to groimdwater or surface waters. In 
addition, it acts as an important link between solid soil phases and the other 
components of an ecosystem involved in biogeochemical cycling (Ritchie and 
Sposito, 1995).
Ionic strength, pH, and electron activity are the three major characteristics of the 
soil solution commonly recognised as affecting metal speciation. However, 
reaction kinetics, and the relative concentrations and the complexing affinities of 
cations and anions can be equally important (Ritchie and Sposito, 1995). 
Fmlhermore, bioavailability of metal ions might be different according to local 
variations within the soil system. For instance, plant roots and microbial activity 
can lead to higher local concentrations of free metal ions at these sites due to the 
production of organic acids (Alloway, 1990b).
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An acciu'ate assessment of metal speciation requires identification of all 
components present in the soil, their total concentrations, and the equilibrium 
constants for the reaction that the components undergo (Ritchie and Sposito,
1995). The techniques used for this puipose are various. These include direct 
methods such as co-chromatography, electronic spectroscopy (Glidewell and 
Goodman, 1995), and hybrid methods of speciation. The latter include gas 
chi'omatography (GC) coupled with atomic absorption spectrometric (AAS) 
detection, as well as inductively induced plasmas (ICP) coupled with atomic 
emission spectroscopy (AES) or with mass spectroscopy (MS) etc. (Greenway, 
1995 and Ure, 1990).
1.5.1.5 Remediation of Heavy Metals-Coutamiuated Environments
Microbial-based remediation of metal-contaminated environments is a rapidly 
advancing field. Current approaches to metal bioremediation are based upon 
normal microbial interactions with metals, such as complexation, oxidation- 
reduction, and méthylation reactions (Roane et a i, 1996). Numerous metal 
bioremediation strategies have potential applicability. However, there have only 
been a few field-based studies conducted due to difficulty, unpredictability and 
lack of preference toward bioremediation processes.
In soils and sediments, microbial leaching has been successfully applied for Cu, 
U, Pb and Zn thiough metal solubilisation by Thiohacillus ferrooxidans and 
Thiobacillus thiooxidans. This process is also used to leach metals fiom 
contaminated sludge before soil application, making the sludge suitable for 
agricultural applications (Roane et al., 1996).
The use of biosurfactants and bioemulsifiers for metal remediation of soils is also 
a promising technique. Bacterially produced surfactants consist of a variety of 
molecular structures, which may show metal specificity and may be optimised 
for that metal’s removal. Biosurfactants can be used to flush a metal containing
14
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soil, thereby causing its desoiption and removal. Complexation of metals with 
siderophores has also been used as a remediation means. However, limited 
progress has been made regarding the role of siderophores in metal recovery 
and/or removal (Roane et a l, 1996).
Physical and chemical remediation of metal-contaminated soils includes, 
immobilisation by increasing the pH (liming), and precipitation of soluble 
contaminating metals and metal removal via soil washing and pump and treat. 
Washing, primarily used for surface soil contamination, is often difficult and 
time-consuming because soils sorb metals strongly. However, this approach has 
been improved by washing with acidic solutions to facilitate metal removal. As 
an alternative to acid washing, soils can also be flushed with chelating agents 
such as ethylenediaminetetraacetic acid (EDTA) and nitrilotriacetic acid (NTA), 
both of which readily bind and solubilise metals (Roane et ah, 1996).
In more recent years, several studies (Garcia-Sanchez et ah, 1999; Yuan et ah, 
1999; Lee et ah, 2000; Lee and Moon, 2001) have demonstrated the use of 
natural zeolites as an improved means for isolating heavy metals from 
contaminated surface and ground waste. Zeolites are hydrated aluminosilicates of 
alkali and alkaline earth cations with a 3-dimensional crystal structure and a 
large CEC of 1000-3000 mmoles/Kg. In their natural state, the exchangeable ions 
are predominantly Na, Ca and K (Yuan et ah, 1999). In zeolites, the exchange of 
ions arises from the presence of extia-ftame cations, located in the regular array 
of channels and cages, which constitute the rigid anionic framework. Cations are 
bound to the lattice and the water molecules, which normally fill the zeolite 
micropores. When the zeolite comes into contact with an electrolytic solution, 
the cations in zeolites can be removed from their sites and replaced by other 
cations fiom the solution (Lee and Moon, 2001). Natural zeolites, such as 
modernité and clinoptilolite, were shown to be very effective at removing Pb, 
Cu, Zn and Cd from solution (Yuan et ah, 1999). The use of zeolites for metal 
remediation has major advantages since various types of natural zeolites are
15
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widely distributed all over the world and can be cheaply and easily modified. 
This system also saves energy and adds no secondary pollution.
1.5.2 Polycyclic Aromatic Hydrocarbons
1.5.2.1 PAHs: Definition and Structures
PAHs are chemicals made up of two or more fused benzene rings and/or 
pentacyclic moieties in linear, angulai* and cluster arrangements (Mueller et al., 
1996). Figure 1.2 shows the 16 PAHs selected by the United States’ 
Environmental Protection Agency (EPA) as indicators of PAH pollution 
(Kotterman, 1998).
Several PAHs are known to have genotoxic or carcinogenic activity (Table 1.1) 
and have therefore been classified as priority pollutants (Mueller et al., 1996; 
Kotterman, 1998; Cuny et al., 1999; Richter and Howard, 2000; Wilcke, 2000). 
PAHs are thermodynamically stable, have low aqueous solubilities (Table 1.1) 
and are generally associated with particle smfaces in the environment. This 
binding to soil paiticles makes them less likely to be affected by processes such 
as volatilisation, photolysis, and biodégradation. Hence, they are persistent 
environmental contaminants (Mahro et al, 1994; Mueller et al, 1996).
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Figure 1.2 Chemical structures of the 16 EPA PAHs (Kotterman, 1998)
nono
Naphthalene Acenaphthylene Acenaphthene Fluorene
Phenanthrene A nthracene Fluoranthene Pyrene
o o
Benzo[a]anthracene Chrysene Benzo[li]fluoranthene Benzo[fc]fluoranthene
DXo:
Benzo[a]pyrene Dibenzo[a,h]anthracene Benzo[ghf]perylene lndeno[f23 cd]pyrene
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Table 1.1 Physical and chemical properties of the 16 EPA PAHs (Kotterman, 
1998).
PAH MolecularWeight
Solubility 
(mg r^)
Carcinogenic
potential
log Kp
Naphthalene 128 30 ND 3.37
Acenaphthene 154 3.5 ND 4.33
Acenaphthylene 152 3.9 ND 4.07
Fluorene 166 2.0 ± 4.18
Phenanthrene 178 1.3 ± 4.46
Anthracene 178 7.3 X 10'^ 4.45
Fluoranthene 202 2.6 X 10'^ 5.33
Pyrene 202 1.4 X 10'^ 5.32
Benzo [a] anthracene 228 1.4x10'^ ++ 5.61
Chiysene 228 2.0 X 10'^ + 5.61
Benzo[b]fluoranthene 252 1.2x10'^ ++ 6.57
Benzo[k]fluoranthene 252 5.5x10'^ ++ 6.84
Benzo [a] pyrene 252 3.8x10'^ ++ 6.04
Dibenzo [ah] anthracene 278 5.0 X 10 "^ ++ 5.97
B enzo [gh i] perylene 276 2.6 X 10'^ ± 7.23
Indeno[123-cd]pyrene 276 6.2 X 10'^ ++ 7.66
++; sufficient evidence o f causal relationship between the tested agent and human 
+: litnited evidence, causal relationship is likely but not proven 
± ; inadequate evidence, both negative as positive data available
sufficient evidence to exclude carcinogenicity o f  the tested agent 
ND: not determined
cancer
1.5.2.2 Sources of PAHs
PAHs are released into the environment from three sources: biosynthetic 
(biogenic), geochemical, and antlnopogenic (Mueller e/ a l, 1996), Hydrocarbons 
from natural sources are of diverse structures and are widely distributed in the 
biosphere as components of surface waxes of leaves, plant oils, cuticles of 
insects, and the lipids of microorganisms. For instance, alkenes and alkanes.
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produced from a variety of terrestrial plants and aquatic algae, are common 
natural sources of carbon in the environment. Thus, many microorganisms have 
developed catabolic activities to use these hydrocarbons as growth substrates and 
derive energy from them. In addition, petroleum and coal provide the largest 
source of mononuclear and polynuclear aromatic compounds. These aromatic 
chemicals are also commonly formd in the environment as a result of 
biosynthesis by plants and include lignin, alkaloids, terpenes, aromatic 
caratenoids, and flavinoids (Mueller et a l, 1996).
PAHs are also formed by pyrolysis. High temperature exposmes of alkylated 
benzene rings allow alkyl groups of sufficient length to cyclise, and then slowly 
aromatise. The degree of alkyl substitution on the PAH is temperature- 
dependent. Hence, the coking of coal at high temperatures produces a mixture of 
unsubstituted hydrocarbons; whereas, the slow burning of wood and the 
formation of crude oil at lower temperatures, result in alkylated PAHs (Mueller 
et a l, 1996; Richter and Howard, 2000).
Anthropogenic sources of PAHs include point sources such as spills or 
mismanaged industrial operations, or low-level inputs such as from atmospheric 
depositions. Spillage and disposal of oily wastes and sludges, also processing, 
combustion and disposal of fossil fuels contribute to the input of PAHs into the 
environment (Mueller et a l, 1996). Modern day contamination of soils, 
sediments, and groundwater by PAHs has originated from four' primary waste 
sources: creosote, coal tar, petroleum and industrial effluents and gases. While 
concentrations of individual PAHs in soil produced by natural processes are 
estimated to be aroimd 1-10 p,g Kg'% recently measured lowest concentrations 
are frequently ten times higher. In addition, concentrations of PAHs in highly 
polluted soils vary from 10 mg kg'^ to 10 g kg"  ^ dry weight (Stieber et ah, 1994). 
For instance, soils of coal gasification sites are heavily contaminated with high 
molecular weight (HMW) PAHs with a total HMW PAHs greater than 10 g kg" ^ 
dry weight (Mueller et a l, 1996; Walter et a l, 2000).
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1.5.2.3 Behaviour and Fate of PAHs in Soil
Persistence of PAHs in the environment is linked to their association with 
particle surfaces, their complex structures consisting of two or more fused 
benzene rings and low water solubility. As a consequence, they are poorly 
available to the degrading organisms and highly recalcitrant (Mueller et a l, 
1996; Cuny et a l, 1999).
A model of the behaviour of PAH degradation in soil was described by Mahi’o et 
a l (1994) (Figure 1.3). According to the model below, PAHs can either be 
mineralised (path 1), which includes the production of biomass, water and CO2, 
or can become incorporated in the humic fraction, either as original components 
or as metabolites (path 2). In soils with low quantities of humic matter, the latter 
path can also comprise the production of HMW structures from PAHs and their 
metabolites. The C depot in the soil can also sei-ve as an intermediate storage 
system for PAHs. Depending on the binding mechanism, the PAH or PAH- 
metabolites can either undergo adsorption/desorption (path 3) or delayed 
mineralisation (path 4) (Mahi'o et a l,  1994).
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Figure 1.3 Model showing the different microbial and non-microbial PAH 
elimination pathways in soil (Mahro et al., 1994).
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Contamination of soils with PAHs is very common in industrially developed 
coimtries. The size of the contaminated areas is generally only a few hectares but 
the PAH concentrations are high and often associated with many types of other 
hydrocarbons, xenobiotic chemicals, and heavy metals. This results in the 
production of an oily-phase-contaminated zone that can remain virtually 
unchanged chemically for years (Mueller et ah, 1996; Walter et al., 2000). 
Distribution of PAHs in surface soils is always very heterogeneous, with some of 
the oily phase spread on soil particle smfaces and some existing as free product 
droplets lodged in the interstices of the soil. Their eventual distribution or 
movement will depend heavily on the local environmental conditions. But in 
general, vertical penetration of the oily phase can occur. Because concentrations 
remain relatively high during any penetration, further effects due to 
biodégradation, volatilisation, and/or photolysis remain minimal (Mueller et al., 
1996).
PAHs are found mixed with other aliphatic hydrocarbons, phenolic compounds, 
and heterocyclic chemicals, thus the ready biodegradability of these co-
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contaminants, as well as the LMW PAHs, creates a biological oxygen demand 
(BOD), often severely depleting available oxygen concentrations. In general, 
PAHs especially the HMW PAHs are not readily degraded under anaerobic 
conditions, thus leading to enviromnental persistence (Alexander, 1994a). In 
addition, the available sources of nitrogen and phosphorus nutrients are quickly 
consumed by the indigenous microflora; further limiting biodégradation of the 
less readily biodegradable HMW PAHs (Mueller et ai., 1996; Walter et al., 
2000).
A variety of factors affect the vertical and horizontal migration of PAHs, 
including contaminant volume and viscosity, temperature, land contour, plant 
cover, and soil composition.
Vertical movement occurs as a multiphase flow that is controlled by soil 
chemistry, soil structure, pore size, and soil water content (Alexander, 1994a/b; 
Mueller et ah, 1996). Leaching with rainwater of fairly degradable PAHs can 
occur: these can be degraded when plentiful oxygen and nutrients are present. In 
general turnover rates tend to be faster in soils and sediments with long-term 
exposure to PAHs, presumably as a result of the presence of a PAH-degrading 
microbial community which had adapted over time (Chadwick Roper and 
Pfaender, 2001).
Moreover, PAHs present at low concentrations in soil may be susceptible to 
photolysis-enhanced biodégradation if exposed to light through soil reworking or 
tilling (Mueller et ah, 1996).
1.5.2.4 Biodégradation of PAHs
Many bacterial, fungal and algal strains have adapted toward the use and 
exploitation of PAHs with two to five aromatic rings (Mueller et ah, 1996;
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Juhasz and Naidu, 2000a). The mechanisms of PAH degradation differ between 
different microorganisms (Figine 1.4).
Figure 1.4 Major pathways in the microbial metabolism of PAHs (Mueller et al,
1996).
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In general, HMW PAHs are slowly degraded by indigenous microorganisms and 
may persist in soils and sediments (Alexander, 1994a/b; Mueller et a l, 1996; 
Kotterman, 1998; Walter et al., 2000; Juhasz and Naidu, 2000a).
1.5.2.4.1 Bacterial degradation of PAHs
During PAH degradation, bacteria use a dioxygenase to produce a cis- 
dihydrodiol, which is then dehydrogenated to give a catechol. Complex PAHs 
are metabolised at multiple sites to form isomeric cw-dihydrodiols (Figure 1.4) 
(Mueller et a l, 1996). The key step in the degradation is the opening of the 
stable ring structur e of these compounds to give aliphatic intermediates (Hopper 
e ta l, 1991).
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Typically, the rates of bacterial degradation of PAHs have been shown to be 
primarily dependent upon the physicochemical properties of these compounds in 
soil-based systems (Leblond et al., 2001). The low PAH bioavailability to 
indigenous bacterial species, which diminishes further during aging of the 
contaminants, has been suggested as the major factor in the low degradation rates 
of certain PAHs (Cimy et al., 1999; Allard et al., 2000; Guerin, 2000; Kôgel- 
Knaber et al., 2000; Walter et al., 2000; Lee et al., 2000; Nwachukwu, 2001). 
However, the interaction between PAH-degrading bacteria and the contaminants 
themselves has often been overlooked as a factor in the preferential rates of 
degradation of many LMW PAHs over HMW PAHs. The naphthalene-degrading 
enzyme system (NAH), responsible for the degradation of the most water-soluble 
and bioavailable PAH, naphthalene, was implicated in the degradation of a 
number of PAHs and heterocyclic aromatic compounds (Leblond et ah, 2001). 
Leblond et al. (2001) demonstrated that when using strains possessing a portion 
of the NAH system to degrade a mixture of PAHs, all strains showed similar 
patterns of preferential degradation when presented with the same mixture. When 
comparing between the first-order rates of compoimd degradation with the 
structures of the mixtme components, they found that increased deviation from 
the base structure of naphthalene led to slower disappearance of the compoimds.
The recalcitrance of these pollutants, due to the strong adsorption of HMW 
PAHs to soil organic matter and their low solubility, is often remediated by the 
use of smfactants (Cuny et ah, 1999; Chen et a l, 2000; Juhasz and Naidu, 
2000a; Lee et a l, 2000; Nwachukwu, 2001; Cheng et al., 2004).
1.5.2.4.2 Fungal Degradation of PAHs
Non-ligninolytic fimgi metabolise PAHs in pathways that are generally similar to 
those used by mammalian enzyme systems. Many fimgi oxidise PAHs via a 
cytochrome P450 monooxygenase to form an arene oxide (Figure 1.4). Most 
ai'ene oxides are unstable and can undergo either enzymatic hydration via 
epoxide hydrolase to form /mw-dihydrodiols or non-enzymatic rearrangement to
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foiTn phenols, which can be conjugated with glucose, sulphate, xylose, or 
glucuronic acid. Only a few non-ligninolytic flingi have the ability to degrade 
PAHs into CO2 (Mueller et a l, 1996).
On the other hand, ligninolytic WRF, the most significant degraders among the 
wood inhabiting microorganisms, were foimd to degrade PAHs under culture 
conditions. They degrade lignin by extracellular oxidative enzymes. As lignin is 
degraded in a non-specific, radical-based oxidation, the ligninolytic enzymes can 
also oxidise various environmental pollutants such as PAHs, chlorophenols and 
aromatic dyes. The ligninolytic enzymes are extracellularly excreted by the 
fringi initiating the oxidation of substrates in the extracellular environment of the 
fungal cells. Aside from the lack of specificity, the ligninolytic system of some 
WRF is not induced by either lignin or other related compomids (Kotterman, 
1998). This makes it possible to degrade pollutants at relatively low 
concentrations. These concentrations may be lower than that required to induce 
the synthesis of biodegrading enzymes of other organisms (Mester and Tien, 
2000). WRF degrade PAHs via lignin peroxidase (LiP) and manganese 
peroxidase (MnP), as well as other hydrogen peroxide (H202)-producing 
peroxidases. LiPs in the presence of H2O2 oxidise a PAH molecule into an aryl 
cation radical, which undergoes further oxidation to form a quinone (Figure 1.4). 
Numerous WRF have been evaluated and show promise for their ability to 
degrade PAHs (Martens and Zadrazil, 1998; Mi-Sun et a l, 1998; Eggen and 
Sveurn, 1999; Novotny et a l, 1999; Anders son and Hemysson, 2000; Bichlerova 
et a l, 2000; Novotny et a l, 2000). Although PAHs are extensively oxidised by 
WRF, the degree of mineralisation to CO2 is always limited (Kotterman, 1998; 
Juhasz and Naidu, 2000a).
1.5.2.4.3 Fungal-Bacterial Co-Cultures
Over the past 30 years, research on the microbial degradation of PAHs has 
resulted in the isolation of numerous genera of bacteria, fringi and algae capable 
of degrading LMW PAHs. HMW PAHs are generally recalcitrant to microbial
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attack, although some fungi and algae are capable of transforming these 
compounds. Until recently, only a few genera of bacteria have been isolated with 
the ability to utilise four-ring PAHs as sole carbon and energy sources while co­
metabolism of five-ring compounds has been reported (Juhasz and Naidu, 
2000a).
The major products of oxidation of the potent carcinogen benzo[ajpyrene (BaP) 
by several white rot fungal species were both non-polar and polar metabolites 
(Kotterman, 1998). The accumulation of such metabolites could be a reason for 
concern, since mammalian and fungal monooxygenases can oxidise BaP to 
epoxides and dihydrodiols, which are very potent caicinogens (Kotterman et al., 
1998b). Kotterman et a l (1998b) investigated the use of the WRF Bjerkandera 
sp. strain BOS55 for the mineralisation and detoxification of the five-ring PAH 
BaP and the subsequent mineralisation of the metabolites by natural mixed 
cultuies of microorganisms from sediment, soil and sludge. The white rot fimgal 
strain, Bjerkandera sp. strain BOS55, was used because of its outstanding ability 
to rapidly oxidise PAHs. The study showed that the addition of undefined 
microbial inocula, irrespective of the source, to oxidised BaP metabolites clearly 
resulted in initially rapid mineralisation rates, comparable to 1.0 mg of BaP 1 
day BaP not previously subjected to fungal oxidation was not mineralised at 
all by the inocula not adapted to PAH, whereas PAH adapted sludge mineralised 
intact BaP at a rate of only 0.1 mg of BaP 1 ' day This confirmed that fungal 
peroxidation of the PAH increased the rate of mineralisation by bacteria.
Other two-step degradation studies of pyrene, anthracene and benzo [a] anthi acene 
showed a similar synergistic effect on degradation when a combination of WRF 
and soil microorganisms was used (Andersson and Hemysson, 1996; in der 
Wiesche et a l, 1996; Meulenberg et al., 1997; Andersson and Hemysson, 2000).
In a recent review, Juhasz and Naidu (2000a) concluded that there is an urgent 
need to address the issue of the limited activity of microorganisms towards PAHs
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containing five or more fused benzene rings. They also emphasised the need to 
direct future research towaids the practical application of techniques such as co- 
metabolic processes, bio-augmentation (addition of inoculants with unique 
metabolic capabilities to contaminated soils) and bacterial-fungal co-cultures.
1.5.2.5 Bioremediation of PAHs
There are thiee general strategies for implementing bioremediation to treat soil 
and groimdwater contaminated by PAHs: (1) solid-phase, (2) bioreactor 
operations, and (3) in situ (Mueller et ai., 1996).
The solid-phase application strategies include landfarming, composting and 
engineered soil cells. Landfarming describes the process of treating contaminated 
soil smfaces in place, earned out by tilling, irrigation and fertilisation. This 
practice aims to provide aeration to stimulate microorganims capable of 
metabolising organic contaminants (Mueller et al., 1996).
Composting aimed at cultivating degrading organisms, does not involve tilling or 
aeration. Instead, deep compost piles are constructed without concern for gas 
transfer kinetics (Mueller et al., 1996). Engineered soil systems combine the two 
previous techniques and consist of aerated compost piles. The greatest 
advantage of solid-phase bioremediation is the ability to treat the materials on­
site and in-place. However, some technical limitations exist, these include: 
extended periods of treatment times, and the need for sufficient space to handle 
and manage the contaminated soils (Mueller et al., 1996).
Bioremediation in reactors consists of processing contaminated solids in an 
engineered and contained system. The treatment of PAH-contaminated soil is 
performed in soil slmiy reactors. A bioreactor environment ensures consistent 
contact of the degrading organism(s) with the pollutants by mixing, and the 
maintenance of constant physicochemical conditions that are favourable for PAH 
degradation. However, the major disadvantage is the need for preliminary
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treatment such as soil washing, soil excavation, or another form of physical 
extraction, which significantly adds to the remedial costs (Mueller et al., 1996).
In situ bioremediation is the non-invasive stimulation of indigenous microflora to 
degrade target organics by optimising environmental conditions. For instance, 
bioventing, a successfiil process for chlorinated hydrocarbons, pesticides and 
PAHs, is a process that supplies oxygen or another gas to the indigenous 
microflora to stimulate the aerobic biodégradation of organic contaminants. The 
potential benefits of in situ approaches are that they are, cost-effective to 
implement, less-invasive, and result in the complete destruction of PAHs. On the 
other hand, the main limitations include, physicochemical restraints 
(bioavailability, desoiption kinetics), the difficulty to monitor and validate the 
treatment, and the presence of non-aqueous phase liquids (NAPLs), which could 
be potentially toxic to indigenous microbial cells (Mueller et al., 1996).
1.6 Effects of Heavy Metals on Soil Microbial Activity and PAH 
Degradation
Heavy metal exposme has, since the last century, been known to affect microbial 
growth and survival (Bââth, 1989). An extensive volume of literature is available 
on the effects of heavy metals on microbial populations and microbial processes 
such as litter decomposition and carbon mineralisation (Yamamoto et al., 1985; 
McGrath and Brookes, 1988; Bââth, 1989; Hattori, 1992; Merckx et al., 2001) 
and effects on enzyme activities (urease and phosphatase) (Bââth, 1989 and 
McGrath, 1994).
The influence of heavy metals on soil microbial activities varies with the kind of 
heavy metal and the type of soil. For instance, the toxic effects of metals such as, 
Cd, Cu, Hg, Cr, Ni, Pb and Zn on microbial activity can differ significantly in 
soil (Hattori, 1992). The variations in these effects could probably be attributed 
to differences in the toxicity of the individual metals to soil microorganisms, and
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the speciation of the metals in soil. In general, metal toxicity is more severe in 
soils with low clay content than in soils with high clay content. The 
bioavailability of the metals to the microorganisms and the degree of leaching 
(i.e. the increase in the amount of water-soluble heavy metals), also play an 
important role in the inhibition of the decomposition of organic matter in soil 
(Alloway, 1990c).
Cu, for instance, is an essential element for bacteria and fungi in trace amounts, 
but high concentrations are known to be toxic (Yamamoto et ah, 1985). The 
addition of copper to soil significantly inhibits soil respiration, nitrogen 
mineralisation, and nitrification (Hattori, 1992; McGrath, 1994; Bââth, 1989).
However, tolerance and adaptation of microorganisms to heavy metals are 
common phenomena and the presence of tolerant fungi and bacteria in polluted 
environments has frequently been observed (Arnebrant et ah, 1987; Deighton 
and Goodman, 1995; Haq and Shakoori, 2000; Nies, 2000). The increased 
abundance of tolerant organisms in polluted environments can be due to genetic 
changes, physiological adaptations involving no alterations in genotype, or 
replacement of metal sensitive species with species that are already tolerant to 
the heavy metal (Diaz-Ravina and Bââth, 2001). Some species of 
microorganisms seem to be inherently more tolerant to high levels of metal 
pollution, resulting in a change in the microbial commimity structure. Therefore, 
changes in the bacterial commimity after exposure to heavy metals can at least be 
partly explained by the increasing fr equency of heavy metal tolerant species that 
already existed in low numbers in a non-polluted environment. Metals reduce the 
competition faced by these resistant strains allowing them to dominate the 
community (Haq and Shakoori, 2000).
The effects of heavy metals on soil microbes and soil microbial processes, means 
that their presence in contaminated soils can greatly limit the bioremediation of 
potentially degradable pollutants. However, it is only recently that the influence
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of heavy metals on PAH degradation in polluted soils has been emphasised
(Wild et ah, 1991; Baldrian et a l, 2000; Sokhn et a l, 2001).
The presence of Cu in soil at 700 mg kg’  ^ caused an incomplete mineralisation of 
phenanthiene, and possible accumulation of its metabolites (Sokhn et a l, 2001). 
The implication of these findings is alarming especially for the biodégradation of 
the potent carcinogen BaP in sludges. Baldrian et a l (2000) found that heavy 
metals in the soil affected the activity of ligninolytic enzymes produced by the 
fungus Pleurotus ostreatus (laccase and MnP). It ivas found that, in the presence 
of Cd at 500 ppm in soil, degradation of PAHs by soil microflora was not 
affected, while the fungal contribution to PAH degradation was negligible. Also, 
in the presence of Hg at 50 ppm to 100 ppm or Cd at 100 to 500 ppm, the extent 
of soil colonisation by the fungus was limited (Baldrian et a l, 2000). Wild et a l  
(1991) conducted a long-term field experiment (20 years) in which field plots 
were amended with single additions of sewage sludges. Each sludge contained 
different concentrations of PAHs and was emiched with heavy metals (Cu, Cr, 
Ni or Zn). They found that individual PAHs behaved differently with compound 
persistence being a function of molecular weight. Half-lives for the compounds 
in soil increased from under two years for naphthalene to over 16 years for 
coronene. After 20 years, 35% of the applied PAHs were still detectable in the 
soil amended with the Ni-rich sludge, which indicated long-term interference 
with microbial processes.
Haq and Shakoori (2000) demonstrated that microorganisms in samples from the 
steel and tanning industries were generally resistant to heavy metals, but were 
not capable of metabolising toxic hydrocarbons. Conversely, microorganisms 
found in samples generated by the pesticide and the chemical industry were 
capable of metabolising hydrocarbons and pesticides, but had limited resistance 
to heavy metals.
In summary, although metal-tolerant/resistant microorganisms exist in heavily 
polluted soils, these often do not possess the catabolic systems required to
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degrade PAHs, and vice-versa. The implications for PAH bioremediation are 
alaiming, as any effective detoxification of an environment requires the 
degradation of organic pollutants and any toxic metabolites produced as a result, 
to concentrations that are either undetectable or, if detectable, to concentrations 
below the limits established as safe or acceptable by regulatory agencies.
1.7 Outline of this Thesis
The toxicity of the heavy metals Cu and Zn to WRF Bjerkandera sp. BOS55 was 
investigated in Chapter 2. The toxicity of both metals was quantified through 
biomass and ligninolytic enzymes measurements. A profile of metal 
concentration in the cultures versus fimgal response was established in two types 
of growth media: a rich undefined medium and a defined minimal medium.
In Chapter 3, the effect of Cu on pyrene degradation in sand cultures was 
investigated. Due to the obsei-ved reduction in pyrene degradation following Cu 
addition, natural zeolites were evaluated as a means to mop up Cu from the 
fungal cultures in order to improve pyrene degradation.
Chapter 4 describes the selective isolation of PAH-degrading bacteria from an 
oil-contaminated soil as well as a composting mixtme of wheat straw and 
chicken manme. The second part of this chapter describes the screening process, 
which enabled the identification of the bacterial isolates most efficient at 
degrading phenanthrene, pyrene, anthracene and anthiaquinone.
The first stage of Chapter 5 examined the effect of a combination of heavy 
metals (Cu, Cd and Zn) on the degradation of a mixtme of phenanthiene and 
pyrene by the chosen PAH-degrading isolates in sand cultures. The second part 
of this chapter examined the effect of different concentrations of Cd on the 
degradation of anthiacene and its metabolite anthiaquinone by one bacterial 
isolate in both glucose-supplemented and non-supplemented cultmes.
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The last experimental chapter (Chapter 6) combines the findings of the previous 
chapters to test the degradation of PAHs in fungal-bacterial co-cultures. Co­
cultures of the fungus Bjerkandera sp. BOS55 and the most efficient PAH- 
degrading bacterial isolates were used to test whether the degradation of 
anthracene is accelerated and any traces of anthiaquinone- its dead-end fungal 
metabolite are removed. This chapter investigated competitiveness and synergy 
phenomena between the fungus and the bacterial isolates.
The final chapter (Chapter 7) critically discusses all the findings and 
achievements of this research, and outlines, in light of the results obtained the 
areas where more work is needed to further improve our knowledge in the 
bioremediation of contaminated soils.
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CHAPTER 2
Effect of Heavy Metals on Enzyme Activities and 
Biomass of Bjerkandera sp. BOS55
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2.1 Introduction and Aims
In this chapter, the effect of heavy metals on enzyme activity was investigated 
using the ligninolytic enzyme system expressed by the WRP Bjerkandera sp. 
strain BOS55. The most appealing feature of WRF is their ability to degrade 
poorly bioavailable HMW PAHs, with their extracellular ligninolytic enzyme 
system (Kotterman, 1998; Juhasz and Naidu, 2000a). Two types of extracellular 
oxidative enzymes are responsible for lignin degradation: peroxidases and 
laccases (phenol oxidases). Oxidation by peroxidases is the main mechanism of 
PAH metabolism in WRF. The peroxidases are heme-containing enzymes. They 
fall into two different types based on their different substrate spectra. One type is 
the MnP, for which Mn (II) is the best reducing substrate. The other is LiP. LiP 
oxidises non-phenolic and phenolic aromatic compounds. The peroxidases 
require the presence of H2O2 to oxidise lignin and lignin-related compounds. 
Laccases are multi-Cu phenol oxidases. These enzymes oxidise phenols and 
aromatic amines. Rather than H2O2, they utilise dioxygen as an oxidant, reducing 
it by four electrons to water (Mester and Tien, 2000).
Bjerkandera sp. strain BOS55, a well established PAH degrader, produces both 
peroxidases and laccases. It has been shown that contrary to other WRF the 
ligninolytic activity of this fungus is not regulated by the concentration of N in its 
environment. High nutrient N concentrations do not repress ligninolytic enzyme 
production nor PAH degradation. Instead, high organic N-nutrients dramatically 
improve peroxidase concentrations (Kotterman, 1998). However, the level of 
peroxidases produced is not the rate-limiting factor in PAH oxidation by this 
fungus. The limiting factors to PAH oxidation include the H2O2 production rate 
(Kotterman et al., 1996), the O2 transfer rate, the Mn level (Kotterman et al., 
1994), and the bioavailabilty of the PAHs in question (Kotterman et ah, 1998a).
The H2O2 production rate is the most important parameter. It is more rate limiting 
than the peroxidase concentrations both in N-limiting and non-limiting culture 
conditions. The peroxidases are dependent on H2O2 for their oxidising activity.
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The level of H2O2 production can be increased with exogenous glucose oxidase 
(Kotterman et ah, 1996).
In addition, poor O2 transfer in the PAH-contaminated environment results in low 
H2O2 production. Improved aeration increases the endogenous H2O2 production 
rate in fungal cultures improving the PAH oxidation by the ligninolytic 
peroxidases (Kotterman et a l, 1994).
Another limiting factor to PAH oxidation is the presence of Mn. Mn scavenges 
reduced oxygen radicals such as superoxide, represses LiP concentrations, and 
affects activity of existing ligninolytic enzymes when added at a later stage 
(Kotterman e/ a/., 1994).
The recalcitrance of PAHs can be attributed to two factors: the strong adsorption 
of HMW PAHs to soil organic matter and their low aqueous solubility, both of 
which decrease their bioavailability for microbial degradation (Mueller et al., 
1996; Cimy et al., 1999). The addition of a siu'factant such as tween 80 has been 
shown to dramatically improve the oxidation of PAHs (Kotterman et al., 1998a, 
b).
The combination of using glucose oxidase to increase the level of H2O2 produced 
and tween 80 to enhance the bioavailability of PAHs resulted in a 14-fold 
increase in the oxidation rate of anthiacene to a level of 1450 mg 1’  ^ day'^ by the 
fimgus Bjerkandera sp. strain BOS55 (Kotterman et al., 1998a). Under the same 
conditions, the 5-ring PAH BaP was oxidised at a rate of 450 mg L* day'l 
(Kotterman et al., 1998b).
In this experiment the effects of heavy metals on ligninolytic enzymes and fungal 
colonisation were tested. The metals used were: Cd, which is a non-essential 
metal and Cu, which is essential. In contrast with other essential metals, Cu is 
toxic to most fungi even at low concentrations (Baldrian, 2003). The average 
concentration of Cu in soil is 30 mg kg'*. Sources of Cu include agricultural
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animal slurries, fertilisers such as CuS0 4 -5  H2O (bluestone), atmospheric 
deposition from industries, and sewage sludges. Cu levels in heavily 
contaminated soils can be hundreds of mg kg'*. Cu is associated with soil organic 
matter, oxides of Fe and Mn, soil silicate clays and other minerals (Baker, 1990). 
Cu is strongly adsorbed or ‘fixed’ in soils, making it a trace metal that has very 
low mobility (Baker, 1990). The other chosen metal was Cd, which is often 
present in soil as a component of mixed contamination with PAHs. It was found 
to limit WRF colonisation of soil and negatively affect MnP activity and PAH 
degradation in soil. It can thus affect the biotechnological applications using 
WRF for biodégradation of xenobiotics in soil (Baldrian et ah, 1996; Baldrian 
and Gabriel, 2003).
The experiment was performed in three stages. The first stage was a pilot study to 
determine whether 1) Cu was directly toxic to the fimgal biomass and/or 2) it 
inhibited or repressed certain ligninolytic enzymes. The second stage involved 
adding pyrene to the Cu-spiked fungal cultures to determine its effect on enzyme 
levels. The third stage involved a comparison between the effects of Cu and Cd 
on fungal biomass and enzymes in two different growth media: 1) a well-defined 
high-N/low-Mn medium (Tien and Kirk, 1988) and 2) Malt Extract Broth (MEB).
2.2 Materials and Methods 
2.2.1 Pilot Experiment
2.2.1.1 Experimental setup
The WRF Bjerkandera sp. BOS55 was pmchased from the American Culture 
Collection (ATCC 90940). The fimgus was grown for 5 days at 30°C on malt 
extract agar (MEA) (Appendix 2). Three agar plugs of the fungus (6 mm in 
diameter each) were placed in 250 ml sterile culture bottles, containing 20 ml of 
high-N and Mn-free medium. The cultures were incubated for 10 days at 30°C. 
This mediiun (Appendix 3) was originally described by Tien and Kirk (1988) and
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modified by Kotterman et al. (1996). The medium contained basal salts, trace 
elements, ammonium tartrate, veratryl alcohol (VA), dimethylsuccinate, 
mycological peptone, glucose and thiamine buffered at pH 6.0 with phosphate. 
The culture bottles were loosely capped to facilitate aeration. A filter-sterilised 
solution of CUSO4 5 H2O (Fisons) was added to the bottles giving final Cu 
coneentrations of 0, 62.5, 125, 250, 500, 750, and 1000 ppm. Triplicate bottles 
were prepared for each Cu concentration.
2.2.1.2 Sampling
A 3 ml volume was withdrawn aseptically from each bottle at days 3, 6 , 8 , and 10 
of incubation. The samples were centrifuged at 12000 x g  for 10 minutes and 
used for enzyme assays.
2.2.1.3 MnP and MIP Combined Assay
The activities of both enzymes were measured (in a combined assay) by the 
oxidation of 2,6-dimethoxyphenol (DM?) and corrected for the laccase activity in 
the absence of H2O2. DM? oxidation was assayed in a 1 cm quartz cuvette using 
a Novaspec II spectiophotometer (Pharmacia Biotech) at 30°C. The extinction 
coefficient (e) for the orange brown dimeric product of BMP oxidation 
(coerulignone) is 49, 600 M * cm'* at a wavelength (X) of 469 nm. A unit of 
enzyme activity was defined as the amount of enzyme required for the formation 
of 1 pmol coerulignone per minute. The 1.5 ml reaction mixture contained 50 
mM sodium malonate (pH 4.5), 1 mM MnS0 4 , 1 mM 2,6-dimethoxyphenol, 250 
|Lil supernatant of centrifuged sample and 650 pi Reverse Osmosis (RO) water. 
The peroxidase activity was initiated by adding 0.4 mM H2O2. The background 
laccase activity was measured in the same way without adding H2O2. The total 
BMP peroxidase was corrected for the background laccase activity. The MIP 
activity was assayed as described above, except MnS0 4  was replaced by 1 mM 
EBTA (to chelate any Mn contamination) and initiated by adding 0.4 mM H2O2.
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MnP activity was calculated as follows: MnP activity = Total peroxidase activity 
minus MIP activity.
2.2.1.4 H 2O2 Production
The H2O2 concentration was measured by H202-dependent oxidation of the 
compound phenol red at 30°C. The centrifuged extra-cellular fluids were 
incubated for 20 minutes at 80°C to inactivate the enzymes present. The 1.5 ml 
reaction mixture contained: 50 mM potassium phosphate (pH 6.0), 0.02% phenol 
red, 10 mg 1'^  horseradish peroxidase and 100 pi cultiue fluid. At the following 
time intervals 0, 5, 10, 20, 30, 45, 60 and 90 minutes, the 1.5 ml reaction 
mixtures were removed from incubation and the reaction was stopped by the 
addition of 150 pi 4N NaOH. The mixture was assayed for phenol red oxidation 
at 610 nm against an appropriate blank. A calibration curve was established with 
known concentrations of H2O2 to calculate the H2O2 concentration in the cultures. 
An example of the H2O2 calibration cur-ve is shown in Figure 2.1.
0.6
y =  1.1212x4-0.0277 
= 0.9980.5
0.4
S  0.3
<
0.2
0.0
0.00 0.15 0.30 0.45
H2O2 concentration (ing/1)
Figure 2.1 H2O2 calibration curve based on the H202-dependent oxidation of the
compoimd phenol red at 30°C catalysed by horseradish peroxidase. The reaction
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mixture was prepared as described without addition of the cultiue fluids. The 
mixture was assayed for phenol red oxidation at 610 nm against an appropriate 
blank. Values shown are averages of duplicate measurements.
2.2.1.5 Statistical Analysis
Statistical analyses were carried out using SPSS 11.5 for Windows XP (SPSS 
Inc., Chicago, IL, USA). All data were analysed using one-way analysis of 
variance (ANOVA), at 0.05 significance level, using three replicates {rr= 3). 
Where more than two means were compared, significant differences between 
treatments were analysed using the test for least significant differences (LSD).
2.2.2 Pyrene Addition: Effect on Enzyme Activities
The experiment was set up as in Section 2.2.1.1 but the 62.5 ppm Cu treatment 
was excluded. Instead, an additional set of non-Cu spiked controls was prepared. 
A 3 ml volume was aseptically withdrawn from each bottle after 6  days’ 
incubation. Immediately thereafter, all cultures apart from one set of non-Cu 
spiked controls were aseptically spiked with; 1) 1 ml pyrene (Aldrich) in acetone 
(4 mg/ml), giving a final pyrene concentration of 181 mg/1 culture, 2) 2 ml tween 
80 in RO water (25 mg/ml), giving a final tween 80 concentration of 2.27 g/1 
cultuie, and 3) 2 ml of glucose in RO water (100 mg/ml), giving a final glucose 
concentration of 4.5 g/1 culture. The pyrene-ftee control cultuies were each 
spiked with 1 ml acetone, 2 ml tween 80, and 2 ml glucose solution. The cultures 
were sampled as before after incubation for 8  and 15 days. The samples were 
centrifiiged at 12000 x g  for 10 minutes and used for enzyme assays. All enzyme 
assays were carried out as described in Sections 2.2.1.3/4. Results were 
statistically analysed as described in Section 2.2.1.5.
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2.2.3 Effects of Cu and Cd on Fnngal Biomass and Enzymes Activities in 
High N and Mn-Free Culture Medium
2.2.3.1 Experimental Set-up
A filter-sterilised solution of CUSO4 5 H2O in RO water was added to the culture 
bottles giving final Cu concentrations of 0, 50, 100, 200, 400, 600, 800 and 1000 
ppm. Triplicate bottles were prepared for each Cu level. Similarly, a filter- 
sterilised solution of 3 CdS0 4  8 H2O (Sigma) in RO water was added to another 
set of cultiue bottles giving final Cd concentrations of 25, 50, 100, 200, 400 and 
600 ppm. Triplicate bottles were prepared for each Cd level. A 19 ml volume of 
the high-N and Mn-free medium was added to each of the culture bottles and the 
bottles were made up to 20 ml with sterile RO water. Before inoculation of this 
medium, the fimgus Bjerkandera sp. BOS55 was grown for ten days at 30°C in 
MEB (Appendix 2). Dense fimgal mycelium floating at the surface of each 
culture was aseptically removed. Subsequently, the mycelium was washed twice 
with sterile RO water and broken up gently in a sterile pestle and mortar. A few 
pieces of mycelium were placed in each of the prepared solutions contained in 
250 ml sterile culture bottles. The culture bottles were then gently shaken at 10 
rpm over two days to further break up the fungal mycelium, after which they 
were incubated statically for a fiirther period of 10 days at 30°C. Special filter 
caps were used to facilitate aeration o f the culture bottles. A set of metal-fiee 
abiotic control treatments was also prepared.
2.2.3.2 Sampling
A 5 ml volume was withdrawn aseptically from each culture bottle after 
incubation for 2, 7 and 14 days. The samples were centrifuged at 12000 x g  for 
10 minutes, after which 10 mM BDTA was added to 3.75 ml of the supernatant to 
chelate the metals. The remaining 1.25 ml volume was used for measuring MnP 
activity. The samples containing EDTA were used for all other enzyme assays.
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2.2.3.S MnP and MIP Combined Assay
Enzymes activities were measured as described in Section 2.2.1.3, with some 
changes: 1) the 1.5 ml reaction mixture for MIP and laccase contained 385 pi 
EDTA-spiked supernatant and the water volume was changed accordingly. In 
addition, a diluted catalase stock solution (Sigma) was added to the laccase 
reaction mixture (final concentration 1.04 x 10"^  pg catalase/ml culture) to 
decompose any residual H2O2 in the supernatant. MnP activity was measured as 
described in Section 2.2.1.3 using the non-EDTA containing supernatant.
2.2.3.4 LiP and Phenol Oxidase Assay
LiP activity was determined by a method based on the oxidation of the dye azur e 
B. Azure B oxidation was assayed in a 1 cm quarfz cuvette on a 
spectrophotometer at a wavelength of 651 mn at 30°C. The 1.5 ml reaction 
mixture contained 150 pi of 500 mM sodium tartrate buffer (pH 3.0), 250 pi of 
0.160 mM azure B, 385 pi of the EDTA-containing culture supernatant and 565 
pi RO water. The peroxidase activity was initiated by adding 150 pi of 4 mM 
H2O2. The background phenol oxidase activity was measured in the same way 
without adding H2O2. In addition, a diluted catalase stock solution (Sigma) was 
added to the phenol oxidase reaction mixture (final concentration 1.04 x 1 0 '  ^ pg 
catalase/ml cultiue) to decompose any residual H2O2 in the supernatant. The 
peroxidase was corrected for the background phenol oxidase activity. One unit of 
enzyme activity was expressed as an absorbance decrease of 0 .1  luiits per minute 
per ml of the cultme filtrate.
2.2.3.5 Biomass
At the final day of incubation, the biomass was filtered under vacuum through 
sterile dried Gelman filters (0.45 pm, 47mm). The biomass was dried in a 
microwave oven at 450 W until a constant weight was obtained (after
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approximately 12 minutes). The biomass dry weights were then calculated by 
subtracting the weights of the dry filters.
2.2.3.6 Metal Distribution in Fungal Cultures
Metals bound to the fungal biomass were recovered using hot acid extraction of 
the biomass collected on the filters. The fungal biomass together with the filters 
were placed in heat-proof Pyrex test tubes and digested with 10 ml of 
concentrated nitric acid on a Techne Dri-Block DB-3A heat block (150°C, 30 
min). Filters without fungus were digested in a similar manner as controls. After 
digestion, the contents of the tubes were transferred to 50 ml volumetric flasks. 
The test tubes were rinsed three times with RO deionised (RO-DI) water and the 
rinse water was added to the flasks. RO-DI water was used to make up the 
volume to 50 ml in all the volumetric flasks. The digests ftom the 200-600 ppm 
Cd treatments were ftirther diluted 10-fold with 20% v/v nitric acid in RO-DI. All 
other digests were measured directly from the 50 ml volumetric flasks.
In addition, 1 ml aliquots of the culture filtrates were digested with 5 ml of 
concentrated nitric acid and transfen*ed to 25 ml volumetric flasks as before. 
Culture digests containing Cu were fuilher diluted 10-fold (50 ppm Cu treatment) 
and 100-fold (100-1000 ppm Cu treatments) with 20% v/v nitric acid in RO-DI. 
All culture digests containing Cd were ftirther diluted 10-fold.
Cu and Cd concentrations in all samples were measured by Flame Atomic 
Absoiption Spectroscopy (Pye Unicam SP9 FAAS) using acetylene and air, 
against Cu and Cd standards. The standards (0.0-2.0 pg/ml) were made up in 
20% v/v nitric acid in RO-DI from copper nitrate and cadmium nitrate stock 
solutions (1000 pg Cu or Cd/ml, BDH). The FAAS was set at the appropriate 
wavelengths (324.8 nm/Cu and 228.8 nm/Cd) according. The two lamps used 
were the Cu/Zn and Cd hollow cathode lamps, which were set at lamp currents of 
5 and 7 mA, respectively.
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2.2.4 Effects of Cu aud Cd ou Fungal Biomass and Enzyme Activities in 
MEB Medium
The experiment was set-up as in described in Section 2.3.1.1. The growth 
medium used in this experiment was MEB. The range of Cd concentrations was 
increased so that the final Cd concentrations in the culture bottles were 50, 100, 
2 0 0 , 400, 600, 800 and 1000 ppm. Sampling was performed as described in 
Section 2.2.3.2 after incubation for 14 days. The MnP and MIP combined assay, 
biomass and metal distribution measurements were performed as described is 
Sections 2.2.3.3, .5 and .6 , respectively. The substrate in the LiP and phenol 
oxidase assay was changed to methylene blue. The substrate oxidation (30°C) to 
azure C was assayed in a 1 cm quartz cuvette on a spectrophotometer at a 
wavelength of 664 nm. The 1.5 ml reaction mixture contained 300 pi of 500 mM 
sodium tartrate buffer (pH 4.0), 100 pi of 0.6 mM methylene blue, 385 pi of the 
EDTA-containing culture supernatant and 565 pi water. The peroxidase activity 
was initiated by adding 150 pi of 4mM H2O2. The background phenol oxidase 
activity was measured in the same way without adding H2O2. In addition, a 
diluted catalase stock solution (Sigma) was added to the phenol oxidase reaction 
mixture (final concentration 1.04 x 10'  ^ pg catalase/ml culture) to decompose any 
residual H2O2 in the supernatant. The peroxidase was corrected for the 
background phenol oxidase activity. One imit of enzyme activity was expressed 
as an absorbance decrease of 0 .1  units per minute per ml of the culture filtrate.
2.3 Results
2.3.1 Pilot Experiment
2.3.1.1 Fungal Biomass
The presence of Cu at concentrations of 500 ppm and above visually decreased 
fungal growth. However, the fungus seemed to grow best between 125 and 250
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ppm Cu. No visual growth of hyphae was seen from agar plugs incubated in 
shallow cultures containing Cu at concentrations above 500 ppm.
2.3.1.2 Laccase, MnP and MIP activities
The effects of Cu at different concentrations on the activities of the enzymes 
laccase, MnP, and MIP in the fungal cultures are shown in Figure 2.2.
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Figure 2.2 The activities of (a) laccase, (b) MnP, and (c) MIP in N-sufficient, 
Mn-free shallow cultures of Bjerkandera sp. BOS55. Cultures were incubated for 
10 days at 30°C with different concentrations of Cu. The spiked Cu 
concentrations were 0 (control), 62.5, 125, 250, 500, 750 and 1000 mg Cu 1"^  
culture fluid. Values shown are average pmol coerulignone produced per litre of 
culture fluid per minute, n= 3. Standard error bars are shown.
Laccase production (Figure 2.2a) seemed to be induced by Cu at day 3 of 
incubation. In fact, treatments spiked with 125-1000 ppm Cu showed similar 
levels of laccase activity, which were twice as high (P< 0 .0 1 ) as those in the non- 
Cu spiked treatment and the treatment to which only 62.5 ppm Cu was added. 
The laccase levels in those same treatments were also significantly higher {P< 
0.01) than that in the 62.5 ppm spiked treatment.
A bell-shaped laccase profile was observed at day 6  of incubation. The control 
with no added Cu had significantly less laccases than treatments spiked with 125- 
750 ppm Cu (P< 0.05). Also, the 62.5 ppm spiked Cu treatment contained 
significantly less laccases than the 125 and 250 ppm treatments (P= 0.045 and 
0.029, respectively). Cu toxicity at day 6  of incubation was only obseived in the 
1 0 0 0  ppm spiked treatment with laccase levels being significantly lower than 
those in the 125-750 ppm treatments (P< 0.05).
Interestingly, the laccase profile obtained at day 8 of incubation seems to be the 
opposite of that on day 3. Firstly, the 750 ppm Cu treatment contained 
significantly less laccases than the control with no added Cu, the 62.5 and 125 
ppm Cu treatments (P< 0.05). Also the 1000 ppm Cu treatment contained one and 
a half times less laccase than the treatments spiked with 0, 62.5 and 125 ppm Cu 
(P< 0.05).
Finally, the laccase profile after 10 days incubation was similar to that on day 6 .
The control treatment contained significantly less laccase than treatments spiked
with 62.5-750 ppm Cu (P< 0.05), while the 62.5 ppm Cu treatment contained
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significantly less laccase compared with treatments spiked with 125 and 250 ppm 
Cu (P= 0.001 and 0.008, respectively). The 500-1000 ppm Cu treatments 
contained significantly less laccase than both the 125 ppm treatment (P< 0.01) 
and the 250 ppm treatment {P< 0.05).
MnP activity (Figure 2.2b) was detected after 3 days incubation and was almost 
negligible in the 0 and the 62.5 ppm Cu treatments and non-existent in treatments 
spiked with more than 62.5 ppm Cu.
MIP (Figure 2.4c) at day three was significantly lower (P< 0.001) in all 
treatments spiked with 250 ppm Cu or less compared to treatments with higher 
concentrations of Cu which had twice the enzyme activity or more. MIP activity 
was highest in treatments spiked with 500 and 750 ppm Cu with a significant 
decrease in activity at 1000 ppm (P= 0.003 and 0.045, respectively).
MIP levels increased in all the treatments after incubation for 6  days. Both the
62.5 ppm Cu-spiked and the non-spiked treatments contained significantly less 
MIP than all the other treatments (P< 0.001) with the 62.5 ppm Cu treatment 
containing significantly more MIP than the treatment without Cu (P= 0.023). The 
125 ppm Cu tieatment contained significantly less MIP than the 500-1000 ppm 
treatments {P< 0.05). The 250 ppm Cu treatment also contained less MIP than 
both the 500 and 750 treatments (P= 0.001 and 0.017, respectively). The 1000 
ppm spiked treatment contained significantly less MIP than both the 500 and 750 
ppm treatments (P= 0.003 and 0.045, respectively).
At day 8 of incubation, the 62.5 ppm Cu treatment contained significantly less 
MIP than treatments spiked with 250 ppm Cu or more (P< 0.05) and the control 
treatment contained significantly less MIP than all the treatments spiked with 125 
ppm Cu or more {P< 0.05).
At the final day of incubation, MIP was 2- to 4-fold higher in the 500 ppm Cu 
treatment compared with treatments that received up to 250 ppm Cu (P< 0.05).
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The 750 ppm Cu spiked treatment also contained significantly more MIP 
compared with treatments that received up to 125 ppm Cu (P< 0.05).
2.3.1.3 H2O2 Production
H2O2 production in the culture medium (Figure 2.3) after incubation for 3 days 
was highest in the 500 ppm Cu-spiked treatment, and was significantly higher 
compared to the other treatments (P< 0.05). H2O2 production increased in all the 
treatments by day 8 of incubation apart from the 500 ppm treatment. However, 
the 500 ppm treatment still had the highest H2O2 production with at least twice as 
much H2O2 produced compared to all other treatments (P< 0.05). Finally, there 
were no significant differences in H2O2 production between treatments at the last 
day of incubation possibly due to the large variability within replicates.
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Figure 2.3 H2O2 production in N-sufficient, Mn-free shallow cultures of 
Bjerkandera sp. BOS55 incubated for 10 days at 30°C with different 
concentrations of Cu. The added Cu concentrations were 0 (control), 62.5, 125,
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250, 500, 750 and 1000 mg Cu 1'^  culture fluid. Values shown are average pmol 
H2O2 produced per litre of culture fluid, n= 3. Standard error bars are shown.
2.3.2 Effect of Pyrene Addition on Enzyme Activity
2.3.2.1 Laccase, MnP and MIP activities
The effect of Cu and pyrene addition on the activities of the enzymes laccase, 
MnP, and MIP in the flmgal cultures are shown in Figure 2.4.
Laccase (Figure 2.4a) after incubation for 6  days was similar in all the treatments 
with added Cu. However, the control treatment with no added Cu contained 3- 
fold less laccase activity than treatments spiked with 125-750 ppm Cu {P< 0.01).
Two days following the addition of pyrene, laccase activity decreased in all 
treatments, apart from the pyrene-free control, which had significantly higher 
laccase levels than the non-Cu spiked control (P= 0.027) and significantly lower 
in laccase than the 125-1000 ppm Cu spiked treatments {P< 0.05). The control 
with no added Cu had significantly lower laccase activity than the Cu-spiked 
treatments (P< 0 .0 0 1 ).
The laccase profile after incubation for 15 days was similar to that on day 6 , with 
an increase in laccase activity in all Cu and pyrene spiked treatments. Both the 
pyiene-ftee and the control with no added Cu were significantly lower than all 
other treatments {P< 0.001) with three fold less laccase production. The 500 ppm 
Cu treatment had the highest laccase activity which was significantly different 
ft'om treatments that were spiked with 125-1000 ppm Cu (P< 0.05).
MnP activity (Figme 2.4b) increased 2 days after the addition of pyrene in all 
treatments. However, no significant differences in MnP activity were observed 
between treatments at any sampled time point.
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MIP (Figure 2.2c) at day 6  was lowest in the control with no added Cu {P< 0.01). 
MIP activity increased gradually with increasing Cu levels and was highest in 
treatments spiked with 750 and 1000 ppm Cu.
MIP levels decreased in all the treatments at day 8  of incubation. However, the 
750 ppm treatment had significantly more MIP activity than treatments with 0, 
125, 250 and 1000 ppm Cu {P< 0.05).
At the final day of incubation, MIP activity was significantly higher in the 500 
ppm Cu treatment compared to the 0, 250 and 1000 ppm Cu treatments (F= 
0.001, 0.015 and 0.047, respectively). The control treatment with no added Cu 
showed the least MIP activity, which was significantly lower than the 125, 500 
and 750 ppm Cu treatments (P= 0.017, 0.001 and 0.005, respectively).
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Figure 2.4 The activities of (a) laccase, (b) MnP, and (c) MIP in N-sufficient, 
Mn-fi-ee shallow cultures of Bjerkandera sp. BOS55 incubated for 15 days at 
30°C with different concentrations of Cu. The Cu concentrations were 0 
(control), 125, 250, 500, 750 and 1000 mg Cu 1'^  culture fluid. The following 
were added to the cultures at day six of incubation: Pyrene (in acetone) 181 mg/1 
culture, tween 80 at 2.27 g/1 culture and glucose at 4.5 g/1 cultiue. A pyrene-fiee 
control with no added Cu also had the above added to them in addition to pure 
acetone. Values shown are average pmol coerulignone produced per litre of 
culture fluid per minute, «= 3. Standard error bars are shown.
2.S.2.2 H2 O2 Production
H2O2 production in the different culture media (Figure 2.5) after incubation for 6  
days was highest in the 125 ppm Cu treatment, and was significantly different 
from the control with no added Cu, the 250 ppm and 750 ppm Cu treatments (P= 
0 .0 1 0 , 0 .0 1 0  and 0 .0 1 0 , respectively). H2O2 production increased in all the 
treatments by day 8 , two days after the addition of pyrene. However, the control 
with no added Cu produced the most H2O2 at this time point and was 
significantly different from the pyrene-free treatment, the 125 ppm and 250 ppm 
Cu treatments {P= 0.017, 0.026 and 0.037, respectively). Finally, there were no 
significant differences in H2O2 production between treatments at the last day of 
incubation apart from the 500 ppm Cu treatment, which significantly produced 
more H2O2 than the control with no added Cu (P= 0.024).
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Figure 2.5 H2O2 production in N-sufficient, Mn-ffee shallow cultures of 
Bjerkandera sp. BOS55 incubated for 15 days at 30°C with different 
concentrations of Cu. The added Cu concentrations were 0 (control), 125, 250, 
500, 750 and 1000 mg Cu f '  culture fluid. The following were added to the 
cultures after sampling at day 6 ; Pyrene (in acetone) 181 mg/1 culture, tween 80 
at 2.27 g/1 culture and glucose at 4.5 g/1 culture. A pyrene-ffee set of control 
cultures with no added Cu also had the above added to them in addition to pure 
acetone. Values shown are average pmol H2O2 produced per litre of culture fluid, 
n= 3. Standard error bars are shown.
2.3.3. Effect of Cu and Cd on Fungus in Defined Medium
2.3.3.1 Laccase, MnP and MIP Activities
The effect of Cu and Cd on the activities of the enzymes laccase, MnP, and MIP 
in the fungal cultures is shown in Figures 2.6 and 2.7, respectively.
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Laccase (Figure 2.6a) at day 2 of incubation was lowest in the control treatment 
with no added Cu. The control treatment contained significantly less laccases 
than treatments spiked with 50 and 100 ppm Cu (P= 0.007 and 0.010, 
respectively) and those spiked with 200 ppm Cu or more, which had thr ee times 
as much laccase {P< 0.001). Treatments spiked with 50 ppm Cu and 100 ppm Cu 
had half the amount of laccase activity compared to treatments spiked with 2 0 0  
ppm Cu or more (P= 0.022 and F= 0.015 respectively). On the other hand, the 
1000 ppm spiked Cu treatment had the most laccase activity and was 
significantly different from all other treatments (P< 0 .0 1 ).
Laccase activity after incubation for 7 days increased in all Cu-spiked treatments, 
but was highest in the no added Cu control. This treatment was significantly 
higher (P< 0.001) than all other treatments apart from the 100 and 200 ppm Cu 
treatments, where differences were not significant. Treatments with 400 ppm Cu 
or more had half the laccase activity compared with the 100 ppm Cu and 200 
ppm Cu treatments (jP= 0.010 and P= 0.000 respectively). The 50 ppm spiked Cu 
treatment had significantly less laccase activity than both the 1 0 0  and 2 0 0  ppm 
Cu treatments {P- 0.003 and P= 0.000, respectively).
At the final day of incubation, laccase activity increased in all treatments apart 
fi'om the treatment spiked with 1000 ppm Cu, which was significantly lower than 
the 0-750 ppm Cu treatments (P< 0.05). The treatments spiked with 100 and 800 
ppm Cu showed similar laccase activities, which were significantly higher than 
all other treatments (P< 0.01). In addition, the 50 ppm spiked treatment showed 
less laccase activity than the 200 and 600 ppm treatments (P= 0.013 and P= 
0.008, respectively).
MnP activity (Figure 2.6b) at day 2 of incubation was only detected in the 
treatments spiked with 600-1000 ppm Cu. MnP activity was lowest in the 1000 
ppm Cu treatment which was significantly lower than the 600 and 800 ppm Cu 
treatments (P= 0.016 and 0.003, respectively). The only treatment in which MnP 
activity increased considerably at day 7 was the control treatment. At the final
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day of incubation, MnP activity was observed in treatments spiked with 600-1000 
ppm Cu. The 1000 ppm treatment showed the highest activity o f all treatments 
(P< 0.001). The 600 ppm treatment showed significantly more MnP activity than 
all other treatments apart from the treatment spiked with 1000 ppm Cu (P= 
0.038).
MIP activity (Figure 2.6c) at day 2 was significantly higher in the 1000 ppm Cu 
treatment than the 400 ppm Cu (P= 0.032), the 800 ppm Cu (P= 0.002) and all 
other Cu treatments (P< 0.001). The 0-100 ppm Cu treatments were significantly 
lower in MIP activity than the 200 (P< 0.01), and the 400-1000 ppm Cu 
treatments {P< 0.001). The 400 ppm Cu treatment was significantly higher than 
both the 200 and 600 ppm Cu treatments (P= 0.007 and P= 0.000, respectively).
MIP activity increased in all the treatments at day 7 of incubation. However, MIP 
activity was highest in the 200 ppm Cu treatment, which was significantly 
different from the control and 50 ppm Cu treatment (P= 0.000 and P= 0.001, 
respectively) and the 400-1000 ppm Cu treatments {P< 0.001). The 100 ppm Cu 
treatment showed the next highest MIP activity which was significantly different 
from the control and 50 ppm Cu treatment (P= 0.013 and 0.023, respectively) and 
400-1000 ppm Cu treatment (P< 0.01). The 50 ppm Cu treatment showed more 
MIP activity than both the 800 and 1000 ppm Cu treatments {P= 0.041 and 0.043, 
respectively).
At the final day of incubation, MIP was higher in the 800 ppm Cu spiked 
treatment compared to all other treatments (P< 0.001). Also, the 100 ppm 
treatment had a significantly higher MIP activity than the 50, 400 and 1000 ppm 
Cu treatments {P— 0.027, 0.028 and 0.002, respectively).
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Figure 2.6 Enzyme activities of (a) laccase, (b) MnP, and (c) MIP in N- 
sufflcient, Mn-free shallow cultures of Bjerkandera sp. BOS55 incubated for 14 
days at 30°C with different concentrations of Cu. The spiked Cu concentrations 
were 0 (control), 50, 100, 200, 400, 600, 800 and 1000 Cu 1'^  culture fluid. 
Values shown are average pmol coerulignone produced per litie of culture fluid 
per minute, n= 3. Standard error bars are shown.
Laccase activity after incubation for 2 days was lowest in both the 0 and 400 ppm 
Cd-spiked treatments (Figure 2.7a), which were significantly different from all 
other Cd treatments {P< 0.001). Laccase activity was highest in the 200 ppm Cd 
spiked treatment and was significantly different from treatments spiked with 0 - 
400 ppm Cd (P< 0.05). Laccase activity in the 600 ppm Cd treatment was 
significantly higher than in the control, 25 and 400 ppm Cd treatments {P< 0.001, 
0.034 and < 0.001, respectively).
As in the Cu-spiked treatments, laccase activity increased in all Cd treatments 
after 7 days incubation. Laccase activity was highest in the 25 ppm Cd treatment 
and was significantly different from 0-600 ppm Cd treatments {P< 0.05). No 
significant differences in laccase activity were found between any other Cd 
treatments.
At the last day of incubation, laccase activity was highest in the 400 ppm Cd 
treatment and was significantly different fr om treatments with 0-200 ppm Cd {P< 
0.05).
MnP activity (Figuie 2.7b) was only detected in the 400 ppm Cd treatment after 
incubation for two days. After incubation for 7 days, MnP activity was 
significantly higher in the Cd-ffee treatment compared to all other treatments {P< 
0.001). No significant differences in MnP activity between treatments were found 
after 14 days incubation.
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MIP activity (Figure 2.7c) after 2 days was lowest in the 200 and 400 ppm Cd 
treatments, which were significantly different from all other treatments (P< 0 .0 1  
and P< 0.05 respectively). In addition, the 600 ppm Cd treatment had 
significantly higher MIP activity than both the 50 and 100 ppm Cd treatments 
{P- 0.044 and 0.039, respectively).
After incubation for 7 days, MIP activity was highest in the 50 ppm Cd treatment 
and was significantly different fi*om all treatments spiked with 0-600 ppm 
excluding the 100 ppm Cd treatment {P< 0.05). The 400 ppm Cd treatment had 
the lowest MIP activity which was significantly different fi'om the 25-200 ppm 
Cd treatments {P< 0.001). In addition, the Cd-free control had lower MIP activity 
than treatments spiked with 25-200 ppm Cd (P< 0.05).
No significant differences were obseiwed in MIP activities between Cd treatments 
at the final day of incubation, although the 400 and 600 ppm treatments seemed 
to have the highest activity.
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Figure 2.7 Activities of (a) laccase, (b) MnP, and (c) MIP in N-sufficient, Mn- 
free shallow cultui’es of Bjerkandera sp. BOS55 incubated for 14 days at 30°C 
with different concentrations of Cd. The Cd concentrations were 0 (control), 25, 
50, 100, 200, 400 and 600 mg Cd 1'^  culture fluid. Values shown are average 
pmol coerulignone produced per litre of culture fluid per minute, n= 3. Standard 
error bars are shown.
2.3.3.2 LIP and Phenol Oxidase Activities
The effects of Cu and Cd on both LiP and phenol oxidase activities are shown in 
Figures 2.8 and 2.9 respectively.
Phenol oxidase activity (Figuie 2.8a) was observed in all Cu-spiked treatments 
after incubation for 2 days. The 600 ppm Cu treatment showed 3 times as much 
phenol oxidase activity as the 0 and 100 ppm Cu treatments (P= 0.037 and P= 
0.039, respectively).
After incubation for 7 days, phenol oxidase activity was highest in the 400 ppm 
Cu treatment and was significantly different hom that in the 0, 50, 600 and 1000 
ppm spiked Cu treatments (P= 0.001, 0.012, 0.046 and 0.012, respectively). 
Phenol oxidase activity was lowest in the control with no added Cu and was 
significantly different fi*om that in the 50, 200, 400 and 800 ppm treatments (P= 
0.026, 0.010, 0.001 and 0.025, respectively).
Phenol oxidase seemed to increase in most treatments at the final day of 
incubation. The enzyme activity was significantly lower in both the 50 and 800 
ppm Cu treatments compared to treatments with 100-400 ppm Cu {P< 0.05). The 
400 ppm Cu treatment which seemed to have the highest enzyme activity was 
significantly higher than the control with no added Cu and 1000 ppm Cu 
treatment (P= 0.030 and P= 0.025, respectively).
60
___________________________________________________________________________ Chapter 2
LiP activity in general (Figure 2.8b) seemed to be lower than phenol oxidase 
activity. In addition, the only differences in enzyme activity between treatments 
were observed at day 2 of incubation. The 800 ppm Cu treatment appeared to 
have the most enzyme activity and was significantly different from treatments 
with 400, 600 and 1000 ppm Cu {P= 0.034, 0.028 and 0.041, respectively).
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Figure 2.8 Enzyme activities of (a) phenol oxidase and (b) LiP in N-sufficient, 
Mn-hee shallow cultures of Bjerkandera sp. BOS55 incubated for 14 days at 
30°C with different concentrations of Cu. The Cu concentrations were 0 
(control), 50, 100, 200, 400, 600, 800 and 1000 Cu 1'^  culture fluid. Enzyme 
activity (S. I. units) was defined as an absorbance decrease of 0.1 units per 
minute per ml of the culture filtrate, n= 3. Standard error bars are shown.
No significant differences in phenol oxidase activity between Cd treatments were 
obseived after 2 days incubation (Figure 2.9a). However, after incubation for 7 
days, enzyme activity appeared to be highest in the 100 ppm Cd treatment and 
was significantly different from both the Cd-fr ee and 600 ppm Cd treatments (P= 
0.031 and P= 0.027, respectively). After incubation for 14 days, phenol oxidase 
activity was lowest in the 25 ppm Cd treatment compared to the Cd-free and 100 
ppm treatments (P< 0.05).
LiP activity (Figure 2.9b) was highest in the 100 ppm Cd treatment after 
incubation for 2 days and was 2- to 3-fold higher than in the 25, 50, 400 and 600 
ppm treatments (P= 0.039, 0.036, 0.009 and 0.002, respectively). The 200 ppm 
Cd treatment also had significantly higher LiP activity than both the 400 and 600 
ppm Cd treatments (P= 0.039 and P= 0.011, respectively). No differences in LiP 
activity were observed between treatments after incubation for 7  and 14 days.
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Figure 2.9 Enzyme activities of (a) phenol oxidase and (b) LiP in N-sufficient, 
Mn-free shallow cultures of Bjerkandera sp. BOS55 incubated for 14 days at 
30°C with different concentrations of Cd. The Cd concentrations were 0 
(control), 25, 50, 100, 200, 400 and 600 mg Cd f '  culture fluid. Enzyme activity 
(S. I. units) was defined as an absorbance decrease of 0.1 units per minute per ml 
of the culture filtrate. Average activities are shown, n= 3. Standard error bars are 
shown.
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2.3.3.3 Biomass
The fungal biomass was photographed after 14 days of incubation at 30°C in high 
N and Mn-free media containing different concentrations of Cu or Cd (Figure 
2.10) with a DC210 Zoom (V05.00) Eastman Kodak camera.
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Figure 2.10 Bjerkandera sp. BOS55 in N-sufficient and Mn-free cultures 
incubated for 14 days at 30°C with different concentrations of (a) Cu and (b) Cd. 
The Cu concentrations were 0, 50, 100, 200, 400, 600, 800 and 1000 mg Cu f ’ 
cultme fluid. The Cd concentrations were 0, 25, 50, 100, 200, 400 and 600 mg Cd 
culture fluid. An abiotic control is also shown.
The biomass plotted against the Cu exhibited a bell-shaped profile (Figure 2.11a). 
Cu toxicity was evident at 1000 ppm Cu. This treatment had significantly less 
biomass than all other treatments especially the control with no added Cu (P< 
0.001). The 800 ppm Cu treatment also had at least half the amount of biomass 
compared with the 100- 600 ppm Cu treatments (P< 0.01). On the other hand, the 
200 and 400 ppm Cu treatments had the most biomass compared with all other 
treatments (P< 0.05). The fungal biomass increased significantly when the Cu 
concentration increased from 50 to 100 ppm (P= 0.006). Although, the fungal 
biomass decreased at a concentration of 600 ppm Cu, this treatment had 
significantly more biomass than both the control and the 50 ppm Cu treatments 
(P= 0.049 and P= 0.005, respectively).
A similar trend was observed in the Cd treatments (Figure 2.11b) though Cd 
toxicity was not obvious. In fact, the 600 ppm Cd treatment had significantly 
more biomass than the 25 ppm Cd treatment (P= 0.026). Additional treatments 
spiked with more than 600 ppm Cd would have been needed to establish toxicity. 
As with the equivalent Cu treatment, the 400 ppm spiked Cd treatment had more 
biomass than the 0-100 ppm Cd treatments {P< 0.001) and the 200 and 600 ppm 
Cd treatments {P= 0.037 and 0.001, respectively). The 200 ppm treatment 
followed closely and had significantly more biomass than the 0-100 Cd 
treatments {P< 0.05).
2.3.3.4 Metal Uptake by Biomass
Biomass recovered from the Cu-treated fungal cultures showed that Cu 
associated with fungal mycelia (Figure 2.11a) increased gradually with increasing
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metal concentrations, though the increase in mycelium-associated Cu was only 
significant at the 1000 ppm level (P< 0.001). It should also be noted that the 
decrease in biomass at 800 ppm corresponded with an increase in metal uptake by 
the mycelium in that treatment.
The increase in metal uptake was more obvious in the Cd-treated fimgal cultures 
(Figure 2.11b). The fungal biomass in the 600 ppm Cd treatment showed the 
highest level of metal uptake per mg biomass which was significantly higher than 
treatments with 0-100 ppm Cd {P< 0.001) as well as treatments with 200 and 400 
ppm Cd (P= 0.001 and 0.040, respectively). Metal uptake by biomass treated 
with 400 ppm Cd was also significantly higher than treatments with 0-100 ppm 
Cd(P<0.05).
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Figure 2.11 Metal uptake by biomass o f Bjerkandera sp. BOS55 cultivated in N- 
sufficient and Mn-free shallow cultures incubated for 14 days at 30°C with 
different concentrations of (a) Cu and (b) Cd. The Cu concentrations were 0 
(control), 50, 100, 200, 400, 600, 800 and 1000 mg Cu 1'* culture fluid. The Cd 
concentrations were 0 (control), 25, 50, 100, 200, 400 and 600 mg Cd 1'^  culture 
fluid. Values shown are mg of biomass and pg of metal per mg of biomass, n= 3. 
Standard error bars are shown.
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2.3.4 Effect of Cu and Cd on Bjerkandera sp. BOS55 in MEB Medium
2.3.4.1 Laccase, MnP and MIP Activities
The activities of laccase, MnP and MIP in fungal cultures of Bjerkandera sp. 
BOS55 exposed to 0-200 ppm Cu and Cd after incubation for 14 days are shown 
in Figure 2.12.
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Figure 2.12 Enzyme activities of laccase, MnP and MIP in MEB cultures of 
Bjerkandera sp, BOS55 incubated for 14 days at 30°C with different 
concentrations of (a) Cu and (b) Cd. The concentrations of each metal were 0 
(control), 50, 100 and 200 mg 1'^  cultme fluid. Enzyme activities are defined as 
average pmol coerulignone produced per litre of cultur e fluid per minute, n= 3.
Laccase activity in the Cu-spiked treatments (Figure 2.12a) was highest in the 
100 ppm Cu treatment and was significantly lower than both the 50 and 200 Cu 
ppm treatments (P= 0.012 and 0.010, respectively). MIP was expressed to a 
similar level as laccase (Figure 2.12a). MIP was higher in the 100 ppm Cu 
treatment compared to the 50 ppm Cu treatment (P= 0.026). MnP (Figure 2.12a) 
showed at least an 18-fold higher activity than the other two enzymes. MnP was 
significantly lower in the 200 ppm Cu treatment than in all other treatments (P< 
0 .001).
In the Cd-treated cultures, no significant differences in laccase and MIP activities 
were found between treatments (Figure 2.12b). Similarly to the Cu treatments, 
MnP activity was lowest in the 200 ppm Cd treatment, compared to all other 
treatments (P< 0.001).
2 3.4.2 LiP and Phenol Oxidase Activities
Phenol oxidase activity in the Cu-spiked treatments increased with increasing Cu 
concentrations (Figure 2.13a). The enzyme levels were lowest in the control, 
compared with the 50, 100 and 200 ppm Cu treatments {P= 0.028, 0.013 and 
0.025, respectively). On the other hand, LiP activity was repressed by the 
presence of Cu (Figure 2.13a) and was highest in the control compared with the 
50 and 200 ppm Cu treatments (P= 0.048 and 0.032, respectively). In general, 
phenol oxidase activity was higher than LiP activity in the 50, 100 and 200 ppm 
Cu treatments (P= 0.002, 0.005 and 0.001, respectively).
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Figure 2.13 Enzyme activities of LiP and phenol oxidase in MEB cultures of 
Bjerkandera sp. BOS55 incubated for 14 days at 30°C with different 
concentrations of (a) Cu and (b) Cd. The concentrations of each metal were 0 
(control), 50, 100 and 200 mg l ' culture fluid. One S.I. unit of enzyme activity is 
defined as an absorbance decrease of 0.1 units per minute per ml of the culture 
filtrate. Average activities are shown, n= 3.
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The Cd-treated cultures had less phenol oxidase and LiP activity (Figure 2.13b) 
than the cultuies treated with Cu. Phenol oxidase activity was highest in the 50 
ppm Cd treatment and decreased at higher Cd concentrations. The 50 ppm Cd 
treatment had significantly higher phenol oxidase activity than both the Cd-free 
and 200 ppm Cd treatments {P— 0.012 and 0.020, respectively). As in the 
cultures treated with Cu, LiP activity decreased with increasing Cd 
concentrations (Figure 2,13b). The Cd-free control showed the most LiP activity, 
which was significantly different from the 50, 100 and 200 ppm Cd treatments 
{P= 0.006, 0.009 and 0.004, respectively). Phenol oxidase activity seemed to be 
higher than LiP activity in the different Cd treatments, and especially significant 
in the 50 ppm Cd treatment (P= 0.002).
2.3.4 3 Biomass
Cu and Cd toxicity to fungal biomass in the MEB cultures (Figme 2.14) occurred 
at lower concentrations than in the high N and Mn-free cultures (Figme 2.11). 
Cu at a concentration of 200 ppm had significantly less biomass compared to the 
0, 50 and 100 ppm Cu treatments {P~ 0.001, 0.011 and 0.037, respectively). The 
100 ppm Cu treatment contained significantly less biomass than the control {P= 
0.017). Cd seemed to be toxic to the biomass (Figure 2.14b) at concentrations of 
50 ppm and above, with the Cd-free control having at least twice as much 
biomass than the 50, 100 and 200 ppm Cd treatments (P= 0.012, 0.019 and 0.005, 
respectively).
2.3 4.4 Metal Uptake by Biomass
Analysis of the biomass recovered from the Cu-treated frmgal cultures showed 
that Cu associated with frmgal mycelia (Figure 2.14a) increased gradually with 
increasing metal concentrations. This increase was significant for fungal biomass 
treated with 200 ppm Cu compared to biomass treated with 0, 50 and 100 ppm 
Cd (P= 0.032, 0.042 and 0.045, respectively). A one-tailed Peaison coiTelation 
test showed that the biomass decrease observed with increasing Cu
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concentrations significantly correlated {P= 0,028) with an increase in metal 
uptake by the mycelia in all Cu-spiked treatments.
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Figure 2.14 Metal uptake by biomass o f Bjerkandera sp. BOS55 cultivated in 
MEB cultuies incubated for 14 days at 30°C with different concentrations of (a) 
Cu and (b) Cd. The metal concentrations were 0 (control), 50, 100 and 200 mg I'* 
cultme fluid. Values shown are mg of biomass and pg of metal per mg of 
biomass, «= 3. Standard error bars are shown.
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On the other hand, the increase in metal uptake was more obvious in the Cd- 
treated fungal cultmes (Figure 2.14b), with an immediate increase in metal 
uptake 50 ppm Cd. The 100 ppm Cd treatment showed the most metal uptake 
and was significantly different from the control {P= 0.042). A significant 
negative correlation (P= 0.038) was also foimd between the decrease in biomass 
and metal uptake by mycelia with increasing Cd concentrations.
2.4 Discussion
The fungus grown in the defined high-N and Mn-ffee medium did not exhibit an 
immediate decrease in biomass with increasing Cu concentrations (Figure 2.11). 
The 600 ppm treatments of each metal did not seem as toxic as expected to the 
biomass; in fact there was more growth in those treatments than in the non-metal 
spiked controls. However, Cu appeared to be toxic in the 800 and 1000 ppm 
treatments, whereas Cd would more than likely have been toxic to the fungal 
biomass at just above 600 ppm, judging by the significant decrease in biomass in 
the 600 ppm treatment compared to the 400 ppm one (Figure 2.11b). WRF are 
known to require trace amounts of essential heavy metals such as Cu, Mn or Zn 
for their growth, but these metals can be toxic when present in excess 
(Yamamoto et a l, 1985; Baldrian, 2003), which was the case in this experiment. 
The findings of this experiment agree with previous research on WRF and heavy 
metal toxicity (Section 1.4). However the toxic metal concentrations used by 
others were not always as high as in this study. For instance, research by Baldiian 
et a l (2000) found that Cd at 100 to 500 ppm limited the extent of soil 
colonisation by the fungus. The delayed toxicity obseived in this study could be 
attributed to two phenomena: one is the ability of WRF to adsorb and accumulate 
metals and the second is related to the anion-exclusion phenomena.
Firstly to cause physiological damage, the metals have to be bioavailable to be 
taken up from the liquid environment and concentrated by the fimgus. Non­
immobilised metals would have to pass first through the negatively-charged EPS 
layer that is produced by fimgi. This layer of EPS contains many negatively
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charged terminals, which could bind the metal cations. The presence of EPS on 
the outside of the mycelia can also hinder the entrance of essential negatively 
charged nutrients (Hart et ah, 2001). Thus the saturation of these EPS with metal 
cations can in theory improve the flow of much needed nutrients into the mycelia. 
Cultuies containing 0 and 50 ppm additional Cu (Figure 2.11a) had less biomass 
than those spiked with 100 to 600 ppm Cu. Cu^  ^must have been binding to the 
negatively charged EPS in the 0-100 ppm treatment, hence improving the flow of 
nutrients into the fungal mycelia, thus limiting anion-exclusion and improving 
fungal growth. Satuiation of the EPS might have been reached in the 200 ppm 
spiked treatment, which meant that Cu^^ could start to accumulate inside the 
mycelia. The amount of biomass produced in the presence of 400 ppm Cu was 
similar to the amount produced in the presence of 200 ppm Cu, indicating that Cu 
accumulating inside the mycelia was being used by the fungus for essential 
metabolic flmctions and not having a toxic effect. However, a decrease in fimgal 
growth was obseived in the 600 ppm Cu treatment, indicating that the 
bioaccumulated metal was becoming toxic at this concentration.
When comparing between the effects of Cu and Cd on fungal biomass in this 
defined medium, two differences are obvious. Firstly, the amoimt of biomass 
produced by the fungus was similar in the 0 to 100 ppm Cd treatments while 
more biomass was initially produced in the 200 ppm Cd treatment (Figuie 2.11b). 
This difference in specific metal adsorption to the EPS could be attributed to the 
pK of each metal. Specific adsoiption increases with decreasing pK values. The 
pK of Cu (7.7) is much lower than the pK of Cd (10.1), which means that Cu was 
more able to form stable hydroxy complexes and was adsorbed to a greater 
extent. The other difference between the Cu and Cd biomass profiles was that 
saturation of the EPS by Cd^^ was most likely reached aroimd 400 ppm Cd and 
the increasing amount of Cd in the inner mycelium in the 600 ppm Cd treatment 
led to a more immediate decrease in fungal biomass.
Cd associated with the fimgal biomass in the 200 ppm treatment was aroimd 8 pg
Cd/mg biomass i.e. 7% of the added Cd (Figure 2.11b), which was similar to that
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obtained in studies on P. ostreatns (Favero et al., 1991, Jarosz-Wilkolazka et al.,
2002). In the study by Favero et al. (1991), P. ostreatns accumulated 2% of the 
Cd from a liquid medium containing 150 ppm Cd, 20% of which was deposited 
intracellularly. This indicates that Bjerkandera sp. BOS55 grown at high-N and 
low-Mn concentrations had better metal adsorptive characteristics than P. 
ostreatns. Cd adsorbed in the 400 ppm Cd treatment was around 22 pg Cd/mg 
biomass which could represent the EPS saturation point. The increase in metal 
uptake to around 40 pg Cd/mg biomass, in the 600 ppm treatment, lead to a 
decrease in fungal growth. This obseivation could indicate that aiound 18 pg 
Cd/mg biomass could have been intracellularly deposited before causing metal 
toxicity. In the Cu-treated cultures (Figure 2.11a), the EPS saturation level in the 
200-400 ppm Cu treatments was aroimd 1.5 pg Cu/mg biomass, and the bound 
Cu levels causing significant toxicity in the 800 and 1000 ppm Cu treatments 
were aroimd 3 and 23 pg Cu/mg biomass, respectively; meaning that between 1.5 
to 21.5 pg Cu/mg biomass were deposited intracellularly leading to fungal death.
Many media components and frmgal metabolites, such as glucose and oxalate, 
could have also have formed complexes with the metals (Jarosz-Wilkolazka and 
Gadd, 2003; Humar' et al., 2004) hence affecting their spéciation in the culture 
mediirm and their availability for frmgal uptake. However once inside the 
mycelium, both metals would have exerted their toxic effects directly on the 
plasma membrane, where they could have interfered with solute transport and 
other membrane phenomena. Both metals most likely affected fungal growth by 
causing membrane permeabilisation and changes in the membrane composition 
(Baldrian, 2003).
A completely different scenario was obtained when the fungus was incubated 
with heavy metals in MEB (Figure 2.14). MEB was a richer growth medium than 
the defined medium encouraging a higher degree of mycelial proliferation. For 
instance, the control with no added metal had more biomass after 14 days 
incubation (140 mg) compared to the no added metal control in the defined media
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(27 mg). However, fungal growth decreased rapidly with increasing metal 
concentrations. A significant negative correlation was found between biomass 
production and metal uptake by mycelia with increasing Cd and Cu 
concentrations. Increases in metal content of the fungal biomass of 7 pg Cu/mg 
biomass and 11 pg Cd/mg were found when the fungus was grown in the 
presence of 0-200 ppm Cu and 0-100 ppm Cd respectively, causing significant 
inhibition of fungal growth. A comparison between this observation and the one 
obtained in the defined medium study indicates that both metals were being taken 
up freely by the fungus from the MEB mediitm and deposited internally causing 
toxicity. It suggests that there were important differences in the two growth 
media relating to polymer formation and metal-binding, that resulted in two 
different outcomes; 1) metal adaptive behaviour in the defined medium and 2) 
metal susceptibility in the rich one. A simple explanation could be related to the 
glucose and phosphate ratio of each medium. It has been known that excess sugar 
can be transformed into polysaccharides in a limited phosphate enviromnent. 
Hence limiting phosphate along with a high sugar content in a growth medimn 
can switch the metabolism from glycolysis towards polysaccharide formation 
(Moore and Bushell, 1997), which would have been the case in the defined 
medium.
The heavy metals used in this experiment seemed to interfere not only with the 
fungal groAvth rate in the cultures but also with the activity of some extracellular 
enzymes, regardless of the culture medium used for growth.
To begin with, MEB contained Mn, which in tmn activated the enzyme MnP.
MnP activity was significantly reduced by Cu and Cd at a concentration of 200
ppm and conelated with a significant decrease in biomass in those treatments.
However, the decrease in biomass in the 100 ppm Cu and Cd treatments was not
accompanied by a decrease in MnP activity which implied that the metals in the
culture medium did not have detrimental effects on enzyme activity and might
have induced enzyme activity. MnP activity was 20-fold higher than that of both
MIP and laccase (Figure 2.12) in the 0-100 ppm Cd and Cu treatments. Laccase
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activity was highest in the 100 ppm Cd and Cu treatments (Figure 2.12) which 
was only half the activity seen in the defined medium after 14 days of incubation 
(Figure 2.6a), probably due to competition with MnP. The decrease in laccase 
activity in the 200 ppm Cu and Cd treatment could be attributed to the decrease in 
biomass in those treatments. On the other hand, MIP seemed to be induced to 
some extent by the presence of Cu although the increase in activity in the higher 
metal treatments was not significant. In addition, MIP activity was also at least 4- 
fold lower in the MEB medium than in the defined medium at the same Cu 
concentrations (Figiue 2.6c).
Laccase activity in the defined medium seemed to be determined by the amount 
of biomass produced. This observation was especially evident in the Cd 
treatments after incubation for 14 days (Figure 2.7a) and in the Cu treatments 
after incubation for 7 days (Figure 2.6a). MnP levels were not detectable in the 
Cu and Cd treatments due to the lack of Mn in the medium and substrate 
competition with both laccase and MIP (Figures 2.6b and 2.7b). However, there 
seemed to be some induction of MnP by Cu after incubation for 14 days. On the 
other hand, MIP activity seemed to increase with increasing Cu concentrations 
and was highest in the 200 ppm Cu treatments after incubation for 7 days (Figure 
2.6c) which corresponded to a large amoimt of biomass (Figuie 2.11a). However, 
there was a significant decrease in MIP activity in the 400 ppm Cu treatment 
which contained a similai* amoimt of fimgal biomass. Thus, the increasing 
amount of Cu inside the mycelium could have affected the transcription of the 
enzyme or its increase in the extracellular medium could have repressed MIP 
activity. Moreover, MIP activity in the presence of Cd after incubation for 7 days 
(Figure 2.7c) was highest in the presence of 50 and 100 ppm Cd, which had 
similar amounts of biomass (Figuie 2.11b), indicating a slight induction of MIP 
by Cd. However, MIP activity decreased gradually with Cd concentrations of 
above 100 ppm, negatively correlating with the amount of biomass even before 
the EPS saturation point was reached (400 ppm treatment), indicating that Cd 
repressed MIP activity in the extracellular medium.
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In the defined medium, phenol oxidase levels were highest at days 7 and 14 in the 
200 and 400 ppm Cu treatments (Figure 2.8a) which also had the most biomass. 
Phenol oxidase levels decreased in the treatments containing more than 400 ppm 
Cu. In general, the enzyme activity conelated well with the amount of biomass 
produced (Figure 2.10a). The levels of phenol oxidase were generally lower in 
the Cd treatments (Figure 2.9a) than in the conesponding Cu treatment. In 
addition, the enzyme activity profile did not correlate with the biomass profile 
(Figure 2.10b), which indicates that Cd itself repressed the activity of phenol 
oxidase. Moreover, LiP levels seemed to decrease with increasing Cd 
concentrations (Figure 2.9b) at day 14, indicating repression of its activity by the 
metal. The effect of Cu on LiP remains inconclusive as enzyme activity was very 
similar between treatments at the end of the experiment (Figure 2.8b).
In the MEB medium, phenol oxidase was induced by Cu and the lowest enzyme 
activity was found in the non-Cu spiked control (Figure 2.13a). In the presence of 
50 ppm Cd, the enzyme was slightly induced (Figure 2.13b), but its activity 
decreased in the treatments with high metal concentrations, which conelated with 
a decrease in biomass in those treatments (Figure 2.14b). LiP activity decreased 
with increasing Cu and Cd concentrations (Figure 2.13), which indicates that 
either its activity was repressed by the metals or its levels declined with the 
decline in biomass.
The pilot experiment which aimed to test the effect of Cu on biomass and
ligninolytic enzymes showed that the highest concentrations of the metal did not
actually repress enzymes tested at all times. On the contrary, Cu seemed to
induce the laccases (Figure 2.2a) at days 3 and 6 of incubation; this was most
likely due to the laccases being multi-Cu phenol oxidases where Cu selves as a
cofactor in the catalytic centre of laccase (Baldrian and Gabriel, 2002; Baldrian,
2003). Despite this, after incubation for 8 days, laccase activity was highest in
the low Cu treatments (0-125 ppm Cu) indicating that only low levels of Cu were
needed to satisfy the Cu demand of the fungus. Also, the fungus did not appear
to grow much in the presence of 500 ppm Cu and above (Section 2.2.2.1). This
indicated that Cu was indeed toxic to the fungus at concentrations of 500 ppm
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and above. Laccase activity at day 10 showed that although Cu was toxic in high 
concentrations to the fungus, probably affecting laccase transcription, its 
induction of the laccases in the extracellular medium counterbalanced its toxicity. 
The latter obseivation can also be confirmed by looking at the laccase profile at 
days 6 and 15 in the ‘pyrene addition’ experiment (Figuie 2.4a).
MnP was detected at day 3 only in the control treatment with no added Cu and 
the 62.5 ppm Cu treatment (Figme 2.2b). The enzyme activity obtained was low 
due to the fact that no Mn was added to the medium; Mn being the best reducing 
substrate for MnP. However, the absence of MnP activity at higher Cu 
concentrations indicated a certain degiee of metal toxicity. Although possibly 
being expressed at a basal level, MnP activity was not detected at days 6 and 
eight, which is most likely due to the medium conditions being more favourable 
for the competing enzymes laccase and MIP.
MIP activity was generally lower in all Cu-spiked treatments (Figure 2.2c) than 
laccase activity in corresponding treatments; this was most likely due to the 
presence of Cu, which made the medium more favourable for laccase activity. A 
bell-shaped MIP profile was observed at all sampling points. Generally, the non- 
Cu spiked and the 62.5 ppm Cu treatments showed the lowest MIP activities, 
whereas the highest Cu concentrations showed the highest enzyme activities at all 
sampling time points. MIP produced in the ‘pyrene addition’ experiment prior to 
the addition of pyrene confirmed the above (Figure 2.4c). This observation 
indicated that either Cu induced MIP especially around 500 ppm or MIP 
production simply correlated with the amount of biomass in Cu-treated cultuies. 
These findings agreed with the earlier discussed effects of Cu on MIP activity in 
both the MEB and defined media.
The addition of pyrene to Cu-treated cultures did not seem to affect the activities 
of laccase (Figure 2.4a) nor MIP (Figme 2.4c), apart fiom a slight decrease in 
both enzyme activities in most treatments two days after the addition of pyrene 
(Figme 2.4b). Pyrene seemed to initially induce MnP activity to a limited degree
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when compared to the lack of activity obseived in the pilot experiment (Figure 
2.2b). The induction of MnP was not sustained till the end of the experiment in 
the Cu- and pyrene-spiked treatments, which is probably due to the lack of Mn in 
the cultme medium and/or the increase in laccase and MIP activities in the 
corresponding treatments.
The H2O2 profile in the pilot experiment was not conclusive as to whether Cu 
repressed its production (Figme 2.3). However, H2O2 production seemed to be 
consistently higher in the 500 ppm spiked Cu treatments after 6 and 8 days 
incubation, whereas at the two highest Cu concentrations a greater or similar 
H2O2 production was observed compared to the control with no added Cu and the 
62.5 ppm Cu treatment. The bell-shaped H2O2 production profile at day 8 
resembled the biomass profile in Figme 2.10a, indicating that H2O2 production 
positively correlated with the amount of biomass in the corresponding cultures.
The addition of pyrene seemed to initially induce the production of H2O2 in the 
non Cu-treated control (Figme 2.5) correlating with the induction of MnP. 
However, a bell-shaped H2O2 production profile was later observed at day 15 
with peak production in the 500 ppm Cu treatment, also indicating that H2O2 
production coiTclated with the amount of biomass in the cultmes.
In conclusion, the above results confirmed that some extracellular ligninolytic 
enzymes were indeed regulated by heavy metals in some way, either on the level 
of transcription or during their action. Moreover, the addition of pyrene induced 
MnP activity despite the lack of Mn in the defined medium. Perhaps the most 
detrimental effects of both metals were those relating to fungal growth and 
colonisation. Poor fimgal growth affected production of certain enzymes such as 
LiP, MnP and laccase, all o f which are known to be involved in the oxidation of 
PAHs such as phenanthrene, anthracene, pyrene and BaP. Also H2O2 production 
necessary for the activity of the peroxidases corresponded with the amount of 
biomass produced. An interesting finding was the effect of media components on 
the fungal behaviom: towards heavy metals. In this study, we observed two 
extremes, adaptation or susceptibility to high metal conditions. The latter has
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implications for PAH degradation by fungi in metal-polluted soils with low clay 
contents, for instance, and therefore needs to be considered in decisions on the 
management of polluted soils or the use of soils for disposal of waste materials.
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CHAPTER 3
Effect of Copper Alone and in Conjunction with Zeolites 
on Pyrene Degradation by Bjerkandera sp. BOS55
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3.1 lutrodiictioii and Aims
WRF require trace amounts of essential heavy metals such as Cu, Mn and Zn for 
their growth, but these metals can be toxic when present in excess (Baldrian, 
2003). In contiast with other essential metals, Cu is toxic to most fungi even at 
very low concentrations. Toxic heavy metals can affect WRF in several ways; 
they can inliibit their growth, cause moiphological or physiological changes and 
affect their reproduction (Baldrian, 2003; Valix and Loon, 2003).
Heavy metals must be taken up by fungi to cause a physiological effect. WRF can 
concenti*ate metals taken up fi'om substrates in their mycelia. The accumulation 
of heavy metals also occuis in soil, which is the natuial habitat for many WRF. 
Once inside the fungal cell, heavy metals affect complex metabolic processes. Hg 
and Cd have been shown to be the most toxic metals for WRF such as 
Schizophyllum commune and Phanerochaete chrysosporium causing a decrease 
in growth rate and lysis of the mycelium (Baldrian, 2003). Morphological 
changes of the growing mycelium often accompany a decrease of growth rate 
caused by heavy metal toxicity. Moiphological changes include the development 
of hyphal loops and comiective filaments, an increase in hyphal branching as well 
as changes in coloination.
In addition, metals can also affect the degiadation of xenobiotics by regulating 
the extracellular enzymes produced by WRF at the level of transcription as well 
as dming their action. Heavy metals can inliibit enzymatic reactions by causing 
irreversible inactivation of the enzymes. For instance, Cu and Cd often bind to 
ai'omatic amino acid residues in enzyme molecules and induce oxidative stress 
which is normally associated with the production of reactive oxygen species such 
as superoxide and hydroxyl radicals.
It is therefore not suiprising that fimgi have evolved active defence mechanisms 
to prevent the development of severe changes caused by heavy metal toxicity. For 
example, immobilisation of the metals using extracellular and intracellular
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chelating compounds is a defence stiategy used by WRF to reduce metal toxicity 
(Baldrian, 2003; Zucconi et a l, 2003). Although detected in basidiomycetes, the 
metal chelating role of intracellular LMW peptidic compounds, such as 
phytochelatins and metallothioneins, has proven to be limited. However, the more 
important extracellular metal chelation in WRF includes the productions of 
oxalate and an extracellular hyphal sheath composed mainly of polysaccharides 
(Baldrian, 2003; Jarosz-Wilkolazka and Gadd, 2003). The production of oxalic 
acid by fungi decreases the bioavailability of metals and increases the organism’s 
tolerance to them by providing a means of immobilising soluble metal ions into 
insoluble oxalate complexes (Baldrian, 2003; Jarosz-Wilkolazka and Gadd, 
2003). Among WRF, large amounts of oxalate were produced by P. ostreatus, P. 
chrysosporium and Trametes versicolor (Baldrian, 2003; Baldiian and Gabriel,
2003). The other extracellular metal chelating agent is the BPS-containing matrix 
which facilitates the joint action of different enzymes involved in the degradation 
of lignocellulose. The EPS sheath includes P-l,3-glucan with P-1,6-linkages. 
Finally, fungi produce another gi'oup of heavy metal-binding compounds such as 
melanins; these are phenolic molecules associated with the cell wall. Some fungal 
melanins are produced in response to Cu and efficiently adsorb the metal 
(Baldrian, 2003).
Different species of WRF differ in their ability to tolerate heavy metals. It is 
therefore clear that the interference of metals with frmgal physiology, enzymatic 
and reproductive processes has an effect on the microbial community stmcture 
(Baldiian, 2003; Zucconi et a l, 2003). For instance, the process of adaptation to 
metal stiess in soil is probably accompanied by the exclusion of metal-sensitive 
fimgal species. Contamination of soils with heavy metals also leads to changes in 
the metabolic activity of microorganisms, including a decrease in ATP 
concentration and soil respiration rate (Soldni et a l, 2001). Thus, the occunence 
of heavy metals in soils containing persistent organic compounds, such as textile 
dyes, PAHs and pesticides, poses a serious problem for the use of WRF for 
bioremediation of such compounds.
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Heavy metals adsorb to EPS, proteins and other molecules occuixing in the outer 
layer of WRF cell wall and maximum sorption capacities for certain metal ions 
have been demonstrated for fungi such as P. chrysosporium (Yetis et al., 1998; 
Baldrian, 2003; Ejechi, 2003; Zouboulis et al., 2003).
Despite the fact that certain WRF can adsorb metals, thus preventing their uptake 
into the cell, high concentrations of metals in soil are likely to be detrimental to 
fungi impairing their ability to degiade organic pollutants. To reduce metal 
toxicity, the use of natural zeolites as a means of mopping up heavy metals is 
investigated in this study. Cations in zeolites bind to water molecules and the 
rigid anionic framework located in their regular array of chaimels and cages. 
Wlien zeolites come into contact with an electiolytic solution, the cations in 
zeolites can be removed from their sites and replaced by other cations from the 
solution (Lee and Moon, 2001). The selectivity of zeolites towards a range of 
heavy metals has been deteimined and their generally high ion exchange capacity 
makes them suitable for the efficient removal of heavy metals fr om solutions and 
wastewaters (Yuan et al., 1999). Zeolites are widely distributed all over the 
world, can be modified cheaply and easily and introduce no secondary pollution 
(Lee and Moon, 2001). Zeolites have been investigated as a means for 
remediation of polluted soils and found to have good retention efficiencies for 
some metals. Metal retention by zeolites depends on both the ionic exchange 
capacity of the zeolites used as well as the increase in pH induced by the zeolitic 
product (Garcia-Sanchez et al., 1999).
To date, zeolites have not been investigated as a means to bioremediate 
environments polluted with both heavy metals and organic compounds such as 
PAHs. The following study first established the effect of Cu on pyiene 
degradation by the WRF Bjerkandera sp. BOS55. Subsequently, the effect of 
addition of natinal zeolites on pyrene degradation by the fungus at the same Cu 
concentiations was investigated.
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3.2 Materials and Methods
3.2.1 Effect of Copper on Pyrene Degradation by Bjerkandera sp. BOS55
3.2.1.1 Experimental Set-up
One hnndied gi'ani aliquots o f silica sand (Silvaperl giaded and washed) with a 
diameter of <1 mm were weighed into 250 ml Erlemneyer flasks. The flasks were 
autoclaved twice at 110°C for 30 minutes with a period of 48 houis between 
autoclavings. A solution of pyiene in acetone was prepaied, 25 ml of which was 
injected into each flask through a double layer of autoclave paper using an 
accinate glass syiinge and 1.1 x 50 nnn needle (Temmo, Belgium). The small 
punctm e hole was sealed with tape to ensine sterility after injection of the pyrene. 
After evaporation of the acetone in a fimiehood, the final concentration of pyrene 
was 200 mg kg'^ dry sand. Bjerkandera sp. BOS55 was inoculated into 3 x 5 0 0  
ml MEB bottles and incubated at 30°C. After 6  days of incubation, the fungal 
mycelium that was floating at the smface of each bottle was aseptically removed 
fi'om the MEB bottles. The mycelium was washed with sterile RO water twice 
and macerated gently in a sterile pestle and mortar. The macerated mycelium was 
subsequently transferred into a 500 ml Duran bottle containing a mixtuie of 
sterile Mn-fi’ee and N-sufficient medium (Appendix 3), tween 80 at 2.5 g l ' \  and 
glucose oxidase at 16 pg mf^. The bottle was well mixed and its contents were 
divided into 3 sterile 250 ml Duran bottles. A stock solution of CUSO4 5 H2O was 
added into each bottle giving final Cu concentrations of: 0, 125, and 750 mg l ' \  
All 3 bottles were well mixed and while ensming continuous mixing, 7 ml 
volumes were withdrawn and added into the pyrene-spiked sand. Four replicate 
microcosms were prepared per Cu treatment and a set of sterile controls was 
prepar ed for each Cu concentration. Control bottles were sampled at the last day 
of incubation to measure abiotic losses of pyr ene. The flasks were closed with 
rubber bungs, which allowed air sampling from the headspace (Figure 3.1). CO2 
was sampled at day 3 of incubation, after which the bottles were flushed with 
sterile pure O2 for 2 mirrutes each. CO2 in the headspace was measured every 3
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days before flushing with 0%. The microcosms were incubated at 30°C for a 
period of 16 days and sampled every 4 days to assess pyrene degradation.
Self-sealing rubber bung
Glass tube
Rubber plug
250 -ml Erlenmeyer flask
Pyrene-spiked sand 
inoculated with 
Bjerkandera sp. 
BOS55
Figure 3.1 Photograph showing a fully set-up microcosm
3.2.1.2 CO2 Analysis
A 60 ml sample was collected from the headspace of each bottle using a 
disposable syringe. Each sample was injected into an infrared (IR) CO2 analyser, 
type 225 MK3 (Analytical Development Co. Ltd, Hoddesdon, UK). 02-ffee 
nitrogen (OFN) gas was used to dilute the CO2 samples where appropriate.
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3.2.1.3 Pyrene Degradation
Microcosms were destructively sampled after 4, 8 , 12 and 16 days incubation to 
recover the remaining pyrene. A 50 ml volimie of a 9:1- acetonitrile/water (CH3- 
CN/H2O) solution containing 9-methyl antlnacene (9-MA) with a concentration 
of 400 mg was added to each flask. The flasks were placed on a shaker 
overnight (170 rpm, 30°C). After a 24-hour extr-action period, the CH3-CN/H2O 
extracts were filtered tlnough Whatman filters (0.02mm, 9 cm) into 100 ml 
Duran bottles. A further 25 ml volume of 9:1-CH3-CN/H2O was added to each 
flask and the flasks were placed on the shaker for another 30 minutes for rinsing. 
The rinse solutions were filtered into the appropriate 100 ml Duran bottles. The 
bottles were left in the ftnnehood uncapped to allow evaporation of CH3-CN. The 
water remaining after CH3-CN evaporation was removed by ffeeze-drying. The 
dried extracts were re-dissolved in 1 ml of toluene and analysed by GC to 
quantify the pyrene in the extract. The GC used was a Hewlett-Packard 5890 A, 
with a Hewlett-Packai'd integiator 3396 A (Hewlett-Packard, Bracknell, UK) and 
auto-sampler. The caixier gas was helium. The column was a fused silica, non­
polar’ BPi column (25 m, 0.22 mm, 0.25 f.im). The oven temperature was kept at 
290°C for 11 minutes. All injectors and detectors were set at 310°C.
A set of pyi'ene standards was prepared for each concentration of Cu used. The 
standards were extracted and analysed by GC as described above. Pyrene 
recovered was calculated using the appropriate standard cm’ve equation. An 
example of the GC standard curves obtained from extracted standards is shown in 
Figure 3.2.
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Figure 3.2 Standai'd curve obtained for pyi'ene by GC analysis. The pyiene 
standards were spiked with 125 mg f ’ Cu before extraction with 9:1 CH3- 
CN/H2O containing 9-MA at 400 mg l ' \  Every point represents a single 
determination.
3.2.1.4 Active Fungal Biomass
An assay based on the hydrolysis of fluorescein diacetate (FDA) was used as an 
indicator of active fimgal biomass. FDA is hydrolysed to fluorescein by esterases 
and proteases associated with fimgal mycelia. At day 16 of incubation, 4 replicate 
microcosms per Cu treatment were destructively sampled to assess the activity of 
the fungal biomass. For each replicate, 2 x 1 g aliquots of colonised sand were 
weighed out into 50 ml sterile plastic centrifuge tubes. The following was added 
to each tube: (1) 25 ml of orthophosphate buffer (0.2 mol 1-1, pH 8.0, containing 
1 g sodimn azide to prevent microbial growth) and (2) 250 pi of FDA in 
acetone solution, giving an FDA concentration of 250 pg per 25 ml of buffer. The 
tubes were incubated at 30°C on a shaker at 200 rpm. After 2 hours, the reaction 
was stopped by the addition of 25 ml of acetone into each bottle. The bottles were 
subsequently centrifuged at 3500 x g  for 10 minutes and the optical density
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(O.D.) was measured at 490 rmi. Results were expressed as O.D. units per gram 
dry sand per hour.
3.2.1.5 Statistical Analysis
Statistical analyses were earned out using SPSS 11.5 for Windows XP as 
described in Section 2.2.1.5.
3.2.2 Effects of Zeolite Addition on Fungal Degradation of Pyrene in the 
Presence of Different Copper Concentrations
3.2.2.1 Determination of Copper Adsorption by Zeolites
A pilot experiment was conducted to quantitatively determine the amount of Cu 
adsorbed to 1 g zeolite (Zeoclere-30, British Zeolite Company). The experiment 
was carried out in 1 0 0  g microcosms containing silica sand and zeolites at 
different ratios. Zeolites were sieved to a size of >lrrmr and RO water was added 
to the zeolites to wet them to 100% of their water holding capacity (wire). Dm*an 
bottles ( 1 0 0  ml) were set-up with the wet zeolites giving the following dry weight 
equivalents: 0, 5, 10, 15, 20 and 25 g. The bottles were made up to 100 g dry 
weight (dwt) with sterile silica sand (<lmrn). The bottles were sterilised by 
autoclaving. Triplicates bottles were used for each amoimt of zeolites. A filter- 
sterilised CUSO4 5H2O solution was added to the bottles giving a final Cu 
concentration of 7.5 g Cu/1 water. The water content of each bottle was adjusted 
accordingly to a final voliune of 7 ml/100 g dry weight. The bottles were 
incubated for 48 hours at 30°C, after which the water was evaporated from the 
bottles in an oven overnight (80 °C). The di'ied content of each bottle was sieved 
over a 1 mm sieve to separate the sand and the zeolites. Sand (0.5 g) from each 
bottle was weighed into heat resistant Pyrex tubes and digested with concentrated 
nitiic acid (5 ml) on a Tecline Dri-Block DB-3A heat block (150°C, 30 minutes). 
After digestion, the tube volmiies were made up to 10 ml with RO-DI. The 
samples were measured by FAAS (Pye Unicam SP9) using acetylene and air. The
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FAAS was set at a wavelength of 324.8 mn and lamp cuiTent of 5mA. A hollow 
Cu/Zn cathode lamp was used for the analysis. The standards (0-60 pg Cu/ml) 
were made up in 20% v/v nitiic acid from 1000 pg/ml copper nitrate stock 
solution (BDH). The treatments with 20 g zeolites per 100 g total dry weight 
adsorbed the most Cu at an average of 48.3 ± 1.2% of Cu spiked and was selected 
for the pyiene degradation experiment.
3.2.2.2 Experimental Set-Up
Four treatments were used in this experiment, two of which contained 125 and 
750 mg Cu r '  water and the other two tieatments contained the same 
concentrations of Cu with added zeolites. The composition of each treatment is 
shown in Table 3.1.
Table 3.1 Composition of the four experimental treatments: Amounts of bran, 
silica sand and zeolites added per tieatment. Treatments were set-up in 250 ml 
Erlenmeyer flasks containing a final dry weight of lOOg per microcosm. Cu was 
added to treatments giving a final concentration of 125 and 750 mg Cu water.
Treatment Bran dwt (g) Sand dwt (g) Zeolites dwt (g)
Ï25 i 99 Ô
750 1 99 0
125 & Zeolites 1 79 20
750 & Zeolites 1 79 20
The bran (Kellogg’s cereals) was milled in a high speed blender (ATO mix) into 
fine powder and aliquots of 1 g were weighed into 20 ml Universal bottles 
together with 1 g sand. The bottles were autoclaved twice over a period of 48 
hours. Bjerkandera sp. BOS55 was inoculated into tlnee 500 ml MEB bottles and 
incubated at 30°C. After 6 days incubation, the fungal mycelium was aseptically 
removed from the MEB bottles. The mycelia were washed twice with sterile RO
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water and broken up gently in a sterile pestle and mortar. Two or 3 pieces of 
mycelium were added to the sterile bran and incubated for 4 days at 30°C.
The following protocol was used to prepare the experimental flasks before the 
fungus was added. Silica sand (< 1 mm) and zeolites (> 1 mm) were weighed into 
250 ml Erlenmeyer flasks (Table 3.1). The flasks were autoclaved twice at 110°C 
for 30 minutes over a period of 48 hours and dried in an oven at 60°C before they 
were spiked with pyrene. A solution of pyi'ene in acetone was prepared, 20 ml of 
which was injected into each flask as described in Section 3.2.1.1. After 
evaporation of the acetone in a fmnehood, the final concentration of pyiene was 
200 mg kg'^ dry sand. Sterile Mn-free and N-sufficient media was prepaied and 
tween 80 at 2.5 g 1'^  and glucose oxidase at 5.42 at 16 pg m f' were added to the 
medium. After thorough mixing, the medium was split into 2 sterile 250 ml 
Diu'an bottles. A stock solution of CuS0 4 -5 H2 0  was added into each bottle 
giving final Cu concentrations of 125 and 750 mg Cu Wliile ensuring 
continuous mixing, 7 ml of each solution were added to the pyrene-spiked 
microcosms. Four replicate microcosms were prepared per treatment. A set of 
sterile contiols was also prepaied for each treatment. The flasks were closed with 
rubber bimgs, which allowed air sampling hom the headspace. CO2 in the 
headspace was measured every 3 to 4 days over an incubation period of 28 days. 
The microcosms were incubated at 30°C. The bottles were flushed with sterile 
O2 for two minutes each after CO2 sampling. The microcosms were sampled 
weekly for pyrene degradation and FDA measuiements were taken at the same 
time as described in Sections 3.2.1.3 and 3.2.1.4, respectively. Four replicates per 
treatment were destmctively sampled at weekly inteiwals to monitor pyiene loss. 
The control flasks were only sampled at the last day of incubation to measure 
abiotic losses of pyrene over the incubation period. A set of pyiene standards was 
prepared for each tieatment to accoimt for any losses of pyiene tlnough 
adsoiption to zeolites and/or poor extraction. Statistical analysis was perfomied 
on the results where appropriate as described in Section 2.2.1.5.
92
Chapter 3
3.3 Results
3.3.1 Effect of Copper on Pyrene Degradation
3.3.1.1 CO2 Evolution
The Ihghest Cu concentration (750 ppm) decreased fungal activity 4-fold after 7 
days (P= 0.004), 20-fold after 10 days (P< 0.001), 6-fold after 13 days (P< 0.001) 
when compared to the treatment without Cu (Figure 3.3a). Similarly the 750 ppm 
Cu concentration decreased fungal activity 5-fold after 7 days (P< 0.01) and 15- 
fold after 10 and 13 days (P< 0.001) compared with the 125 ppm Cu treatments 
(Figure 3.3a). The treatments spiked with 125 ppm Cu released aroimd 20% more 
CO2 after 10 (P= 0.033) and 13 (P= 0.013) days incubation than the treatment 
with no added Cu.
The cumulative CO2 production over 16 days was 3 times lower in the 750 ppm 
spiked treatment (P< 0.001) compared to the other two treatments (Figine 3.3b).
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Figure 3.3 CO2 evolution profile in Bjerkandera sp. BOS55 colonised sand 
incubated in the N-sufficient and Mn-ffee medium, spiked with pyrene at 200 mg 
kg'‘and different concentrations of Cu: 0, 125 and 750 mg V\ (a) Values shown 
are average CO2 produced per microcosm (ppm) over 3-4 days of incubation at 
30°C, n= 4. (b) Cumulative CO2 produced per treatment over the 16 days
incubation period. All values are corrected for the abiotic CO2 level remaining 
after flushing with O2. Standard error bars are shown.
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3.3.1.2 Pyrene Degradation
Pyi'ene degradation (Table 3.2) was inliibited by 38% at a concentration of 750 
ppm Cu compared to the treatment where no Cu was added (P= 0.037) and by 
55% compar ed to the treatmeirt with 125 ppm Cu (P= 0.000). The presence of Cu 
at 125 ppm increased pyr ene degradation by 30% compared to the treatment with 
no added Cu (P= 0.026). Pyrene losses in all treatments were significantly higher 
than losses in the sterile control (P< 0.001). •
Table 3.2 Pyrene degradation hy Bjerkandera sp. BOS55 incubated at 30°C with 
different concentrations of Cu in a N-sufficient and Mn-ffee sandy environment, 
hiitial pyr ene concentration was 200 mg kg“Miy sand. Abiotic loss of pyrene 
over 16 days of incubation was 15.0 ± 0.3%, n= 12. Values shown are % pyrene 
lost due to frmgal degradation alone. Standard errors are shown, n= 4.
Cu (ppm) Treatment % Pyreue degraded by fungus
0 12.5 ± 0.2
125 17.6 ±0.3
750 7.8 ±0.2
3.3.1.3 Active Fungal Biomass
Cu at a concentration of 750 ppm decreased the activity of the fungus by 60% 
compared to the treatment without added Cu (P= 0.000) and by 50% compared to 
the treatment with 125 ppm Cu (P= 0.001) suggesting that the activity o f the 
fungus was slightly lower in the treatment containing 125 ppm Cu compared to 
the treatment with no added Cu (P= 0.033) (Table 3.3).
Table 3.3 Active Bjerkandera sp. BOS55 biomass colonising sand spiked with 
N-sufficient and Mn-free medium, pyrene and Cu after 16 days of incubation at
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30°C. The results shown are based on FDA hydrolysis to fluorescein assayed at 
490 nm. Values are expressed as OD. units/g sand/liour. Standard eiTors are 
shown, n= 8.
Cu (ppm) Treatment 0 . D. units/g sand/hour
0 0.020 ±0.001
125 0.015 ± 0.002
750 0.008 ± 0.001
3.3.2. Effect of Zeolite Addition
3.3.2.1 CO2 Evolution
The peak in fungal respiration was obtained during the first 4 days of incubation 
(Figine 3.4a); The treatment with 125 ppm Cu produced the most CO2 with 40% 
more CO2 produced compared to the 750 ppm Cu (P= 0.002), 30% more CO2 
produced compared to the 125 ppm Cu + zeolites (P= 0.015) and 76% more CO2 
produced compared to the 750 ppm Cu + zeolites (P= 0.000). In contrast, the 
treatment with 750 ppm Cu + zeolites produced the least CO2 and was 
significantly lower than the treatments with 125 ppm Cu (P= 0.000), 750 ppm Cu 
(P= 0.008), 125 ppm Cu + zeolites (P= 0.001). The level of fungal respiration 
decreased by half in all the treatments by day 7 apar t fi orn the treatment with 750 
ppm Cu + zeolites. The latter treatment produced aroimd 40% less CO2 compared 
to the treatments with 125 ppm Cu (P= 0.017), 750 ppm Cu (P= 0.009), 125 ppm 
Cu + zeolites (P= 0.036). Respiration continued to decrease in all treatments and 
became significantly higher at day 14 in the treatment containing 750 ppm Cu + 
zeolites compared to treatments with 750 ppm Cu (P= 0.007) and 125 ppm Cu + 
zeolites (P= 0.021). At day 18, the treatment with 125 ppm Cu + zeolites 
produced almost half as much CO2 as the treatments with 125 ppm Cu (P= 
0.008), 750 ppm Cu (P= 0.015) and 750 ppm Cu + zeolites 0.045). However, 
the same treatment produced significantly more CO2 at day 28 than the
treatments with 750 ppm Cu and 750 ppm Cu + zeolites (P= 0.036).
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The cumulative CO2 produced in all treatments over the 28 days incubation 
period is shown in Figure 3.4b. The treatment with 125 ppm Cu produced the 
most CO2. This treatment produced around 20% more CO2 than the treatments 
with 750 ppm Cu (P= 0.007) and 125 ppm Cu + zeolites (P= 0.014) and ai'oimd 
45% more CO2 than the treatment with 750 ppm Cu + zeolites (P= 0.000). In 
contrast, the treatment with 750 ppm Cu + zeolites produced the least CO2 with 
25% less CO2 produced in this tieatment compared to the 750 ppm Cu and 125 
ppm Cu + zeolites (P= 0.001).
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Figure 3.4 The effect of zeolite addition on the CO2 evolution profile of 
Bjerkandera sp. BOS55 colonised sand and bran with added N-sufficient and 
Mn-fi-ee medium containing Cu at 125 or 750 mg The microcosms were 
spiked with pyi'ene at 200 mg k g '\ (a) Values shown are average CO2 produced 
per microcosm (ppm) over 3-4 days of incubation at 30°C, n= 4. (b) Ciumilative 
CO2 produced per treatment over the 28 days incubation period. All values are 
collected for abiotic CO2 level remaining after flushing with O2. Standard error 
bars are shown.
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3.3.2.2 Pyrene Degradation
At the end of the 28 day incubation period, pyrene had disappeaied from the 
treatments due to fungal degradation alone as follows: 36.4% in the tieatment 
witli 125 ppm Cu, 17.5% in the treatment with 125 ppm Cu + zeolites, 0.7% in 
the treatment with 750 ppm Cu and 0.1% in the treatment with 750 ppm Cu + 
zeolites. The treatment with 125 ppm Cu removed significantly more pyiene than 
the treatments with 750 ppm Cu and 750 ppm Cu + zeolites (P= 0.007). The 
degradation profile of pyrene is shown in Figure 3.5.
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Figure 3.5 The effect of zeolite addition on pyiene degradation by Bjerkandera 
sp. BOS55 incubated in sand and bran with added N-sufficient and Mn-fi’ee 
medium containing Cu at 125 or 750 mg 1"\ Initial pyrene concentiation was 200 
mg kg“  ^ dry sand. Abiotic loss of pyrene over 28 days of incubation was 4.3 ± 
0.3%, n= 12. Values shown are % pyiene lost due to fungal degiadation alone. 
Standard errors aie shown, n = 4.
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3,3.2.3 Active Fimgal Biomass
FDA measurements in all the tieatments at weekly intervals are shown in Figure 
3.6. The treatment with 125 ppm Cu showed around 65% more fungal activity 
(P= 0.009) at day 0 than the treatment with 750 ppm Cu. Fungal activity seemed 
to decrease by half in all treatments by day 7 of incubation apart from the 
treatment with 750 ppm Cu which remained the same. After incubation for 14 
days, activity had increased in both the zeolites tieatments. hi fact, the treatment 
with 750 ppm Cu + zeolites showed 58% more activity than the treatments with 
125 ppm Cu (P= 0.001), 72% more activity than the tieatment with 750 ppm Cu 
(P= 0.000) and 26% more activity than the treatment with 125 ppm Cu + zeolites 
(P= 0.028). Also, the treatment with 125 ppm Cu + zeolites had 45% more 
activity than the treatment with 750 ppm Cu (P= 0.021). At day 21 of incubation 
the results were reversed; the treatment with 750 ppm Cu + zeolites had 15% less 
activity than the treatments with 125 (P= 0.001) and 5% less activity than the 
treatments with 750 ppm Cu (P= 0.035). Also, the tieatment with 125 ppm Cu + 
zeolites had 12% less activity than the tieatment with 125 ppm Cu (P= 0.021). 
The results were maintained with the treatment containing 750 ppm Cu + zeolites 
showing significantly less activity than the treatments with 125 and 750 ppm Cu 
(P< 0.001) and the treatment withl25 ppm Cu + zeolites (P= 0.004). Again the 
tieatment with 125 ppm Cu + zeolites had 8% less activity than the treatments 
with 125 (P= 0.018) and 750 ppm Cu (P= 0.009).
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Figure 3.6 The effect of zeolites addition on the activity of Bjerkandera sp. 
BOS55 incubated in sand and bran with added N-sufficient and Mn-fi'ee medium 
containing Cu at 125 or 750 mg f  \  The microcosms contained an initial pyrene 
concentration of 200 mg kg”  ^ dry sand. The results shown are based on FDA 
hydrolysis to fluorescein assayed at 490 nm. Values are expressed as O.D. units/g 
sand/hoiu*. Standard errors are shown, n = 4.
3.4 Discussion
Cu at concentration of 750 ppm decreased microbial activity and colonisation of 
the sand (Figure 3.3 and Table 3.3) and reduced the degradation of pyiene by the 
fungus (Table 3.2). The decrease in microbial activity was shown at all sampling 
time points and in the cumulative CO2 evolution profile (Figure 3.3). The profile 
consistently showed the toxicity of Cu in the 750 ppm treatment which was 3.5- 
fold lower in CO2 than the 125 ppm Cu treatment. In addition, the treatment with 
125 ppm Cu seemed to be more optimal for both fungal activity (Figuie 3.3) and 
pyi'ene degradation (Table 3.2) than tlie treatment with no added Cu.
The retardation in pyrene degiadation could be a direct result of Cu toxicity to the 
fungal biomass (Chapter 2), or a repression of the enzymes LiP and MnP
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(Chapter 2) reported to be responsible for the degradation of tliis compound 
(Kotteiinan, 1998). LiP has been shown to oxidise PAHs witli an ionisation 
potential (IP) up to 7.55-8.0 eV. IP is defined as the amount of energy required 
for a one-electi'on abstraction. The IP of pyiene is 7.50 eV and the compound is 
mainly oxidised by LiP to pyi'ene-1,6-quinone and pyiene-1,8-quinone, and by 
MnP to CO2 (Kottennan, 1998). The presence of pyi'ene would have induced 
some MnP activity as shown in Chapter 2, but the induction would not have been 
sustained for very long due to the absence of Mn necessary for enzyme function. 
Therefore, LiP could have been the key enzyme in the degiadation of pyrene by 
the fungus. LiP activity in the previous chapter was foimd to be repressed by Cu 
and/or its levels directly correlated with the biomass, thus decreasing with poor 
fimgal colonisation. The loss of pyrene (Table 3.2) in the tieatments seemed to 
directly conelate with both fimgal respiration (Figure 3.3) and activity (Table 
3.3). Hence, the slow loss of pyiene in the 750 ppm tieatment could be attiibuted 
to the metal’s direct toxicity to the fungal biomass.
In the second pai't of the study, zeolites were added to the pyiene and Cu-spiked 
sandy microcosms to check whether they improved pyiene degradation by the 
fimgus in the presence of different Cu concentrations. In addition, bran was 
inti'oduced into the microcosms to improve fungal colonisation. Indeed, the CO2 
levels produced after incubation with bran (Figme 3.4) were at least 30-fold 
liigher than those incubated with glucose alone at 10 g f* (Figure 3.3). CO2 
production reached its maximum level within 4 days of incubation with bran as 
opposed to a week with glucose. The toxicity of Cu was again confirmed in the 
tieatment with 750 ppm Cu where 1.5-fold less CO2 was produced compared to 
the treatment with 125 ppm Cu (Figme 3.3b). hi compaiison, CO2 evolution in 
the glucose-containing 750 ppm Cu treatment was at least 3-fold lower than that 
in the 125 ppm Cu treatment. Therefore, the presence of bran seemed to have 
significantly improved fungal colonisation in the presence of Cu at 750 ppm. 
However, the improvement in fungal colonisation in the treatment with 750 ppm 
Cu did not necessarily correlate with an increase in pyiene degradation. With 
glucose as the only co-substrate, the fimgus degi aded aromid 8% of the pyi ene
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within 16 days. While in the microcosms to which bran was added, less than 1% 
of the pyrene was degraded over a period of 28 days. The consumption of bran in 
the tieatment with 125 ppm Cu was at its liighest during the first 4 days of 
incubation, during which time the fimgus would have produced enough biomass 
and the necessary extracellular- enzymes for pyiene degradation (Figure 3.4a). In 
fact, ar ound 36% of pyi ene was degraded by the fmigus in the presence of bran 
over 28 days (Figure 3.5), compared to 18% after 16 days with glucose as co­
substrate (Table 3.2). The consumption of bran in the treatment with 750 ppm Cu 
proceeded at a much lower rate because of Cu toxicity, delaying the degradation 
of pyrene. Hence bran considerably improved fungal respiration and colonisation 
compared to glucose alone. However, in the presence of Cu, glucose seemed to 
be a much better co-substrate for pyiene degradation.
The addition of zeolites did not improve fungal respiration (Figme 3.4 b). On the 
contrary, the CO2 production in the treatment with 750 ppm Cu + zeolites was 
1.5- fold lower than that in the treatment with 750 ppm Cu. Also, CO2 production 
in the treatment with 125 ppm Cu + zeolites was 1.2-fold lower than that in the 
treatment with 125 ppm Cu. The explanation for these obseiwations might be that 
the zeolites were mopping up other nutrients necessary for fimgal growth in 
addition to Cu, thus reducing fungal growth. Also the consumption of bran in the 
tieatments with 125 ppm Cu + zeolites and 750 ppm Cu + zeolites proceeded at 
much lower rates than in the ti'eatments with 125 and 750 ppm Cu, respectively. 
Hence the amomits of CO2 produced in the zeolite-containing treatments 
appeared to be sometimes higher than the zeolite-free treatments towards the later 
stages of incubation due to the persistence of bran (Figme 3.4a). This was 
confimied by the FDA measurements at day 14 (Figure 3.6), where the zeolite- 
containing treatments showed better fungal activity than the treatments without 
zeolite. The FDA measmements coiTelated with the CO2 profile especially at days 
14 and 28.
Therefore zeolite addition did not improve pyrene degradation by the fungus in 
the presence of Cu (Figure 3.5). On the contrary, 36.4% of pyi'ene was lost in the
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treatment with 125 ppm Cu as opposed to 17.5% lost in the treatment with 125 
ppm Cu + zeolites, again possibly due to the zeolites reducing fungal activity by 
mopping up essential nutiients. Also, the tieatment with 750 ppm Cu + zeolites 
had very little pyiene loss, with at least 7-fold less pyiene degiaded than the 
tieatment with 750 ppm Cu.
In summary, Cu in the 750 ppm spiked tieatments was toxic to Bjerkandera sp, 
BOS5 5 activity and delayed pyiene degradation. Glucose was found to be a much 
better co-substrate for pyrene degiadation than bran in the presence of Cu. 
However bran did improve fungal colonisation and activity that resulted, after 
depletion, in good subsequent degi adation of pyrene. The addition of zeolites did 
not improve pyrene degradation by the fungus possibly due to the removal of 
essential nutrients in addition to Cu, limiting fungal giowth. Although highly 
adequate at removing Cu, addition of natiual zeolites did not represent a good 
bioremediation measure when both PAH and metal pollution co-existed.
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Isolation and Screening of PAH-Degrading Bacteria
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4.1 Introduction
PAHs have been produced in the environment throughout geological time and 
given the multitude of their natural sources, many organisms have adapted 
toward the use and exploitation of these natuially occumng potential growth 
substrates (Mueller et aA, 1996; Mueller et al., 1997). Thus, some indigenous 
microorganisms in soil possess unique metabolic capabilities enablmg them to 
degrade organic contaminants such as PAHs (Mueller et a l, 1996; Sokhn et a l,  
2001). However, these organisms usually face competition from indigenous 
microflora for available substrates and nutrients (Mueller et al., 1996). PAH- 
degrading organisms are usually more abimdant in oil-contaminated soil, where 
the presence of hydrocarbons is selective for their growth and proliferation 
(Mueller et a l, 1997; Haq and Shakoori, 2000).
Unlike WRF, which degrade PAHs tlnough non-specific radical oxidation, 
bacteria trigger the oxidation of PAHs by incorporating both atoms of O2 
catalysed by a dioxygenase into the aromatic ring to produce a cw-dihydrodiol, 
which is then dehydrogenated to give a catechol (Malno et a l, 1994). Complex 
flised ring stmctures such as phenanthiene, anthracene and pyrene are 
metabolised by bacteria at multiple sites to form isomeric czj-dihydrodiols 
(Mueller et a l, 1996). Complete mineralisation enables bacteria to grow on the 
PAHs as a sole source of C and energy. To date, the mineralising degradation of 
PAHs has only been described for PAHs with 2, 3, and 4 condensed aromatic 
rings (Mahro et a l, 1994).
Indigenous soil microorganisms degrade HMW PAHs slowly due to their
persistence in soil. The recalciti ance of these pollutants is caused by their sti'ong
adsoiption to soil organic matter as well as their poor water solubility, which in
turn decreases their bioavailability for microbial degradation. Over the last five
decades, a few isolates of Pseudomonas and Mycobacterium have been shown to
degrade a range of PAHs (Mueller et al., 1996). More recently, inoculation of
microorganisms possessing unique metabolic capabilities was shown to enhance
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bioremediation of PAH-contaminated sites (Mueller et a l, 1996) suggesting that 
the use of specific inoculants could enliance the removal of HMW PAHs by 
increasing rates of overall PAH removal and improving bioavailability of PAHs 
(Mueller et a l, 1997). Mahi'o et a l (1994) showed that supplementing a non- 
sterile soil with 4 PAH-degiading bacterial strains isolated from contaminated 
soil led to a 2- to 5-fold increase in the degradation of a range of PAHs, such as 
naphthalene, phenantluene, pyrene, antlnacene and fluoranthene compared to 
both non-supplemented and fertiliser-containing (C:N:P= 150:10:1) treatments. 
Unfortunately, inoculation of natmal soil with microorganisms is a complicated 
process that sometimes yields little success in the field and natuial ecosystems. 
For instance, many factors need to be carefully considered when using soil-slurry 
reactors as a bioremediation strategy, including the catabolic activities of the 
indigenous microflora, presence of metals and other inorganic substances that 
might be toxic to the inoculants, physicochemical parameters (pH, temperature 
and moistuie) and the bioavailability and biodegiadability of PAHs. However, 
when more carefiilly selected and applied, inoculants could be an effective 
method to enhance biological cleanup of PAHs (Mueller et a l, 1996).
This chapter describes 1) the selective isolation of PAH-degiading bacteria from 
an oil-contaminated soil as well as a composting mixture of wheat straw and 
chicken manure and 2) the screening process, which enabled the identification of 
the isolates most efficient at degiading a range of PAHs.
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4.2 Materials and Methods 
4.2.1 Isolation of PAH-Degrading Bacteria from Wheat Straw and Chicken 
Mannre
4.2.1.1 Rationale
The composting mixture of chicken manure and wheat straw constitutes a 
medium very rich in C and N sources, hence encouraging the growth of a wide 
range of organisms. The spiking with PAHs provides a stimulus for PAH 
degiaders to grow and proliferate.
4.2.1.2 Experimental Set-up
Non-sterile wheat straw (18 kg) was chopped to 2-3 cm pieces and sterilised 
chicken manure (5 kg) was milled in a high-speed blender to a fine powder. The 
wheat straw and chicken manure (C: N ratio= 30) were spiked with a PAH 
mixture containing phenantlnene, pyrene and BaP, at final concentrations of 400, 
200 and 50 mg kg'^ diy mixtuie weight, respectively. The spiking consisted of 
overnight soaking of half the wheat straw in a mixture of PAHs in acetone, after 
which the acetone was evaporated in a flimehood and the spiked wheat straw was 
added to the remaining wet wheat straw and chicken manure (water content 78% 
w/w). The mixing was perfonned in turning bins.
4.2.1.3 Incubation and Sampling
Approximately 25 holes (15 imn in diameter) were introduced to all the sides and
covers of disposable plastic jars to allow sufficient aeration (Dispojai- 10 litres).
The jars were filled with the wheat straw and chicken manure spiked mixture,
and then wrapped in polystyrene bubble wrap to preseiwe heat while still
allowing aeration. The PAH-contaminated wheat straw and manure mixture was
left to compost over a period of 8 weeks. The temperature in the jars was
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monitored over the incubation period and was on average 35°C during the first 
month of incubation. The jai's were sampled twice during the first week of 
incubation, then once every week for the remaining incubation period. Foui'jars 
were destirictively sampled at each sampling point to isolate PAH degiading 
bacteria. A compost suspension (8% w/v) was prepared at every sampling point 
hr sterile Va strength Ringer’s solution (Appendix 2). These microbial 
suspensioirs were inoculated (10% v/v) into a medium consisting of basal salts 
(BSM) as described by Juhasz and Naidu (2000b) (Apperrdix 1) with the PAH of 
iirterest as the only available C source. This procedure enriched those 
populations of microbes capable of gi'owiirg orr or degrading the PAHs of 
irrterest. These emiclnnent cultines were prepared in sterile (Sterilin 50 ml) 
centrifuge tubes. The PAH was dissolved iir dimethylfbmramide (DMF) and 
administered into BSM, giving a final DMF concentration of 5% v/v. The tubes 
were incubated in the dark, at 2 °C, on a shaker at 150 rpin. Utilisatiorr of the 
PAHs in the enrichment cultures was evidenced by a visual decrease in the 
amoimt of PAH crystals in the medium, a colour charrge of the medium and a 
visual increase in biomass. Wlien growth had occurred after 10 days, emiclrment 
cultmes were transferTcd to fresh rnediimr using a 10% v/v inoculiun and 
incubation continued for arrother 10 days. Enrichment cultmes were prepared for 
each PAH. Pme cultmes were isolated from the enriched cultmes by a spray 
plate teclinique usirrg pherrarrtlrrene, pyreire or BaP as the sole C and energy 
somce (Julrasz and Naidu, 2000b). Ten fold serial dilutiorrs of the eirrichment 
culture’s supematarrt were prepared in sterile Va strength Ringer’s solution to a 
concentration of 10' .^ Samples (0.1 ml) of each dilution were tr*ansferred onto 
BSM (solidified with 1.2% agar) and spread over the agar smface with a sterile 
plate spreader, hnmediately thereafter, a diethyl ether solution of the test 
compomid (2% w/v) was mrifonnly sprayed onto the smface of the agar plates 
usirrg a Preval Power Spray Unit (Sigma). BSM agar plates were incubated at 
25°C for up to 6 weeks. PAH-degrading microorganisms were visualised by a 
distinct PAH-clear" zone smToimdirrg individual colorries where the PAH was 
degraded. Individual pure colonies were streaked onto BSM agar, sprayed with
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phenanthrene, pyrene or BaP and incubated at 25°C. Once the purity of the 
isolated colonies was established, the bacterial isolates were preserved on plastic 
beads at -80°C.
4.2.1.4 PAH Degraders Isolated from Wheat Straw and Chicken Manure
Api 20 E strips (Biomérieux) were used for the preliminary identification of the 
isolates. A total of 13 PAH-degrading microbes were isolated from the 
composting mixture of wheat straw and chicken manure, 8 were isolated from 
phenanthrene spray plates, and 5 from the pyrene ones. All strains were isolated 
in the first 3 weeks of incubation. One isolated phenanthrene-degrading organism 
is shown in Figure 4.1 below. The BaP-containing enrichment cultures showed 
minimal increases in biomass. The plates sprayed with BaP did not exhibit any 
microbial growth or clearing zones. In fact, it was observed that the persistent, 
recalcitrant five-ring BaP crystallised onto the plates, making it inaccessible to 
the microbes. This indicated that BaP was not used by the bacterial isolates as a 
sole C and energy source.
Colony surrounded by compound 
clearing zone (8 mm diameter)
Intact phenanthrene film where no 
growth had occurred
Large phenanthrene clearing zone 
where significant growth had occurred
Figure 4.1 Phenanthrene clearing zones on BSM plate inoculated with an 
organism isolated from a composting mixture of wheat straw and chicken
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inaniue. The organism had been stimulated in phenanthrene-spiked BSM 
enrichment cultui e prior to inoculation.
4.2.2 Isolation of PAH-Degrading Bacteria from Oil-Contaminated Soil
4.2.2.1 Preparation and Incubation
Soil was collected hom a waste-dimiping site in Littlehampton (West Sussex) 
ftom around a container that was used to collect spent engine oil. The soil aiound 
this container was heavily polluted with engine oil. A soil suspension (8% w/v) 
was made up aseptically with Va strength Ringer’s solution. The suspension was 
incubated at 25°C and shaken overnight at 150 ipm. A 10 % v/v inoculum of the 
soil suspension was placed into BSM amended with phenantlirene, pyrene, 
anthracene or anthraquinone. Wlien growth had occiured after 10 days, the 
enriched cultures were transferred to fresh media using a 10% v/v inoculum and 
incubation continued for another 10 days. The isolation of PAH-degi'ading 
organisms was performed as described in Section 4.2.1.3.
4.2.2.2 Oil-Contaminated Soil Isolates
Api 20 E strips were used for the preliminary identification of the isolates where 
possible. A total of 8 PAH-degiuding bacteria were isolated from the oil- 
contaminated soil. Two on pyrene plates, 4 on phenanthrene plates, 1 on 
antluacene plates and 1 on antluaquinone plates. Pyrene- and antluacene- 
degrading organisms are shown in Figure 4.2 below. The isolates were preseiwed 
on plastic beads at -80°C until fuiHier use.
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(a)
%
Large clearing zone due to 
significant microbial growth
Clearing zones (1 mm diameter) 
around colonies
(b)
Clearing zone (2 mm diameter) 
around colony
Clearing zones (1 mm diameter) 
around a different type of colony
Figure 4.2 Clearing zones of (a) pyrene and (b) anthracene on BSM plates 
inoculated with organisms from an oil-contaminated soil. The organisms were 
stimulated in PAH-spiked BSM enrichment cultures prior to inoculation.
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4.2.3 Screening Process
4.2.3.1 Screening Overview
The bacterial isolates were evaluated for their degradation of a mixture of two 
PAHs: 1) phenanthrene and pyrene and 2) antlrracene and anthraquinone. As 
each screening was performed over a time period of 4 to 6 weeks, not all isolates 
could be screened because of time resti'aints. Therefore, only isolates that showed 
the largest zones of PAH clearing on BSM plates were selected for screening. 
Two screening experiments were performed: 1) the first screening compared the 
extent of degradation of phenantlirene and pyrene by 6 isolates (designated M l 
to M6) isolated from chicken manure and wheat straw and 2) the best performers 
in the first screening experiment as well as the antlrracene and anthraquinone 
degraders designated M7 and M8 respectively (isolated from the oil- 
contaminated soil) were screened for the degradation of anthracene and 
anthraquinone.
4.2.3.2 First Screening
4.2.3.2.1 Microcosm Set-up
Tliirty grams of washed silica sand (2-3 mm in diameter) were weighed into 100 
ml Duran bottles. The bottles were autoclaved twice for 30 minutes at 115°C 
with a time period of 48 hoius between autoclavings. A 5 ml volume of PAH in 
acetone solution was aseptically added to each bottle. The bottles were mixed on 
a vortex mixer for one minute. The acetone was left to evaporate from the 
loosely capped bottles, in a fumehood, leaving final phenanthrene and pyrene 
concentr ations of 400 and 200 mg kg'^ dry sand, respectively.
The selected isolates M1-M6 (Table 4.1) were revived by placing plastic beads
impregnated with each strain on 1% Tryptone Soya Agar' (TSA) (Appendix 2).
The plates were incubated at 25°C until microbial growth occiured. Visible
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colonies were scraped off the agar using a sterile plastic spreader and re­
suspended in sterile % strength Ringer’s solution. Ten fold dilutions (10'^ to 10"'’) 
were prepared for each suspension. The suspensions were stored at 4°C for 24 
hours. Ten 20 pi drops of each dilution were placed on 1% TSA and colony 
forming lurits (CFUs) in each drop were counted after 24 hours of incubation at 
25°C. The average number of CFUs in each suspension was calculated from 
these counts. The suspensions were diluted in sterile RO water, and re­
suspended in BSM, to give a final concentration of approximately 10  ^ CFUs per 
2 ml of BSM. A volume of 2 ml of this suspension was added to the PAH-spiked 
sand in each Duran bottle. Triplicate bottles were prepared for each isolate per 
sampling day. The loosely capped Duran bottles were placed in deep plastic 
boxes containing a 3 cm layer of water to prevent excessive loss of water from 
the sand. The boxes were partially covered to allow aeration and incubated at 
25°C for six weeks. A set of bottles filled with sterile sand was prepared as 
above. These served as controls to measure abiotic losses of the two PAHs.
4.2.3.2.2 Microbial Counts
The bottles were sampled on the day of set-up (day 0), and weekly over the next 
6 weeks. Three replicates per strain were destructively sampled at each time 
point. One gram of wet sand was aseptically removed from each bottle and 
placed in 10 ml of sterile % strength Ringer’s solution. The suspensions were 
shaken in the dark at 150 rpni for 2 hours to dislodge bacteria from the sand. 
Subsequently, a ten-fold serial dilutions series (10"  ^ to 10"'’) was prepared from 
each sample. Aliquots (0.1 ml) of dilutions 10"^  to 10"'’ were spread on 1% TSA. 
Visible CFUs were counted for each suspension after 2 days of incubation at 
25°C.
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4.2.3.2.3 PAH Degradation
The remaining 29 g sand was dried in an oven overnight and the remaining 
PAHs were extracted with 25 ml of cyclohexane containing 9-MA as an internal 
standard at a concentration of 80 mg 1'^  cyclohexane. The bottles were shaken 
overnight at 170 rpm at 25°C. The PAH extracts were placed in centrifuge tubes. 
The sand was rinsed with cyclohexane and the rinse solutions were added to the 
corresponding extiacts. After centrifugation at 3500 x g  for 10 minutes, the 
supernatants and tlie centrifuge tube rinse solutions were decanted into 100 ml 
Duran bottles. The uncapped bottles were placed in the fumehood overnight to 
allow the solvent to evaporate. The dried PAH extracts were re-dissolved in 1 ml 
of toluene and analysed by GC as described in Section 3.2.1.3. PAH sampling 
was performed at day 0 and at weekly intervals after incubation for 14 days. The 
compounds were eluted in the following order: toluene, phenantlirene, 9-MA and 
pyrene. The amounts of PAHs recovered were calculated using the standaid 
curve equation obtained for each PAH. The standards were prepaied in the same 
manner as the test samples, spiked with the PAHs and extracted as described 
above.
4.2.3.2.4 Statistical Analysis
Statistical analyses were carried out using SPSS 11.5 for Windows XP as 
described in Section 2.2.1.5.
4.2.3.3 Second Screening
Sand spiked with PAHs was set-up as in described in Section 4.2.3.2.1 with the 
following modifications. Antlrracene and antliraquinone were spiked in 
chlorofoiin into 50 g dry sand giving final concentiations of each PAH of 300 
mg kg’Mry sand after chlorofomi evaporation, hr this experiment, only one PAH 
was used per microcosm, as airtlnacene could potentially be transfomred into
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anthraquinone, and hence affect biodégradation assessment of antliraquinone. 
Bacterial isolates M2, M5, M6, M7 and M8 were revived as described previously 
and inoculated into the sand giving final concentiations of CFUs of 
approximately 10  ^ CFUs per 4 ml of BSM. A volume of 4 ml of microbial BSM 
suspension was added to the corresponding Duran bottles. All bottles were 
incubated at 25°C for 4 weeks. The sand was sampled weekly for microbial 
counts (Section 4.2.3.2.2). The sand was monitored weekly for PAH degiadation. 
PAHs were extracted with chloroform (without the drying step) containing 
pyieiie as an internal standard at a concentration of 600 mg f '  chloroform. The 
bottles were shaken overnight at 170 ipni at 25°C and the chloroform extracts 
were decanted into clean 100 ml Duran bottles. The sand was rinsed with 
chlorofoiin and the rinse solutions were added to tlie conesponding extracts. 
After chloroform evaporation, the dried PAH extracts were re-dissolved in 1 ml 
of chloroform and analysed using GC. The apparatus used was a Network GC 
system 6890N (Agilent Teclinologics) and was set-up as described in Section 
3.2.1.3. The compounds were eluted over a period of 3.3 minutes in the 
following order: chloroform, antliracene, antlnaquinone and pyrene. The 
amounts of PAHs recovered were calculated using the standard ciuwe equation 
obtained for each PAH. The standards were prepared in the same manner as the 
test samples, spiked with the PAHs and extracted as described above. Statistical 
analysis of results was performed as described in Section 2.2.1.5.
4.3 Results
4.3.1 Phenanthrene and Pyrene Degradation
The experiment quantitatively compared the efficiency of six bacterial isolates 
originating from a composting mixtine of wheat straw and chicken manure at 
degrading a mixture of PAHs. The results obtained for phenantlirene and pyrene 
degradation are shown in Figure 4.3. Both compounds were lost from sand 
inoculated with M l, M3 and M4 at similar rates to the abiotic losses in the
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control. Non-abiotic losses of phenanthrene in sand inoculated with M2, M5 and 
M6 at the end of the incubation period were significantly higher than in those 
inoculated with M l, M3 and M4 (P< 0.001). Similaiiy, non-abiotic losses of 
pyiene were also significantly higher in sand inoculated with M2, M5 and M6 
than those in those inoculated with M l and M3 (P< 0.05), and M4 (P< 0.001). 
M2 degraded both phenantlirene and pyiene after an initial lag phase of over 14 
days with only 27% of phenanthrene and 42% of pyi ene remaining after 42 days 
of incubation. M5 degraded both PAHs with 30% phenantluene and 54% pyrene 
remaining at the end of the incubation period, but with no apparent lag phase 
(less than 2 weeks) for phenantluene degradation. M6 seemed to degrade both 
compounds slightly better than M2 and M5, with only 17% phenanthrene and 
33% pyrene remaining. M6 was significantly better at degrading pyrene than M5 
(P= 0.015). Phenanthrene and pyrene lost in the sand due to degradation alone 
are summarised for all strains screened in Table 4.1.
117
Chapter 4
120
100  -
80 -
60 -
40 -
20  -
‘Abiotic
14 21 28
Day of incubation
35 42
M l  M2 «fSISSMBSSSîS^  ^ lVl4 M5  M6
120 1
100 -
 \
20  -
420 7 14 21 28 35
‘Abiotic M l
Day of incubation
M5 •M6
Figure 4.3 Degradation profiles of (a) phenanthrene and (b) pyrene by six 
selected isolates hom wheat straw and chicken manure. The isolates (designated 
M1-M6) were inoculated into sand spiked with both phenantlnene and pyrene at 
400 and 200 mg kg'^ dry sand respectively. The sand was incubated at 25°C over 
a period of 6 weeks. The control treatment shows abiotic losses o f each 
compomid over the incubation period. The values shown represent average % 
PAH remaining at each sampling point, n= 3.
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Table 4.1 Summaiy of degi adation of phenantlirene and pyiene by six bacterial 
isolates. The isolates designated M1-M6 originated from a composting mixture 
of wheat stiaw and chicken manm*e and were isolated on BSM/PAH spray plates. 
% PAH degi'aded after 42 days incubation by each strain is shown. The figures 
shown aie rounded up to the nearest unit and corrected for abiotic losses. 
Standai'd deviations aie shown, n= 3.
Bacterial
Isolate
Isolated on BSM 
sprayed witli 
PAH
% Phenantlirene 
degraded after 42 d
% Pyrene 
degraded after 42 d
M l Pyi'ene 0 ± 26 0 + 1 3
M2 Pyiene 73 ±5 58 ±1
M3 Phenantlnene 0 ± 2 0 ± 1
M4 Phenanthi'ene 2 ±25 0 + 17
M5 Phenanthiene 70 ± 7 46 + 3
M6 Phenantlirene 83 ± 7 67 ±3
4.3.2 Microbial Counts in Phenanthrene and Pyrene Sand
The gi'owth profiles of the six isolates over the 42 days of incubation are shown 
in Figure 4.4. All isolates showed an increase in nimibers between days 0 and 7 
of incubation after which the number of CFUs stayed more or less constant, 
except for M5, which proliferated significantly better than M l by day 14 {P= 
0.000), M2 {P= 0.003), M3 (P= 0.002), M4 (P= 0.000) and M6 (P= 0.006). M5 
showed a 10-fold decrease in CFUs between days 14 and 28 of incubation and its 
gi'owth was significantly slower than that of M l {P= 0.028), M2 (P= 0.032), M3 
{P— 0.014) and M4 (P= 0.029). The number of CFUs in the M6 colonised sand 
were also significantly lower than those of M l (P= 0.031), M2 (P= 0.035), M3 
(P=0.015) and M4 (P= 0.031). The number of M5 CFUs increased between days 
28 and 42 of incubation and were significantly greater than the number of CFU
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produced by the other isolates at day 35 (P< 0.001). This was also the case at day 
42. On the other hand M4 showed significantly slower giowth than M l (P= 
0.001), M3 (P= 0.033) and M6 (P= 0.002). M6 showed the second fastest growth 
at day 42 and was significantly better than both M l and M4 (P= 0.002 and 0.025, 
respectively).
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Figure 4.4 Growth profiles of the six bacterial isolates originating from a 
composting mixture of wheat straw and chicken maniue, and isolated on BSM 
PAH spray plates. The isolates were inoculated into PAH-spiked sand with 
added BSM and incubated at 25°C for 42 days. The sand contained only 
phenantluene and pyrene at a total of 600 mg kg"% as sole C sources. The values 
shown are average logio (CFU/30 g microcosm), n= 3. Standard eiTor bars are 
shown.
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4.3.3 Anthracene and Anthraquinone Degradation
Isolates M2, M5, M6 and M7 did not significantly degrade antlnacene and 
antln*aquinone in the presence of BSM and sand compared with the abiotic 
control. However organism M8 which was originally isolated from oil- 
contaminated soil on anthraquinone spray plates, degraded both anthracene (15.1 
± 1.0%) and antluaquinone (4.4 ±. 1.3%). The loss of both PAHs in the MS- 
inoculated sand was significantly higher than the negligible loss of compounds 
observed in the abiotic control freatnients (P= 0.000).
4.3.4 Microbial Counts in Sand Spiked with Anthracene and Anthraquinone
The microbial colonisation by the five bacterial isolates of both the antlrracene 
and anthraquinone spiked sand is shown in Figure 4.5. Isolate MB showed the 
most growth tliroughout the incubation period. Isolate MS colonised the sand 
spiked with anthracene significantly better than M2 {P= 0.001), M5 (P= 0.003), 
and M6 (P= 0.006) after 7 days of incubation (Figure 4.5a). After 14 days 
incubation, MS’s gi'owth was significantly better than M2’s (P= 0.043). On the 
last day of incubation MS had grown significantly better than M7 {P= 0.009), 
while the latter showed the slowest growth and produced significantly fewer 
CFUs than M2 and M5 (P= 0.045 and 0.01 S, respectively). The same occurred in 
the sand spiked with anthraquinone, where MS showed the best colonisation of 
the sand (Figure 4.5b). MS grew significantly better at than M2, M5 and M6 after 
7 (P< 0.05), 14 (P< 0.001), 21 (P< 0.05) and 28 days incubation (P< 0.001). MS 
colonised the antluaquinone spiked sand significantly better than M7 at sampling 
days 14 (P= 0.000) and 28 (P= 0.022). M7’s colonisation of the antluaquinone 
spiked sand was significantly better than that of M2 and M5 at days 7 (P= 0.016 
and 0.036, respectively) and 21 (P= 0.001 and 0.031, respectively).
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Figure 4.5 Growth profiles of five bacterial isolates originating fiom a 
composting mixture of wheat straw and chicken manure (M2, M5 and M6) or 
oil-contaminated soil (M7 and MB). All bacteria were isolated on BSM PAH 
spray plates. The isolates were inoculated into PAH-spiked sand with added 
BSM and incubated at 25°C for 28 days. The sole C source for the bacterial 
isolates in the sand was either (a) antlnacene or (b) anthiaquinone at a 
concentration of 300 mg kg'^ diy weight sand. The values shown are average 
logio (CFU/50 g microcosm), ;î=3. Standard error bars are shown.
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4.4 Discussion
Due to the length of each screening experiment, only eight isolates (M1-M8) 
were screened for their ability to degrade PAHs. hi comparison with M l, M3, 
and M4, isolates M2, M5 and M6 efficiently co-metabolised phenanthrene and 
pyi'ene (Table 4.1). M5 and M6 which were isolated on phenanthrene-sprayed 
BSM plates were only capable of degiading pyi'ene when in culture with 
phenantlirene. Phenanthiene degradation by the isolates M2, M5 and M6 was 
always faster than pyiene degradation. This could be explained by phenanthiene 
being a smaller molecule with a better water solubility (1.3 mg f ‘) than pyrene 
(0.14 mg r^) and hence better availability of the compomid for microbial 
degradation.
Isolate M5 degraded phenanthrene with no apparent lag phase (Figme 4.3a) and 
was the best at colonising the PAH spiked sand tlirough most of the incubation 
period. Although the organism was isolated from phenantluene eniichment 
cultures, it degraded pyi'ene after an initial lag phase of over 2 weeks. This kind 
of delay is often observed dming degradation of a mixtme of PAHs, where the 
presence of the LMW PAH stimulates the enzymes necessary for degr adation of 
the HMW compound (Leblond et a/., 2001).
The Gram-staining of M5 showed that the organism was a Gram-negative rod. 
The api 20 E stiip indicated that M5 was likely to be either Sphingomonas 
paucimobilis (formerly Pseudomonas paucimobilis) (57.3%) or Xanthomonas 
maltophilia (foiiiierly Pseudomonas maltophilia) (33.6%). Ho et al. (2000) 
showed that S. paucimobilis EPA 505 oxidised pyiene producing metabolic 
products, which suggested the possibility of attack on two different sites of the 
pyrene molecule. However, the organism was unable to derive degradable C 
from the initial opening of one of the pyiene rings. Hence there is a possibility 
that the organism might not grow on pyrene alone. Recent studies have shown 
that several S. paucimobilis sti'ains and other pseudomonads isolated from
123
________________________________________________________________________________ Chapter 4
contaminated sites successfully degraded and/or co-metabolised a range of PAHs 
(Ye et a l, 1996; Kim et a l, 1997; Kastner et a l, 1998; Bouchez et a l, 1999; 
Manohar et a l, 1999; Shin et a l, 1999; Grishchenkov et a l, 2000; Ilori and 
Amund, 2000; Leblond et a l, 2001; Kahng et a l, 2002; van Herwijnen et a l, 
2003). Pseudomonas species have also been tested as potential inoculants for 
bioremediation. Straube et a l (1999) have used bio-augmentation for the 
tieatment of soils contaminated with HMW PAHs to increase the metabolic 
potential of the bacterial community. They showed that when S. paucimobilis 
EPA 505 was added to contaminated soil, it was effective at co-metabolising a 
range of PAHs. The authors suggested that the survival of the strain when added 
to soil during land fanning of hydi'ocai'bon contaminated soils could be improved 
by immobilising the bacterium on an inert substance which would also result in 
an increased aeration of the soil. Moreover, Story et a l (2000) showed that S. 
paucimobilis EPA 505 utilises fluoranthene, naphthalene and phenanthrene as 
sole C sources for energy and growth and identified 4 genes necessar y for their 
utilisation. These 4 genes were found to be controlled by at least 2 promoters that 
were induced by a wide range of aromatic compounds including pyrene, 
phenanthiene and anthracene, hr contiast to S. paucimobilis, limited literature is 
available on the hydrocarbon degradation potential of the second likely identity 
of M5 X. maltophilia. Su and Kafkewitz (1996) have shown that this strain 
utilises toluene and xylene under aerobic conditions. Regardless of the exact 
identity of M5, it is certain that it belongs to the Pseudomonas genus which 
makes it an interesting and potential isolate for fiirther PAH biodégradation 
studies.
On the other hand, Chryseomonas luteola a Gram-negative rod was identified as 
the likely identity of M6 (99.9%). C. luteola has been previously shown to use a 
mixture of phenolic compounds as a sole source of C and energy (Buitron and 
Gonzalez, 1996), though no research to date has demonstrated its PAH- 
degrading ability. M6 was isolated fiom phenanthrene-enricliment cultures and 
showed the best degradation rates for both phenantlnene and pyrene with very
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little of each remaining after 42 days incubation. Degradation of phenantlirene 
and pyrene by M6 had a lag phase of over 3 weeks coiTesponding with a period 
of microbial growth and possible enzyme induction (Figm e 4.3).
Unlike isolates M5 and M6, isolate M2 was found to be Gram-positive and could 
therefore not be identified by the type of api strips used. The organism was 
isolated from a pyrene-emichment culture hence it is capable of oxidising pyrene 
without the need of a co-metabolite. M2 degraded both compounds adequately 
after an apparent lag phase of over 2 weeks (Figure 4.3). Interestingly, Ho et al. 
(2000) observed that all pyrene degraders that they isolated fiom 16 
environmental samples previously exposed to creosote, diesel fuel or coal tar 
materials were Gram-positive organisms and were also capable of growing on 
fluoranthene. Most of these degraders were Mycobacterium species. 
Furthermore, they showed that though fluoranthene degraders (mostly Gram- 
negative Sphingomonas species) did not grow on pyrene, pre-exposme of these 
organisms to phenantlirene improved their abilities to co-metabolise a range of 
PAHs including pyiene, antlrracene, and BaP.
None of the above tlrree isolates was capable of growing on either anthiacene or 
anthiaquinone as a sole source of C and energy which would accomit for the 
decreasing CFU counts in the sand (Figure 4.5). However, the strains were not 
pre-exposed to phenanthiene. Subsequently, isolates M2 and M5 were pre­
exposed to phenantlirene and re-tested for antlrracene degradation, alone as well 
as in co-cultures with Bjerkandera sp. BOS55 (Chapter 6).
M7 and M8 were not screened for phenanthrene and pyrene degradation in sand 
although both organisms were capable of growing on phenantlirene-spray plates, 
but not pyrene ones. Organism M7 was fomid to be a Gram-positive rod and it 
showed limited degiadation of both anthi*acene (0.9 ± 0.4%) and antluaquinone 
(2.4 ± 0.0%). However, M8 which was originally isolated hom oil-contaminated 
soil on anthraquinone spray plates, degraded both anthracene (15.1 ± 1.0%) and
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antluaquinone (4.4 ± 1.3%) and showed the best colonisation of the sand 
throughout the 28 day incubation period. An unacceptable profile was obtained 
for M8 using the api 20 E strips. Wliereas, M8 was foimd to be Gram-negative, it 
was unclear' whether it was a coccus or a rod using light microscopy. Despite the 
promising clearing zones obtained for anthi'acene and antlnaquinone by both M7 
and M8, the degradation of the two compounds was rather limited in the sand. 
This could have been caused by unsuitable conditions (pH and salinity) in the 
sand or the lack of suitable stimulation.
hi simimary, isolates M2, M5, M6 adequately co-metabolised phenanthrene and 
pyi'ene and isolate M8 degraded anthiacene and its metabolite anthraquinone. 
The four isolates were therefore suitable for testing PAH degradation imder 
heavy metal conditions (Chapter 5) and in co-cultures with Bjerkandera sp. BOS 
55 (Chapter 6).
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CHAPTER 5
Effect of Heavy Metals on PAH Degradation by Bacterial
Isolates
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5.1 Introduction and Alms
Heavy metals are known to affect soil microorganisms and their activities 
(McGrath et aL, 1988). The effects that heavy metals exhibit on soil 
microorganisms are especially important when sewage sludges are used as 
fertilisers to improve soil fertility (Khan and Scullion, 2002). Metals commonly 
found in sewage-sludge include Cd, Cu, Ni, Pb and Zn. Some of these elements 
are micronuti'ients, but all can be potentially toxic at high concentrations leading 
to a reduction of microbial activity. This can lead to reduced decomposition of 
organic materials in soils (Hattori, 1992; Konopka et al., 1999; Merckx et al., 
2001; Khan and Scullion, 2002).
Metals have been reported to decrease microbial biomass of soil, inhibit enzyme 
activities and cause changes in the microbial community structure. Metal effects 
include a shift in the microbial population fiom bacteria to fungi and reduced 
assimilation of mineralised N (Khan and Scullion, 2002). Changes to the 
microbial community induced by metal stress include a decrease in species 
diversity and communities dominated by a few species. This results in the 
elimination of longer-lived, larger sized X-strategists and an increase in the 
proportion of short-lived, relatively smaller sized /'-strategists (Georgieva et al., 
2002).
However, repeated exposure to heavy metals could result in bacteria adapting to 
the changed soil environment by developing various levels of metal resistance 
(Diaz-Ravifia'and Bââth, 2001; Hayat et al., 2002). When, bacteria are first 
exposed to metals, an immediate increase of tolerance is generally observed; this 
is followed by a more gradual increase in tolerance due to the different 
competitive abilities of surviving bacteria and to their physiological and/or 
genetic adaptations (Diaz-Ravina and Bââth, 2001). Hayat et al. (2002) studied 
the effect of long-term application of oil refinery wastewater on soil bacteria 
including aerobic heterotrophs, asymbiotic nitrogen fixers and actinomycetes. 
They observed that the majority of the bacterial populations could tolerate a
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concentration of 200 mg 1'^  of Ni, Cd, Pb, Co, Cu, Cr, Zn or Hg. However, at a 
concentration of 400 mg metal l ' \  growth of aerobic heterotrophs was only 
obseiwed when exposed to Pb, Cr or Zn, whereas the asymbiotic nitrogen fixers 
gi ew in the presence of Ni, Cd, Pb, Cu and Zn. On the other hand, actinomycetes 
could not grow at this high concentration of heavy metals. Conflicting results 
were obtained by Konopka et al. (1999) who found that Pb-resistant isolates in 
Pb-contaminated soil were all Gram-positive bacteria that were members of the 
genus Bacillus, coryneforms, or actinomycetes.
Microbial bioremediation of organic pollutants is a promising method of 
enviromnental clean up of soils. However, if the metals in soils are toxic to the 
microbes, removal of organic pollutants can be slowed down or halted (Konopka 
et al., 1999; Sokhn et al., 2001). Konopka et al. (1999) observed that Pb- 
contaminated soils contained lower levels of microbial biomass than 
uncontaminated soils. The authors ai’gued that this was not necessarily a direct 
effect of Pb toxicity because the soils did not have plant communities and, 
therefore, the lack of organic matter input could have reduced the microbial 
biomass. Sokhn et al. (2001) showed that Cu at 750 mg kg'* soil limited 
phenanthiene degradation and bacterial growth. Hence, although tolerance to 
heavy metals is a common phenomenon in polluted soils, metals have been 
shown to cause a shift in the microbial community favouring the growth of metal 
resistant or tolerant bacterial populations, which may not necessarily have PAH- 
degrading abilities, thus potentially limiting the bioremediation of these organic 
pollutants.
The experiment presented in this chapter aimed to investigate the effect of heavy 
metals on the growth of the isolates M2, M5, M6 and M8 and their capacity to 
degrade PAHs. The study was perfonned in two stages. The first stage 
examined the effect of a combination of heavy metals (Cu, Cd and Zn) on the 
degradation of a mixture of phenanthrene and pyrene by isolates M2, M5 and M6 
in sand amended with BSM. The second set of experiments examined the effect 
of different concentrations o f Cd on the degradation of a mixture of anthracene
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and anthraquinone by isolate M8 in glucose-supplemented BSM, as well as non­
supplemented cultures.
5.2 Materials and Methods
5.2.1 Effect of Cu, Zn and Cd on Phenanthrene and Pyrene Degradation
5.2.1.1 Experimental Set-up
Thirty grams of washed silica sand (2-3 mm in diameter) was weighed into 100 - 
ml Duran bottles. The bottles were autoclaved twice for 30 minutes at 115°C 
with a period of 48 hours in between autoclavings. A 5 ml volume of 
phenantluene and pyrene in acetone solution was aseptically added to each bottle. 
The bottles were mixed on a vortex mixer for one minute. The acetone was left 
to evaporate from the loosely capped bottles, in a fumehood, leaving final 
phenanthrene and pyrene concentrations of 400 and 200 mg kg'* diy sand, 
respectively.
The selected isolates M2, M5 and M6  were revived by placing plastic beads 
impregnated with each isolate on 1% TSA. The plates were incubated at 25°C. 
Visible colonies were scraped off the agar using a sterile plastic spreader and re­
suspended in sterile 14 strength Ringer’s solution. Ten-fold dilutions (10 * to 10' 
)^ were prepared for each suspension. The suspensions were stored at 4°C before 
10 X 20 pi drops of each dilution were placed on 1% TSA. CFUs were counted 
in each drop after 24 hours of incubation at 25°C. Subsequently,, the average 
number of CFUs in each suspension was calculated. The suspensions were 
diluted in sterile RO water, and re-suspended in BSM, to give a final 
concentration of approximately 10  ^CFUs per 2 ml of BSM. A volume of 2 ml of 
microbial BSM suspension was added to every Duran bottle. A metal solution 
containing CUSO4 5 H2O, ZnS0 4  7 H2O (Aldrich) and 3 CdS0 4 '8 H2 0  was added to 
each bottle giving a final concentration of Cu, Zn and Cd of 200 mg 1* each. The
BSM used was supplemented with tween 80 at 1 g 1* medium. For each
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sampling day, triplicate bottles were prepared. The bottles were well mixed and 
placed loosely capped in deep plastic boxes containing a 3 cm layer of water to 
prevent excessive water evaporation. The boxes were partially covered to allow 
aeration and were incubated at 25°C for 6 weeks. A set of abiotic controls 
containing sterile sand was prepared as above to measure abiotic losses of the two 
PAHs.
5.2.1.2 Microbial Counts
The bottles were sampled on the day of set-up and weekly over the next 6 weeks. 
Three replicates per isolate were destructively sampled at each time point. One 
gram of wet sand was aseptically removed from each bottle and placed in 10 ml 
of sterile 14 strength Ringer’s solution. The suspensions were shaken in the dark 
at 150 ipm for 2 hours, after which time a ten-fold serial dilutions series (10 * to 
10'^) was prepared from each suspension. Aliquots (0.1 ml) of dilutions 10*’ to 
10'  ^were spread on 1% TSA. Visible CFUs were counted for each suspension 
after two days of incubation at 25°C.
5.2.1.3 PAH Degradation
The 29 g of sand that was left was dried in an oven overnight and the remaining 
PAHs were extracted with 25 ml of cyclohexane containing 9-MA as an internal 
standard at a concentration of 80 mg F* cyclohexane. The bottles were shaken 
overnight at 170 ipm at 25°C. The cyclohexane extracts were placed in 
centrifuge tubes. The sand was rinsed with cyclohexane and the rinse solutions 
were added to the coiTesponding extracts. The PAH extracts were then 
centrifuged at 3,500 x g  for 10 minutes. The supernatants and the centrifuge 
tubes rinse solutions were decanted into 100 ml Duran bottles. The uncapped 
bottles were placed in the fumehood overnight to allow the solvent to evaporate. 
The dried PAH extracts were re-dissolved in 1 ml of toluene and analysed by GC 
as described in Section 3.2.1,3. PAH sampling was perfoimed at day 0 and at 
weekly inteiwals after incubation for 14 days. The standards were prepared in the
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same manner as the test samples, spiked with the PAHs and extracted as 
described above.
5.2.1.4 Statistical Analysis
Differences between means were analysed using SPSS 11.5 for Windows XP as 
described in Section 2.2.1.5.
5.2.2 Effect of Cd on Anthracene and Anthraquinone Degradation
The sand microcosms were set-up as described in Section 5.2.1.1 with the 
following modifications. A mixture of anthracene and anthraquinone in 
chlorofonn was spiked into 50 g dry sand giving a final concentration of each 
PAH of 300 mg kg'*dry sand after evaporation of the chloroform. As 
anthraquinone is a known product of antliracene oxidation by fungi, the study 
aimed to find out whether it could be degraded by bacteria in the presence of 
metals. Four Duran bottles (100 ml) of glucose-supplemented (10 g 1'*) BSM and 
four bottles of glucose-free BSM were prepared. All media were amended with 
tween 80 at a concentration of 1 g 1* medium. A filter-sterilised solution of 
3 CdS0 4  8H2O (up to 0.9 ml) was added to the glucose-ffee and glucose- 
supplemented media giving final Cd concentrations of 0, 125, 250 and 750 mg 
Cd r* medium.
Isolate M8 was revived as described previously and added to all bottles, giving a 
final concentration of approximately 3.4 x 10^  CFUs per 4 ml of BSM. The 
media were mixed continuously while 4 ml aliquots were added to each 
microcosm, resulting in eight treatments. Triplicate bottles were prepared per 
treatment. An additional set of glucose and Cd-free abiotic controls was 
prepared. All bottles were well mixed and incubated at 25°C for 29 days.
The sand was sampled weekly to quantify bacterial numbers (Section 5.2.1.2) and
PAH degradation. PAHs were extiacted with chlorofoiin containing pyiene as an
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internal standard at a concentration of 600 mg f ’ chlorofonn. The bottles were 
shaken overnight at 170 rpm at 25°C and the chloroform extracts were decanted 
into clean 100 ml Duran bottles. The sand was rinsed with chloroform and the 
rinse solutions were added to the corresponding extracts. After chlorofonn 
evaporation, the dried PAH extracts were re-dissolved in 1 ml of chlorofoim and 
analysed using GC as described in Section 4.2.3.3. The standards were prepared 
in the same manner as the test samples, spiked with the PAHs and extracted as 
described above. Statistical analysis of results was perfonned as described in 
Section 2.2.1.5. ‘T-Tests: two-sample assuming equal variances’ (Excel) were 
also used to compare anthracene and anthraquinone concentrations as well as 
CPU counts, at the last day of incubation in non-glucose-supplernented and 
glucose-supplemented treatments. A Pearson correlation test was performed on 
data where appropriate (Excel).
5.3 Results
5.3.1 Effect of Cu, Zn and Cd on PAH Degradation and Bacterial Growth
5.3.1.1 Phenanthrene and Pyrene Degradation
The degradation of phenanthrene and pyr ene in the presence of a mixture of Cu, 
Zn and Cd at a total concentration of 600 mg metal 1'^  is shown in Figure 5.1. 
The most extensive degradation of both compounds occurTed in the M2- 
inoculated sand where 60% of the phenantlirene and 40% of the pyrene were 
degraded compared to the abiotic control after incubation for 42 days (P< 0.001). 
In addition, M6 caused significant losses of phenanthrene (40% degradation; 
0.01) and pyr ene (22% degradation; P= 0.033) in the presence of metals.
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Figure 5.1 Degi-adation profiles of (a) phenanthrene and (b) pyrene by isolates 
M2, M5 and M6. The isolates were inoculated into sand spiked with both 
phenanthrene and pyrene at 400 and 200 mg kg'* dry sand respectively. The sand 
also contained Cu, Zn and Cd at a concentration of 200 mg 1'* each. The 
microcosms were incubated at 25°C over a period of 6 weeks. The values shown 
represent average % PAH remaining at each sampling point, 3.
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Most of the phenanthrene and pyi'ene losses occurred before day 21. Degradation 
of both compounds by isolate M2 was significantly better than their degiadation 
by isolate M6 (P= 0.009). Losses of phenanthrene and pyrene in treatments 
containing isolate M5 were not significantly different from the abiotic control. 
Only 18 ± 15 % of phenanthr ene and 12 ± 11 % of pyrene were degraded by 
isolate M5 after 42 days incubation, and losses of both compounds ceased after 
incubation for 14 days with the metal combination.
5.3.1.2 Microbial Counts
The metal combination consisting of Cu, Zn and Cd at a total concentration of 
600 mg r* decreased microbial colonisation of the sand. The CPU numbers 
originally being 10  ^ CPUs per 2 ml of BSM declined significantly over the 42 
days incubation period {P< 0.001). A 10-fold decrease in CPUs of all isolates 
was observed every week up to day 21 of incubation after which microbial 
growth could no longer be detected.
5.3.2 Effect of Cd on PAH Degradation and M8 Growth
5.3.2.1 Anthracene and Anthraquinone Degradation
The loss of anthracene in the non-glucose supplemented BSM and sand cultures 
is shown in Piguie 5.2a. The greatest loss of anthracene over the 29 day 
incubation period was obseived in the treatment containing 125 ppm Cd where 
around 23% of the compound was lost due to degradation by isolate M8 (P= 
0.042). The total amount of anthracene lost in the treatment containing 125 ppm 
Cd was significantly greater than 15% anthracene lost in the abiotic control {P= 0 
.006). Thi'oughout the incubation period, losses of anthiacene in treatments 
containing 250 and 750 ppm Cd were not significantly different fi'om the abiotic 
control.
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The loss of anthracene in the glucose supplemented BSM and sand cultures is 
shown in Figure 5.2b. Similar losses of anthracene due to degradation by isolate 
M8 were obseived in the Cd-hee treatment (17 ± 10%) and the treatment 
containing 750 ppm Cd (17 ± 3%) compared with the abiotic control {P- 0.01 
and 0.05 respectively) and the treatment containing 750 ppm Cd {P=^  0.049) 
were significantly higher than the loss of compound obseived in the abiotic 
conti'ol. Anthiacene was degraded least in the treatments containing 125 ppm Cd 
(7 ± 8%), where loss of anthracene was significantly lower than that in the Cd- 
fiee treatment (P= 0.039).
No significant differences were found in losses of anthracene over the 29 day 
incubation period between the non-glucose supplemented BSM and sand cultures 
and the glucose-supplemented cultures, in treatments containing the same 
concentration of Cd.
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Figure 5.2 Loss of anthracene in (a) BSM and sand cultures and (b) BSM and 
sand cultures supplemented with glucose at 10 g f '  culture. The sand was spiked 
with a mixtur e of anthracene and anthr aquinone at 300 mg kg ' dry sand each and 
inoculated with isolate M8 . Cd was added to the sand at concentrations of 0, 125, 
250 and 750 mg Cd 1"' culture. The sand was incubated at 25°C over a period of 
29 days. The values shown represent average % PAH remaining at each 
sampling point, 3.
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The loss of anthraquinone in the non-glucose supplemented BSM and sand 
cultures is shown in Figure 5.3a. Anthraquinone degradation by isolate M8 was 
minimal in the Cd-ffee treatment and the treatment containing 125 ppm Cd. The 
loss of anthraquinone in the latter (3 ± 1%) was significantly greater than the 
abiotic control (P= 0.033). A slight , accumulation of anthraquinone was observed 
in the treatment containing 750 ppm Cd.
Interestingly, all Cd treatments containing glucose showed an accumulation of 
antliraquinone (Figure 5.3b). A significant positive correlation (P= 0.048) was 
observed between anthraquinone accumulation and increasing Cd concentrations 
with the exception of the treatment containing 125 ppm Cd. Treatments 
containing 0, 250 and 750 ppm Cd showed respective increases of anthraquinone 
concentration of 9 + 3% (P= 0.012), 11 ± 1% (P= 0.004) and 14 ± 1% (P= 0.001) 
compared to the abiotic control where no actual increase in anthraquinone 
concentration was observed. The treatment containing 125 ppm Cd showed an 
increase of anthraquinone of 6  ± 3%.
Addition of glucose affected the fate of anthraquinone in the sand and BSM 
cultures. When comparing anthraquinone concentrations at the end of the 
incubation period in the glucose-supplemented and glucose-ffee cultures, the 
following significant differences in concentrations were observed in treatments 
containing 0 (9%, P= 0.033), 125 (9%, P= 0.022), 250 (11%,7^= 0.007) and 750 
ppm Cd (13%, 0.001).
A significant positive coiTelation (P= 0.053) was observed between loss of 
anthracene (Figure 5.2b) and accumulation of anthraquinone (Figure 5.3b) in the 
Cd treatments supplemented with glucose. The Cd-fiee glucose-supplemented 
treatment was excluded from this analysis.
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Figure 5.3 Fate of anthraquinone in (a) BSM and sand cultures and (b) BSM and 
sand cultures supplemented with glucose at 10 g 1"^  culture. The sand was spiked 
with a mixture of anthracene and anthraquinone at 300 mg kg'* dry sand each and 
inoculated with isolate M 8 . Cd was added to the sand at concentrations of 0, 125, 
250 and 750 mg Cd f* culture. The sand was incubated at 25°C over a period of 
29 days. The values shown represent average % PAH remaining at each 
sampling point, n= 3.
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5.3.2.2 M icrobial Counts
The growth of isolate M8 in both glucose-supplemented and glucose-free BSM 
and sand cultures containing different concentrations of Cd is shown in Figure 
5.4.
In the glucose- and Cd-fi ee cultures, M8 ’s colonisation of the sand increased over 
the first 2  weeks incubation but declined by 1 0 0 -fold by day 2 1  and remained 
constant for the remainder of the incubation period. A similar growth profile for 
M 8 was observed in the treatments containing 125 ppm Cd. After incubation for 
14 days, M8 colonised the Cd-free sand with 10^  fold more CFUs than the sand 
spiked with 250 (P= 0.008) and 750 ppm Cd (P= 0.007). Colonisation of the 
sand containing 250 and 750 ppm Cd increased by 1 0 0 -fold between 14 and 21  
days incubation. However, the treatment containing 250 ppm Cd had slightly 
lower CFU counts than both the Cd-fr*ee treatments and treatments with 125 ppm 
Cd (P= 0.027). The colonisation of sand by M8 was similar after incubation for 
29 days in all glucose-ffee cultures and averaged around 10* CFUs per 50 g 
microcosm.
In the glucose-supplemented cultures, M8 -colonisation of the sand was highest in 
the Cd-free treatments at 10  ^ CFUs per microcosm after incubation for 14 days. 
The Cd-free treatment had around 10-fold more CFUs than the treatment 
containing 125 ppm Cd (P= 0.033) and 100-fold more than those containing 250 
and 750 ppm Cd (P= 0.002 and P= 0.004, respectively). Colonisation of the 
treatments containing 125 and 250 ppm Cd increased by day 21 of incubation to 
an average of around 10* CFUs per 50 g microcosm. The microbial colonisation 
of the treatment containing 750 ppm Cd remained low at around 10  ^CFUs per 50 
g microcosm and was 10-fold lower in CFUs after incubation for 21 days than the 
treatment containing 125 ppm Cd {P= 0.043). The colonisation of sand by M8 
was similar after incubation for 29 days in all glucose-supplemented cultures and 
averaged at around 10^  CFUs per 50 g microcosm.
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After incubation for 14 days, the addition of glucose to BSM and sand did not 
improve the microbial colonisation of the sand in the Cd-free treatment. In fact, 
the glucose-free treatment contained 10-fold more CPUs that the treatment 
supplemented with glucose {P= 0.000). Moreover, glucose addition did not cause 
any significant improvement in microbial colonisation of any of the treatments 
throughout the incubation period.
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Figure 5.4 Growth of M8 in (a) BSM and sand cultures and (b) BSM and sand 
cultures supplemented with glucose at 10 g 1'^  culture. The sand was spiked with 
a mixture of anthracene and anthraquinone at 300 mg kg ' dry sand each and 
inoculated with isolate M8 at approximately 10  ^CFUs per microcosm. Cd was 
added to the sand at concentrations of 0, 125, 250 and 750 mg Cd f '  culture. The 
sand was incubated at 25°C over a period of 29 days. The values shown are 
average logio (CFU/microcosm), tr= 3. Standard error bars are shown.
5.4 Discussion
The metal combination consisting of a total concentration of 600 mg 1“' of Cu, Zn 
and Cd caused a rapid decline of isolates M2, M5 and M6  in the sand and BSM 
microcosms. The isolates could no longer be detected in the sand after 21 days of 
incubation with the metals (Section 5.3.1.2). Degradation of phenanthrene and 
pyrene ceased after incubation for 14 days with M5 and after incubation for 21 
days with M6  correlating with the decrease in microbial biomass (Figure 5.1a/b). 
M5 seemed to be the most affected by the metal combination with only 18 ± 15% 
of phenanthrene and 12 ± 11% of pyrene degr aded over the 42 day incubation 
period. M5 was likely to be either 5". paucimobilis (formerly P. paucimobilis) 
(57.3%) or X. maltophilia (formerly P. maltophilia) (33.6%). Many 
Pseudomonas spp. have been known to be tolerant to heavy metals, but one of the 
metals in this experiment could have been highly toxic at the concentration used 
masking any tolerance to the other metals. In addition to limited growth, 
phenanthrene and pyrene degradation were reduced by more than half when 
compared to the degradation observed in tlie metal-ft ee cultures over a period of 
42 days (Table 4.1). Despite the observed reduction in PAH degradation in metal 
cultures, M2 degr aded 60% of phenanthrene and 40% of pyrene over the 42 day 
incubation period. The metals limited the degradation of phenanthrene and 
pyrene when compared to the 73 ± 5% of phenanthrene and the 58 ± 11% of 
pyrene degraded over the 42 day incubation period in the absence of those metals 
(Table 4.1). Despite the continuous decrease of M2 numbers in the rnetal-spiked 
sand, the degradation of phenanthrene continued after incubation for 2 1  days.
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This could have been due to the persistence of the enzymes necessary for the 
degradation of phenanthrene in the sand cultures.
Isolate M8 was tested for anthracene and anthraquinone degradation in the 
presence of Cd in both glucose-free and glucose-supplemented BSM and sand. 
The degradation o f anthracene and anthraquinone was significant in the glucose- 
free treatments containing 0 and 125 ppm Cd, although the degradation of 
anthraquinone was minimal (3 ± 1%). Glucose-free treatments containing 250 
and 750 ppm Cd showed a decrease in microbial numbers over the first two 
weeks of incubation (Figure 5.3). However, after incubation for 14 days, the 
organism seemed to adapt to the metal and the microbial colonisation of the sand 
increased. Despite the adaptation of M8 to Cd, the loss of anthracene in the 750 
ppm treatment was very similar to the loss of the compound in the abiotic control 
(Figure 5.2a). In addition, no anthraquinone was lost in the treatments containing 
250 and 750 ppm Cd (Figure 5.3a); thus the lack of anthracene degradation and 
the slight accumulation of anthraquinone in the treatments containing 750 ppm 
Cd indicate a certain degr ee of Cd toxicity to M8 and potential accumulation of a 
metabolite.
Glucose addition did not improve microbial colonisation of the sand. In fact 
microbial counts were slightly higher in the Cd- and glucose-fr ee cultures than in 
the Cd-free and glucose-supplemented cultures (Figure 5.4). The glucose- 
supplemented treatment containing 750 ppm Cd did not exhibit adaptation to Cd 
(Figure 5.4b). This could be explained by a possible increase in the culture pH, 
resulting from glucose metabolism, rendering the Cd more available and hence 
more toxic to the organism.
Furthermore, the addition of glucose resulted in similar or increased losses of 
anthracene with increasing Cd concentrations (Figures 5.2). However, very little 
of the anthracene lost was actually degraded (Figure 5.2b). The compound was 
mostly transformed into anthraquinone in all the Cd-containing treatments 
(Figirre 5.3). Excluding the Cd-fiee and glucose-supplemented treatment, a
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significant positive coiTelation was obseiwed between loss of anthracene (Figure 
5.2b) and accumulation of antlii'aquinone (Figure 5.3b) in the Cd treatments 
supplemented with glucose. These results were very suiprising, since previous 
research has shown that anthiaquinone can only be obtained through white rot 
fungal oxidation of anthracene and, depending on the genus of fungus used, 
anthraquinone can be further degraded to phthalate (Kotterman, 1998). So far, 
the ligninolytic enzymes involved in the oxidation of anthracene to anthraquinone 
have been identified as MnP, Li? and laccase (Kotterman, 1998). Bacteria, on 
the other hand, are known to initiate the oxidation of PAHs by incorporating both 
atoms of O2, catalysed by a dioxygenase, into the aromatic ring to produce a cis- 
dihydrodiol, which is then dehydrogenated to give a catechol (Mueller et aL, 
1996).
The most likely explanation could be that there is more than one enzyme system 
that initiates the oxidation of anthracene in organism M8 : (1) the dioxygenase 
enzyme system, which oxidises anthracene into the most likely product 
antlnacene-c/j-1 ,2 -dihydrodiol and (2 ) an unknown enzyme system which causes 
a one-electron oxidation of anthiacene into anthraquinone. The dioxygenase 
system would normally be responsible for anthracene oxidation but when the 
metal stiess increases (750 ppm Cd), the dioxygenase enzyme system might 
become repressed by the metal and the metabolism switches to an unknown 
enzyme system causing the fomiation o f anthiaquinone. This explanation fits in 
well with the results obtained in the Cd-ffee and glucose-supplemented treatment 
where half of the anthracene that was lost was oxidised to anthraquinone and the 
other half degiaded into other metabolic products (Figures 5.2b and 5.3b). The 
dioxygenase enzyme system was also most likely responsible for the degiadation 
of anthraquinone. The operation of this enzyme system at low Cd concentrations 
(Figure 5.3a) and its repression with increased Cd/metal bioavailability caused by 
glucose (Figure 5.3b) respectively correlated with the loss and accumulation of 
antliraquinone obseiwed under these conditions.
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In summary, the results obtained in this study confinn the toxicity of heavy 
metals to PAH-degrading bacteria. The metals decreased the colonisation of sand 
by the isolates and reduced their degr adation of PAHs. Despite the adaptation of 
some PAH-degrading bacteria to the metal-induced stress, the short-term effects 
of toxicity are alarming, especially where the accumulation of dead-end toxic 
PAH metabolites occurs.
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CHAPTER 6
Anthracene Degradation by Fungal and Bacterial Co-
Cultures
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6.1 Introduction and Aims
Many microorganisms, known for their ability to degrade PAHs, only partially 
oxidise them mainly due to the compounds’ low water solubility and their 
tendency to adsorb onto soil particles (Meulenberg et aL, 1997). WRP, for 
instance, convert PAHs to more water soluble and bioavailable products 
(Meulenberg et aL, 1997), but tend to not completely mineralise them 
(Kotterman, 1998). Mineralisation indicates complete biodégradation of the 
substrate into water and CO2. In the presence of lignin, the oxidation of PAHs by 
WRF is mediated by a non-specific ligninolytic enzyme system. Under these 
conditions, P. chysosporium  partially oxidises pyrene and the carcinogenic BaP 
to different isomeric quinones whilst it oxidises phenantlirene via 9,10- 
phenanthrene quinone to diphenic acid. P. chysosporium  oxidises anthracene via
9.10-anthraquinone to phthalic acid (Meulenberg et aL, 1997; Kotterman, 1998).
9.10-anthraquinone is known to be a dead-end metabolite in some white-rot 
fungal cultures, including cultures o f Bjerkandera sp. BOS55 (Vyas et aL, 1994; 
Kotterman, 1998). In the absence of lignin, monooxygenases present in WRF 
intracellularly oxidise PAHs to ^ran^'-dihydi'odiols (Kotterman, 1998).
The accumulation of oxidised PAH metabolites is of concern since these PAH 
metabolites can be highly mutagenic compounds. For instance, BaP is oxidised 
by intracellular monooxygenases and epoxide hydrolases in mammals, yeasts and 
fungi to dihydroxy-BaP-epoxide, a proven carcinogen (Kotterman, 1998). These 
reactive metabolites can be detoxified by sequential processes, such as 
sulfonation and glucose, xylose, or glucuronic acid conjugation (Kotterman, 
1998). These PAH metabolites have been found to be more readily mineralised 
than the parent compounds by natural mixed bacterial cultures, such as those 
found in activated sludge and soil (Meulenberg et aL, 1997). It has therefore been 
suggested that the sequential breakdown of PAHs by a combination of 
ligninolytic fungi and indigenous bacteria results in a synergistic and more 
complete biodégradation of these pollutants (Meulenberg et aL, 1997). WRF play 
a crucial role in PAH degradation by enhancing the bioavailability and
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biodegradability of PAHs through partial oxidation. For example, P. 
chysosporium  greatly improves the water solubility of anthracene (0.07 mg l ') 
by first oxidising it to anthraquinone (0.60 mg f ')  and then to phthalic acid (7000 
mg r ')  (Meulenberg et aL, 1997). Similarly, the oxidation of phenanthrene to 
diphenic acid increases the water solubility of the compound nearly 1 0 0 0 -fold 
(Meulenberg fl/., 1997).
Kotterman et aL (1998b) demonstr ated that the oxidation of BaP by Bjerkandera 
sp. BOS55 and subsequent incubation with indigenous bacteria resulted in a rapid 
and almost complete elimination of its high mutagenic potential, as observed in 
the Salmonella typhimurium reversant test. The success of bioremediation of 
several PAHs by fungal-bacterial co-cultures was also demonstrated in other 
recent studies (Andersson and Henrysson, 2000; Boonchan et aL, 2000; 
Andersson et aL, 2003). Moreover, Andersson and Henrysson (2000) showed 
that fungi inoculated together with bacteria into autoclaved contaminated soil had 
a high PAH-degrading ability. Hence sequential fungal-bacterial degradation is 
thought to be critical for a complete degradation of PAHs in soil (Andersson et 
aL, 2003).
Whilst the co-culture approach yielded successfial results for the biodégradation 
of anthracene and its metabolites (although limited for anthraquinone), 
Meulenberg et al. (1997) have shown that some metabolites of phenanthrene, 
such as 9-hydroxyphenanthrene quinone and 9,10-phenanthrene quinone, were 
not degraded by indigenous bacteria, but instead, strongly inhibited respiration. 
Hence, the enhanced solubility of oxidised PAH-metabolites does not guarantee 
detoxification of PAHs in the environment.
This experiment aimed to examine the degradation of anthr acene by co-cultures 
of the fungus Bjerkandera sp. BOS55 and the bacterial isolates M2, M5 and M8 . 
Because anthracene is converted into anthraquinone by the fungus, lack of 
accumulation of anthraquinone could be indicative of further degradation by
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bacteria. The experiment investigated competitiveness and synergy phenomena 
between the fungus and the three bacterial isolates.
6.2 Materials and Methods
6.2.1 Co-cultures of Fungus with M2 and MS
6.2.1.1 Experimental Set-up
Washed and dried silica sand (98 g) (2-3 ram in diameter) was weighed into 250 
ml Erlenmeyer flasks. The sand was autoclaved twice for 30 minutes at 115°C 
with a 48-hour period in between autoclavings. A 20 ml volume of anthracene in 
acetone solution was aseptically added to each bottle. The anthracene was mixed 
into the sand on a vortex mixer for 1 minute. The acetone was left to evaporate 
from the loosely capped bottles, in a fumeliood, leaving a final anthracene 
concentration of 300 mg kg ' dry sand. BSM supplemented with tween 80 (7 ml) 
was added to the flasks giving a final tween 80 concentration of 2  g 1"'.
Bjerkandera sp. BOS55 was cultured in 500 ml MEB at 30°C. After 6  days of 
incubation, the ftingal mycelium that was floating at the surface of each bottle 
was aseptically removed from the MEB. The fungal mycelium was washed twice 
with sterile RO water and broken up gently in a sterile pestle and mortar. Two or 
three pieces of macerated mycelium and 1 ml of sterile RO water were inoculated 
into Universal bottles containing sterile bran and sand (0.5 g of each). Isolates 
M2 and M5 were revived by placing plastic beads impregnated with each-isolate 
on 1% TSA. The plates were incubated at 25°C. Visible colonies were scraped 
off the agar using a sterile plastic spreader and re-suspended in sterile % strength 
Ringer’s solution. Ten fold dilutions (10'' to 10'^) were prepared for each 
suspension. Ten 20 pi drops of each dilution were placed on 1% TSA. CFUs 
were counted after 24 hours of incubation at 25°C and the average number of 
CFUs in each suspension was calculated. The suspensions were diluted in sterile 
RO water to give a final concentiation of approximately 10^  CFUs per 1 ml of
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RO water. M2 and M5 suspensions (1 ml) were separately added to the sterile 
bran and sand held in the Universal bottles.
Bran and sand inoculated with either the fungus, M2 or M5 were incubated at 
25 °C for three days, after which time the cultures were aseptically added to the 
Erlemneyer flasks containing the anthracene-spiked sand (day 0) as shown in 
Table 6.1. Six experimental treatments were created at day 0: (1) an abiotic 
treatment to monitor non-biological losses of anthracene over the incubation 
period, (2) a tieatment containing M2 alone, (3) a treatment containing M5 alone, 
(4) a treatment containing the fungus alone, (5) a treatment containing the fungus 
and M2, and (6 ) a treatment containing the fungus and M5. Each flask contained 
1.0 g bran and 99 g sand as an additional sterile 0.5 g of bran and 0.5 g sand and 
1 ml of sterile RO water were added to each flask containing either the fungus 
alone or one of the isolates. The flasks were capped with sterile foam bungs and 
paper cups and sampled, for CO2 analysis, bacterial counts (where appropriate), 
FDA measurements and anthiacene degradation after 0, 3, 7 and 14 days 
incubation.
After 14 days, two additional fungal/bacterial co-cultures treatments were created 
(Table 6.1); M2 and M5 growing on bran were separately added to some of the 
Erlenmeyer flasks that had been incubated with the fungus alone (isolates M2 and 
M5 were again revived and separately inoculated into sterile Universal bottles 
containing bran and sand as described previously). Sterile bran/sand was added to 
all remaining treatments at day 14. Sterile RO water (1 ml) was added to all 
flasks every fortnight to maintain a moist environment. The flasks were well 
mixed and incubated at 25°C for 6  weeks. Triplicate flasks were prepared for 
each treatment per sampling day.
Table 6.1 Microbial contents of the eight experimental treatments. At day 0, all 
treatments contained 1.0 g bran and 99 g sand as an additional sterile bran/sand 
(0.5 g of each) were added to the groups containing either the fungus alone or one 
of the isolates. M2 and M5 giowing on bran were added to the flasks that had
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been incubated with the fungus alone for 14 days (D14) to create two additional 
fimgal/bacterial co-cultures. Triplicate flasks were prepared for each tieatment 
per sampling day.
Treatment ‘Day 0’ Inoculum
‘Day 14’ 
Inoculum
Abiotic Autoclaved M2/M5/ Fungus on bran/sand Sterile bran/sand
M2 M2 on bran/sand + sterile bran/sand Sterile bran/sand
M5 M5 on bran/sand +sterile bran/sand Sterile bran/sand
Fungus Fungus on bran/sand + sterile bran/sand , Sterile bran/sand
Fungus/M2 Fungus and M2 on bran/sand Sterile bran/sand
Fungus/M5 Fungus and M5 on bran/sand Sterile bran/sand
Fungus/M2 D14 Fungus on bran/sand + sterile bran/sand M2 on bran/sand
Fungus/M5 D14 Fungus on bran/sand + sterile bran/sand M5 on bran/sand
6.2.1.2 Sampling
6.2.1.2.1 Microbial Respiration
The flasks were sampled on tlie day of Set-up (day 0) and after incubation for 3, 
7, 14, 25 and 43 days. Tliree replicates per treatment were sampled at each time 
point. The flasks were closed with superseals at each sampling day to collect CO2 
and incubated at 25°C for 4 hours. After this time, a 60 ml sample was collected 
from the headspace of each bottle using a disposable syringe. The CO2 evolved in 
each flask was measured using the IR-CO2 analyser. OFN gas was used to dilute 
the CO2 samples where appropriate.
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6.2.1.2.2 Bacterial Counts
At each sampling point, 1 gram of wet sand was aseptically removed from each 
flask and placed in 10 ml sterile % strength Ringer’s solution. The suspensions 
were shaken in the dark at 150 ipm for 2  hours, after which time a ten-fold serial 
dilutions series (10'' to 10'^) was prepaied from each sample. Aliquots (0.1 ml) of 
dilutions 10"^  to 10'^ were plated onto 1% TSA. Visible CFUs were counted for 
each suspension after 2 days incubation at 25°C.
6.2.1.2.3 Microbial Activity
At each sampling point, 1 gi am aliquots of colonised sand were weighed out into 
50 ml sterile plastic centrifuge tubes. The following were added to each tube: (1) 
25 ml of orthophosphate buffer (0.2 mol f ' ,  pH 8.0, containing 1 g f '  sodium 
azide to prevent microbial growth) and (2) 250 pi of FDA in acetone solution, 
giving an FDA concentration of 250 pg per 25 ml of buffer. The tubes were 
incubated at 30°C on a shaker at 200 rpm. After 2 hours, the reaction was stopped 
by the addition of 25 ml acetone to each tube. The tubes were subsequently 
centrifuged at 3,500 x g  for 10 minutes and the O.D. was measured at 490 nm. 
Results were expressed as O.D. units per g dry sand per hour.
6.2.1.2.4 Anthracene Degradation
The remaining 98 g sand in each flask was dried in an oven overnight (60”C) and 
extracted with 50 ml of toluene containing 9-MA as an internal standard at a 
concentration of 80 mg 1"'.toluene. The flasks were shaken overnight at 170 rpm 
at 25°C. The sand was rinsed with cyclohexane and the rinse solutions were 
added to the conesponding extracts. The cyclohexane extracts were filtered 
through Whatman filters (90 mm diameter) into 100 ml Duran bottles. The 
uncapped bottles were placed in a fumehood overnight to allow the solvent to 
evaporate. The dried PAH extracts were re-dissolved in 1 ml of toluene and 
analysed by GC against anthracene standards as described in Section 4.2.3.3.
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6.2.1.2.5 Statistical Analysis
Data were analysed using SPSS 11.5 for Windows XP as described in Section 
2.2.I.5.
6.2.2 Degradation of Anthracene Using Co-cultures of Bjerkandera sp. 
BOS55 and the bacterial isolate M8
6.2.2.1 Experimental Set-up
Washed and dried silica sand (100 g) (<1 inin in diameter) was weighed into 250 
ml Erlemneyer flasks. The flasks were autoclaved twice for 30 minutes at 115°C 
with a period of 48 hours between autoclavings. Subsequently, a 20 ml volume of 
anthracene in chloroform was aseptically added to each flask. The flasks were 
mixed on a vortex mixer for 1 minute. The chloroform was left to evaporate fi*om 
the loosely capped flasks in a fumehood, leaving a final anthracene concentration 
of 300 mg kg ' dry sand. BSM (8  ml) supplemented with glucose and tween 80 
was added to the flasks giving final concentrations of glucose and tween 80 of 10  
and 1 g r ' ,  respectively. Bjerkaitdera sp. BOS55 and isolate M8 were prepared 
as described in Section 6.2.1.1 Two or thi'ee pieces of mycelium and 1.6 ml of 
M 8 suspension containing 1.12 x 10^  CFUs were added directly into the 
anthracene-spiked sand creating four experimental treatments: ( 1) an abiotic 
control to monitor non-biological losses of anthracene, (2 ) a treatment inoculated 
with M8 alone, (3) a treatment inoculated with the fungus alone, and-(4) a 
treatment inoculated with the fungus and M8 . The flasks were shaken well before 
being incubated at 25°C for 29 days. The flasks were capped with sterile foam 
bungs and paper cups and sampled for CO2 analysis, bacterial counts (where 
appropriate) and anthracene degiadation after 0, 7 and 14 days incubation. After 
sampling at day 14, a fifth treatment was created by adding 1.6 ml of a freshly- 
prepaied M8 suspension containing approximately 1.6 x 10^  CFUs to a third of 
the flasks that had been incubated with the fungus for 14 days. Sterile RO water
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(1.6 ml) was added to the remaining flasks. Incubation continued and the flasks 
were sampled after 21 and 29 days incubation. Triplicate bottles were prepared 
for each treatment per sampling day.
6.2.2.2 Sampling
CO2 was collected for 3 hours and analysed as described in Section 6.2.1.2.1. 
Two gram aliquots were used for bacterial counts as described in Section 
6.2.1.2.2. Anthracene was extracted from the remaining 98 g sand with 
chloroform containing pyrene as an internal standard at a concentration of 600 
mg r '  chloroform. The flasks were shaken overnight at 170 rpm at 25°C. The 
chloroform extracts were decanted into clean 100 ml Duran bottles. The sand was 
rinsed with chloroform and the rinse solutions were added to the conesponding 
extracts. After chlorofonn evaporation, the dried PAH extracts were re-dissolved 
in 1 ml of chloroform and analysed for anthracene loss and anthraquinone 
fomiation using GC as described in Section 4.2.3.3. Statistical analysis was 
perfonned on the results as described in Section 6.2.1.2.5.
6.3 Results
6.3.1 Co-cultures of Fungus with M2 and M5
6.3.1.1 CO2 Production
The respiration of the cultures over the 43 day incubation period is shown in 
Figure 6.1. Respiration was at least 3-fold lower in treatments inoculated with 
one bacterial isolate, at all sampling points compared with the treatments 
inoculated with the fungus (P< 0.001). After incubation for 3, 7 and 14 days, the 
amount of CO2 produced by the fungal cultures was at least six-fold higher than 
the amount of CO2 produced in the abiotic control and the treatments with 
bacteria {P< 0.001). The peak in respiration in the fungus-containing cultures was 
between days 3 and 14 after initial incubation, as evidenced by the four-fold
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increase in CO2 production after 7 days incubation. After 25 days incubation, less 
CO2 was produced in the abiotic tieatments than the treatments that were 
inoculated with the fungus (P< 0.001). Also, less CO2 was produced in the 
treatments inoculated with M2 than treatments inoculated with the fungus (P< 
0.05). The treatments containing the fungus alone produced 30% more CO2 than 
the treatments initially incubated with the fungus for 14 days before M5 
inoculation (P= 0.016). CO2 production in the abiotic and bacterial cultures is not 
shown after incubation for 43 days due to fungal contamination (Figure 6.1). 
After incubation for 43 days, twice as much CO2 was produced in the treatments 
inoculated with the fungus for 14 days before M5 inoculation than in the 
treatments containing the fungus alone {P= 0.043) and those initially incubated 
with the fungus and M5 (P= 0.014).
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Figure 6.1 CO2 produced by sand and bran cultures inoculated with single 
cultures of Bjei^kandem sp. BOS55, M2 and M5, and co-cultures of the fungus 
and bacterial isolates. Two co-culture treatments were created after 14 days 
incubation by adding M2 and M5, in bran and sand, to cultures that had been 
incubated with the fungus for 14 days (D14). The sand was spiked with 
antlnacene at 300 mg kg ' dry sand and BSM containing 2 g tween 80 1"'
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medium. CO2 production in the abiotic and bacterial cultures is not shown after 
incubation for 43 days due to fungal contamination. Values shown are average 
CO2 X 10^  (ppm) produced over 4 hours incubation at 25°C by each treatment, n -  
3. Standard error bars aie shown.
6.3.1.2 Bacterial Counts
CFU counts of M2 and M5 decreased by 100-fold after 3 days incubation in the 
flasks inoculated with either isolate and by five fold in the co-cultures of bacteria 
with the fungus (Figure 6.2). CFU counts in treatments inoculated with a single 
bacterial culture and those in treatments inoculated with both bacteria and fungus 
stabilised between days 3 and 14 of incubation. No significant differences were 
obseiwed between these four treatments after 3, 7 and 14 days incubation. After 
incubation for 25 days, all treatments inoculated with fungal/bacterial co-cultures 
contained 10 -^fold more bacterial CFUs than the treatments inoculated with 
bacteria alone (P< 0 .0 1 ), with the exception of the co-culture ti eatment initially 
inoculated with both the fungus and M5 in which growth could no longer be 
detected. After incubation for 43 days, both bacterial isolates thrived in the co­
cultures with the fungus in which the survival of the bacteria was 1 0 0 0  times 
better than survival in the treatments inoculated with a single isolate (P< 0.001).
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Figure 6.2 Bacterial counts in sand and bran cultures inoculated with single 
cultures of M2 and M5 and co-cultures of the fungus Bjerkandera sp. BOS55 and 
the bacterial isolates. Two co-culture treatments were created after incubation for 
14 days by adding M2 and M5, in bran and sand, to cultures that had been 
incubated witli the fungus for 14 days (D14). The sand was spiked with 
anthiacene at 300 mg kg* dry sand and BSM containing 2 g tween 80 f* 
medium. The cultures were incubated at 25°C for 43 days. Values shown are 
average logio (CFUs per microcosm), n= 3. Standard error bars are shown.
6.3.1.3 FDA Measurements
After incubation for 7 days, the microbial activity was at least four-fold lower in
treatments containing M2 alone compared to treatments containing the fungus
alone {P= 0.005), those initially inoculated with the fungus and M2 {P= 0.005)
and those initially incubated with the fungus and M5 (P= 0.019). After incubation
for 14 days, the single bacterial cultures were also less active than the cultures
containing the fungus alone (P< 0.001), tliose initially incubated with the fungus
and M2 (P= 0.030) and those initially incubated with the fungus and M5 {P-
0.040). After incubation for 25 days, cultures inoculated with M2 were at least
four times less active than treatments inoculated with the fungus alone {P~ 0.001)
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or those inoculated with any of the four co-cultures {P< 0.05). Similarly 
treatments inoculated with M5 were at least four times less active than the 
treatments inoculated with the fungus alone (P< 0.001) or those inoculated with 
any of the four co-cultures {P< 0.05). A comparison of the activity of all the 
fungus-containing treatments after 43 days showed that the treatment containing 
the fungus in co-culture with M2 inoculated at day 14 was twice as active as all 
other tieatments (P< 0.01). The treatments inoculated from the start of the 
experiment with the fungus and M5 were half as active as the treatments 
inoculated with the fungus and M5 from day 14 (P= 0.005) and those inoculated 
with the fungus and M2 at the staid of the experiment (P= 0.022).
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Figure 6.3 Microbial activity of sand and bran cultures inoculated with single 
cultures of Bjerkandera sp. BOS55, M2 and M5 and co-cultures of the fungus 
and the bacterial isolates. Two co-culture treatments were created after incubation 
for 14 days by adding M2 and M5, in bran and sand, to cultures that had been 
incubated with the fungus for 14 days (D14). The sand was spiked with 
anthiacene at 300 mg kg'* dry sand and BSM containing 2 g tween 80 1'* 
medium. The cultures were incubated at 25®C for 43 days. The results shown are
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based on FDA hydrolysis to fluorescein assayed at 490 nin. Values are expressed 
as O.D. units/g sand/hour. Standard error bars are shown, «= 3.
6.3.1.4 Anthracene Degradation
A comparison of the losses of anthiacene in the eight treatments is shown in 
Figure 6.4. Losses of anthracene due to degradation over the 43 day incubation 
period were: 24.0 ± 0.0% in the treatment inoculated with M2 alone, 35.7 ± 
23.6% in the treatment inoculated with M5 alone, 50.8 ± 4.5 % in the treatment 
inoculated with the fungus alone, 80.4 ± 2.8% in the treatment inoculated with 
both the fungus and M2 from the start, 26.7 ± 7.8% in the treatment inoculated 
with both the fungus and M5 from the start, 40.0 ± 7.8% in the tieatment 
inoculated with the fungus for 14 days before inoculation of M2, and 62.0 ± 24.4 
% in the treatment inoculated with the fungus for 14 days before inoculation of 
M5. After incubation for 43 days, losses of anthracene in all treatments, with the 
exception of the treatment inoculated with M2 alone, were significantly higher 
than those in the abiotic contiol (P< 0.05). The treatment inoculated with M2 
alone lost the least anthracene compared to all other microbial treatments (F< 
0.05). The treatments inoculated with the fiingus alone lost significantly less 
antliracene than those inoculated with the fungus and M2 fr om the start of the 
experiment (P= 0.003). However, the cultures containing the fungus alone lost 
twice as much anthiacene compared to those initially inoculated with the 
combination of fungus and M5. At least twice as much antliracene was lost in the 
treatments inoculated with the fungus and M2 at the start of the experiment 
compared to the treatment where M2 was added to the fungal cultures at day 14 
(P< 0.001).
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Figure 6.4 Anthracene losses in sand and bran cultures inoculated with single 
cultures of Bjerkandera sp. BOS55, M2 and M5 and co-cultures of the fungus 
and the bacterial isolates. Two co-culture treatments were created after 14 days 
incubation by adding M2 and M5, in bran and sand, to cultures that had been 
incubated with the fungus for 14 days (D14). The sand was spiked with 
anthracene at 300 mg kg'* dry sand and BSM containing 2 g tween 80 1'* 
medium. The cultures were incubated at 25”C for 43 days. Values shown are 
average % anthracene remaining. The abiotic treatment shows non-biological 
losses of anthracene over the incubation period. Standard enor bars are shown, 
n= 3.
6.3.2 Co-cultures of Fungus with M8
6.3.2.1 CO2 Production
CO2 production over the 28 day incubation period is shown in Figure 6.5. After 
incubation for 7 days, CO2 production was significantly higher in all the fungus- 
containing treatments than in the abiotic control (P< 0.001). After incubation for 
7 days, the CO2 production in the treatments inoculated with M8 alone was at
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least three-fold lower than all the fungus-inoculated treatments (P< 0.001). Also, 
the treatment containing the fungus and M8 from the start produced 30% less 
CO2 than the treatment containing the fungus alone (P< 0.001). CO2 production 
decreased in all the microbial treatments between days 7 and 14 days of 
incubation. After incubation for 14 days, the fungus-containing treatments 
produced significantly 60% more CO2 than both the abiotic control (P< 0.05) and 
30% more than the treatment with M8 alone (P< 0.01). CO2 production continued 
to decrease in all the fungal treatments over the remaining incubation period but 
remained significantly higher compared with the abiotic control after incubation 
for 21 (P< 0.001) and 28 (P< 0.05) days. The tieatment inoculated with M8 alone 
produced 20% less CO2 compared to the three treatments inoculated with the 
fungus after incubation for 21 (P< 0.01) and 10% less after 28 (P< 0.05) days.
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Figure 6.5 CO2 produced by sand cultures inoculated with single cultures of 
Bjerkandera sp. BOS55 and M8, and co-cultures of the fungus and bacterium. 
One co-culture treatment was created after incubation for 14 days by adding M8 
at 1.6 X 10* CPUs to cultures that had been incubated with the fungus for 14 days 
(D14). The sand was spiked with anthracene at 300 mg kg'* dry sand, BSM, 
glucose at 10 g 1* culture and tween 80 at 1 g 1* culture. The cultures were
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incubated at 25®C for 28 days. Values shown aie average CO2 x 10^  (ppm) 
produced over 3 hours incubation at 25®C by each treatment, n= 3. Standard error 
bars are shown.
Ô.3.2.2 Bacterial Counts
MB alone and in co-culture with the fungus colonised the anthracene-spiked sand 
well and its numbers increased by approximately 10^-fold in the first week of 
incubation (Figure 6.6). MB CPUs declined after incubation for 7 days in the 
treatments inoculated with MB alone and in those initially inoculated with the 
fungus and MB. After this initial decline, CPU counts remained more or less 
constant for the remainder of the incubation period. The number of CPUs of MB 
increased 10-fold over incubation for one week in the treatments where the 
fungus was inoculated first and MB was added after 14 days. CPU counts in this 
treatment were significantly higher than in treatments containing MB alone (P= 
0.001). After incubation for 21 days, suiwival of MB was at least 10-fold better in 
the treatments initially inoculated with both the fungus and MB than in the 
treatment inoculated with MB alone (P= 0.005).
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Figure 6.6 Bacterial counts in sand cultures inoculated with MB, and co-cultures 
of the fungus and bacterium. One co-culture treatment was created after 
incubation for 14 days by inoculating MB at 1.6 x 10^  CPUs to cultures that had 
been incubated with the fungus for 14 days (D14). The sand was spiked with 
anthracene at 300 mg kg‘‘ dry sand, BSM, glucose at 10 g f* culture and tween 
BO at 1 g r* culture. The cultures were incubated at 25“C for 2B days. Values 
shown are average logio (CPUs per microcosm), n= 3. Standard error bars are 
shown.
6.3.2.3 Anthracene Degradation
The losses of anthracene in the different treatments are shown in Figure 6.7a. The 
losses of anthracene due to microbial degradation were: 16.4 ± 2.3% in the 
treatment that had been incubated with the fungus for 14 days before MB was 
added, 11.0 ± 0.6% in the treatment inoculated with the fungus and MB ftom the 
start, 7.2 ± 3.8% in the treatment inoculated with MB alone and 4.B ± 2.1% in the 
treatment inoculated with the fungus alone. After incubation for 14 days, the loss 
of anthracene in the treatment where both the fungus and MB were inoculated 
ft om the start was significantly greater than the loss of anthi acene in the abiotic 
control (P= 0.035). After incubation for 21 days, the loss of anthiacene in the 
cultures initially inoculated with the fungus for 14 days before MB inoculation 
was 20% gi'eater than the loss of anthracene in the abiotic control (P= 0.017), 
22% greater than the treatment inoculated with the fungus alone (P= 0.002) and 
10% greater than the treatment initially inoculated with both the fungus and MB 
(P= 0.042). At the end of the incubation period, the losses of anthracene in the all 
the treatments, apart from the one inoculated with the fungus alone, were 
significantly higher than the loss of anthracene in the abiotic control (P< 0.05). 
The loss of anthracene in treatments where MB was added 14 days after 
inoculation with the fungus was 10% greater than in the treatment inoculated 
with MB (P= 0.006) or 12% greater than in the treatment inoculated with the 
fungus alone (P= 0.001). The treatments initially inoculated with both the fungus
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and M8 lost 10% more anthracene than those incubated with the fungus alone 
(f=  0.033).
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Figure 6.7 (a) Total anthracene losses and (b) anthracene oxidised to 
anthraquinone in sand cultures inoculated with single cultures of Bjerkandera sp. 
BOS55 and M8, and co-cultures of the fungus and bacterium. One co-culture 
treatment was created after incubation for 14 days by inoculating M8 at 1.6 x 10^  
CPUs to cultures that had been incubated with the fungus for 14 days (D14). The
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sand was spiked with anthiacene at 300 mg kg'* dry sand, BSM, glucose at 10 g 1'
* culture and tween 80 at 1 g 1* culture. The cultures were incubated at 25°C for 
28 days. Values shown are average % anthracene remaining or % anthracene 
oxidised to antliraquinone. The abiotic treatment shows non-biological losses of 
anthracene or oxidation to anthraquinone over the incubation period. Standard 
error bars are shown, tt= 3.
The amount of anthraquinone accumulated is expressed as % of anthiacene 
oxidised to antlnaquinone (Figure 6.7b). Anthraquinone seemed to accumulate 
most in the treatments inoculated with both the fungus and M8 after 7 days 
incubation with 20% more anthraquinone accumulated compared to the treatment 
inoculated with M8 alone (P= 0.033) and the treatment inoculated with the 
fungus alone (P= 0.013). However, over the remainder of the incubation period, 
the treatments initially inoculated with both the fungus and M8 seemed to 
accumulate 25% less anthraquinone than the treatment incubated with the fungus 
alone. Anthraquinone seemed to accumulate in the all treatments over the 28 days 
incubation period, with the exception of the treatment initially incubated with the 
fungus and M8. Here, levels of anthraquinone fluctuated. At the end of the 
incubation period, most anthraquinone was accumulated in the treatment 
inoculated with the fungus only.
6.4 Discussion
The degradation of antliracene in the sand microcosms would have required good 
availability of the compound to the organisms present in the cultures. The 
addition of tween 80 at twice the critical micelle concentration would have 
ensured that the poorly soluble compound was present in the aqueous phase 
facilitating biodégradation. About 28.1 ± 5.6% of the spiked anthracene was lost 
due to abiotic factors which include spontaneous oxidation to anthraquinone 
among other factors (Figure 6.4), though no anthraquinone was detected due to 
its GC retention time being the same as the internal standaid. Most of the
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compound loss in the abiotic cultures occuired during the first few days of 
incubation.
M2 degraded antliracene by 24%, over the 43 day incubation period which was 
the least degradation in any treatment (Figure 6.4). The reason for this lack of 
degradation might be that the organism did not grow particularly well in the sand 
and bran cultures. A 100-fold decrease in the CPU count was observed after 3 
days of incubation (Figure 6.2) followed by an adaptation phase between 3 and 
14 days incubation. Low microbial activity was also indicated by the low CO2 
production (Figure 6.1) and microbial activity (Figure 6.3) observed over the first 
two weeks of incubation. Microbial numbers increased 10-fold over the rest of 
the incubation period. Bran is a very highly branched polysaccharide (Machuca et 
a/., 1998). It is an arabinoxylan consisting of linear p-D-(l->4)-linked 
xylopyianose backbones to which a-L-arabinofuranose units are attached as side 
residues via a -(l—>3) and a -(l—>2) linkages. Other substituents identified as 
present in bran include p -D-glucuronic acid and arabinose oligomers, consisting 
of two or more arabinofuranosyl residues linked via 1-2, 1-3, and 1-4 linkages 
(Edwards et a/., 2003). Bran is rich in growth factors, vitamins and proteins 
(Machuca et al., 1998). Hence the organism would have used it as an energy 
source in preference to anthracene which could explain the low degradation 
obseiwed in the M2-inoculated cultures.
M2 grew much better when initially inoculated into the sand together with the
fungus, despite the 10-fold decrease in CPU count observed over the first two
weeks of incubation (Figure 6.2). This decrease could have been dire to the
presence of bran which would have favoured fungal growth. Indeed, the bacterial
numbers increased lO^rfbld after incubation for 14 days, most likely due to the
increase of easily available C resulting from fungal degradation of tlie bran.
Moreover, the treatments initially inoculated with both the fungus and M2
degraded the most anthracene (80.4 ± 2.8%). The amount of anthracene degraded
in those treatments was higher than the amount of anthracene degiaded in
treatments inoculated with the fungus alone (50.8 ± 4.5%) and those inoculated
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with M2 (24.0 ± 0.0%). Wlieii inoculated together, the two organisms seemed to 
work synergistically resulting in enhanced antlnncene degi*adation.
When M2 was added to sand that had been incubated with the fungus for 14 days, 
a short adaptation period was obseiwed, after which M2 numbers increased by up 
to 10^-fold. This seems to indicate that the organism was using the nutrients made 
available by fungal degradation of the bran. However, anthracene degradation 
(40.0 ± 7.8%) ceased after M2 inoculation when compared to the tieatment 
inoculated with the fungus alone where degradation of antliracene continued and 
a further 10% of the compound was degraded over the remainder of the 
incubation period (Figure 6.4).
A large difference in antliracene degradation was obseiwed in the treatment 
initially incubated with both the fungus and M2 (80.4 ± 2.8%) compared with the 
treatment where the fungus was inoculated 14 days before M2 inoculation (40.0 ± 
7.8%). The main reason for this difference could be that in the first treatment, 
M2 had to adapt to anthracene degradation before simpler C sources were made 
available by the fungus, whereas in the latter, M2 was inoculated after incubation 
for 14 days with the fungus into a enviromnent rich in simpler C sources than 
antliracene. However, it is unknown whether anthracene degradation could have 
proceeded in the latter treatment after nutrients depletion.
M5 degraded anthiacene 35.7 ± 23.6% over the 43 day incubation period (Figure 
6.4). Due to the variation between replicates in this tieatment, the extent of 
anthracene degradation by M5 alone is not clear. As with M2, the organism did 
not grow particularly well in the sand supplemented with bran as indicated by the 
low microbial activity (Figure 6.3) and respiration (Figure 6.1). A 100-fold 
decrease in tlie CPU counts was obseiwed after 3 days of incubation (Figure 6.2). 
The decrease in CPUs was followed by an adaptation phase between 3 and 25 
days after initial inoculation resulting in a 10-fold increase of CPUs at the end of 
the incubation period.
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Unlike M2, the gi’owth of M5 in co-cultures with the fungus could not be 
detected after incubation for 25 days (Figure 6.2). M5 did not survive the initial 
culture conditions which favoured the growth of the ftmgus. Respiration in 
treatments initially inoculated with both the fungus and M5 was similar to that in 
the treatment inoculated with the fungus alone (Figure 6.1). However, microbial 
activity of the former was at all times lower than in treatments inoculated with 
the fungus alone. This observation was also supported by the difference in 
antliracene degradation between the two treatments (Figure 6.4); anthracene 
degiadation was lower in the treatment initially inoculated with the fungus alone 
(50.8 ± 4.5%).
However, following the inoculation of M5 into sand that had been incubated with 
the fungus for 14 days, a short adaptation period was observed. After this, M5 
numbers increased by up to 10^-fold which again indicated that the organism was 
using the nutrients made available by fungal degradation of the bran. The 
increase in M5 numbers after inoculation at day 14 correlated with an increase in 
respiration (Figure 6.1) and microbial activity (Figure 6.3) compared to the 
treatment containing the fungus alone. It is unclear whether there was 
continuation in anthracene degiadation after M5 inoculation due to the large 
variation between replicates. Antlnacene degradation in these treatments was 
62.0 ± 24.4% and was more likely due to fungal activity rather than bacterial 
degradation after the addition of bran at day 14 (Figure 6.4).
In summary, the fungus in co-cultures with M2 caused the most anthracene 
degradation. Anthracene degradation in this co-culture treatment was greater than 
the degiadation of the compound by either of the organisms alone. There 
appeared to be a synergy interaction between the two organisms. For instance, the 
fungus would have simultaneously used the bran and anthiacene producing 
simpler C sources for the bacterium to use. The bacterium on the other hand 
would have used anthracene at the beginning of the incubation period and 
switched to simpler C souices when available. The more the anthracene was 
degi aded in the cultui es, the more of it moved into the aqueous phase, creating a
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shift in equilibrium which facilitated biodégradation of the compound. As 
anthraquinone fonnation could not be tracked for technical reasons, no 
assumptions can be made about the oxidation of antliracene to antliraquinone by 
either organism. M5 was not competitive enough in co-culture with the fungus 
for unknown reasons in addition to the presence of bran favouring the growth of 
the fungus.
The co-cultures of M8 with the fungus were inoculated with glucose as an 
additional C source to anthracene. The fungus alone did not establish well in the 
glucose-supplemented cultures as the glucose did not seem to be as favourable to 
fungal growth as bran. This was evidenced by the four-fold lower CO2 levels in 
the presence of glucose (Figure 6.5) compared to the CO2 level in the presence of 
bran (Figure 6.1) after incubation for 7 days. Anthiacene degiadation by the 
fungus also seemed to suffer as 10-fold less anthracene was degiaded in fungal 
treatments supplemented with glucose (Figure 6.7a) compared to those 
supplemented with bran (Figure 6.4). Moreover, most of the anthracene lost m 
the treatments inoculated with the fungus alone (Figure 6.7a) was oxidised to 
anthraquinone (Figure 6.7b). This obseiwation agreed with previous findings 
which indicated that anthiaquinone was a dead-end metabolite produced from the 
oxidation of anthracene by Bjerkandera sp. BOS55 (Field et al., 1992; 
Kottennan, 1998).
M8 alone and initially incubated with the fungus grew well in the microcosm 
during the first week with a 10^-fold increase in CFUs (Figure 6.6). The CFUs in 
both treatments decreased 10^-fold between 7 and 14 days incubation, probably 
due to the depletion of glucose and other nutrients. Bacterial growth remained 
more or less constant in both treatments for the remainder of the incubation 
period most likely due to M8 using anthracene as a C source after depletion of the 
glucose. Indeed, loss of antliracene in the cultures inoculated with M8 was very 
similar to the loss of this compound in the abiotic control after incubation for 14 
days (Figure 6.7a). However, fi*om day 14 onwards, anthracene loss in the 
treatments inoculated with M8 was greater than the abiotic control, indicating
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degradation of antliracene by M8 (total degiadation 12  ± 3.8%). Although the 
treatment inoculated with MB accumulated anthiaquiiione, the levels of 
anthiaquinone produced in this treatment were very similar to those present in the 
abiotic control at all sampling points (Figure 6.7b).
The treatment initially inoculated with the fungus and M8 produced much less 
CO] after incubation for 7 days than those inoculated with the fungus alone 
(Figure 6.5) probably due to MB being more competitive (10^-fold increase in 
CFUs) in the presence of glucose (Figure 6.6), However, once glucose was 
depleted, the amounts of CO] produced in the treatment initially inoculated with 
the fungus and MB were very similar' to those produced by the fungus alone 
(Figure 6.5). The degradation of anthracene (11.0 ± 0.6%) in the co-inoculated 
treatment was almost equivalent to the cumulative degradation of the compound 
by each organism in separate cultures. Interestingly, anthraquinone levels were 
highest in this treatment after incubation for 7 days (Figure 6.7b), probably due to 
MS oxidising anthr acene in the presence of glucose. Anthraquinone levels were 
reduced over the second week of incubation most likely due to depletion of 
glucose and degradation by MB. However, anthraquinone accumulated again 
after the fungus became more dominant corresponding with a decline in MB 
numbers.
Finally, the addition of MB to cultures that had been incubated with the fungus 
for 14 days had many beneficial effects. First, anthracene degradation at the end 
of the incubation period was highest in treatments with both fungus and MS (16.4 
± 2.3%; Figure 6.7a). In addition, this treatment also seemed to remove the 
anthraquinone accumulated as a result of fungal degradation (Figure 6.7b). 
Moreover, MB seemed to grow well once inoculated into the sand incubated with 
the fungus for 14 days with a 100 fold increase in CFUs obsei*ved one week after 
inoculation (Figure 6.6).
This study showed that, under optimal conditions for both fungal and bacterial
growth, there were at least two beneficial effects to the use of bacterial-fungal co-
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cultures. Firstly, the fungus and bacterium could be inoculated together and if 
synergistic, as was the case with the Bjerkandera sp. BOS55 and M2, the result 
would be a much higher rate of antlnacene degradation than that observed for 
each organism individually. Otheiwise, the bacterium could be added after initial 
incubation with the fungus, where the fungus appears to be less competitive than 
the bacterium, as was the case with MB. Not only did this co-culture of the 
bacterium with the fungus remove antlnacene better than cultures containing each 
organism individually, it also removed the most anthraquinone, a known dead­
end metabolite of anthracene in some white-rot fungal degradation.
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CHAPTER 7
General Discussion, Future Studies and Concluding
Remarks
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7.1 General Discussion
This study aimed to assess the effect of heavy metals on the degradation of PAHs 
by soil bacterial isolates and the fungus Bjerkandera sp. BOS55. In order to 
investigate the effect of heavy metals on the degradation of PAHs by the fungus, 
the effect of metals on fungal growth and enzymes were first assessed. The 
fungus was grown in two different media containing a range of Cu and Cd levels: 
a defined mineral medium and a rich undefined medium. Both metals exerted 
toxic effects on fungal growth but the degree of toxicity varied considerably 
between the two growth media. Perhaps the most crucial factor relating to heavy 
metal toxicity to the fungus seemed to be the spéciation of the metals in the 
media and their bioavailability to the fungus. Indeed, the availability of Cu and 
Cd to the fungus in the high-N defined medium could have been reduced by 
specific mechanisms such as the adsorption of the metal ions to exopolymers and 
their organic complexation with some media components such as phosphate, 
glucose and peptone. The lower metal bioavailability in the defined medium led 
to a decrease in metal toxicity to the fungus compared with the toxicity observed 
in the rich MEB medium (Chapter 2). Thus, whereas the fungus exhibited 
adaptation and tolerance to both heavy metals in the defined growth medium 
containing up to 600 ppm metal, fungal growth was inhibited in the rich medium 
containing as little as 50 ppm metal. It is not unlikely that heavy metal toxicity to 
fungi can be decreased or increased depending on nutrient availability in the soil 
environment, with metal toxicity being more severe under rich nutrient 
conditions. A major factor affecting metal bioavailability is the spéciation of 
metals in the soil solution, which acts as an important link between solid soil 
phases and ecosystem components involved in biogeochemical cycling. The soil 
solution affects metal spéciation through three major characteristics; these are 
ionic strength, pH and electron activity (Ritchie and Sposito, 1995). In addition, 
factors affecting bioavailability of metals in soil include immobilisation by soil 
organisms, precipitation, uptake by plants, and leaching (Alloway, 1990b; Ross, 
1994). On the other hand, metal toxicity can also be increased as metals are more
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likely to become available at sites with high microbial activity due to the 
production of organic acids.
In addition to binding to media components, the most likely explanation for the 
reduced metal toxicity observed in the defined medium was the high ratio of 
glucose to phosphate in the medium which would have resulted in increased 
production of EPS by the fungus (Moore and Bushell, 1997), compared to the 
rich MEB medium. Relatively more biomass was produced in the MEB medium, 
but this biomass showed a decreased tolerance to Cu and Cd, possibly indicating 
a lower level of EPS production. If this hypothesis is tme, the EPS would have 
reduced the toxicity of the metal by adsorbing the available metal that was 
present in the culture fluid. In the absence of excess heavy metals, the negatively 
charged EPS teiminals would have bound metal cations and repulsed essential 
anion nutrients, restricting their flow into the mycelium and suppressing fungal 
giowth. In this type of medium, Cu and Cd associated with the fungal mycelium 
at below 1.5 and 22 pg/mg biomass, respectively, could have improved fungal 
growth by saturating the EPS and reducing the anion-exclusion phenomenon 
(Chapter 2).
Evidently, there were important differences in the two media used to grow
Bjerkandera sp. BOS55. Those differences most likely related to exo-polymer
fonnation and metal-binding resulting in two different responses of the fungus to
Cu and Cd; 1) metal adaptive behaviour in the defined media and 2) metal
susceptibility in the rich one. Adaptation of fungi to heavy metals has been
observed frequently (Garcia-Toledo et aL, 1985; Yamamoto et a l, 1985r Valix
and Loon, 2003, Zucconi et al., 2003). For instance, Rhizopus stolonifer and
Cunninghamella blakesleeana, adapted to tolerate Cu at concentrations of up to
550 ppm, were found to have acquired co-tolerance to a range of other metals
such as Cd (600 ppm), Co (125 ppm). Ni (225 ppm) and Pb (750 ppm) compared
to the non-Cu adapted parental cultures. The co-tolerance of these Phycomycetes
to heavy metals indicated that the cellular mechanisms confening tolerance to Cu
were not unique for that metal (Gaicia-Toledo et al., 1985). The authors observed
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that the Cu-tolerant fringi did not appear to produce extracellular metabolites that 
complexed with and, hence, excluded and detoxified Cu. However, their mycelia 
removed approximately twice as much Cu fiom solution than those of the non- 
tolerant parental cultures, suggesting that tolerance to Cu resulted from the 
binding of the metal to the cell wall or firom an intracellular detoxification 
mechanism (Garcia-Toledo et al., 1985). Observation of decayed Cu2S0 4 -treated i
wood by scanning electron microscopy (SEM) showed that the hyphae of the 
fungus Tyromyces palustiis were encrusted with crystal-like substances and/or I
aggregates, indicating its ability to detoxify Cu-based fungicides (Tsunoda et al., i
1997). The authors (1997) concluded that the fungus had a specialised process to I
efficiently absorb Cu ions which reacts with oxalic acid to form an extracellular 
water-insoluble Cu compound. A similar study on the fungus Wolfiporia cocos \
(Clausen et ah, 2000) found that oxalic acid was not the factor controlling Cu '■
tolerance and that the interaction between different factors such as growth rate, 
pH and wood decaying ability of the fungus, all contributed to Cu tolerance.
Yamamoto et al. (1985) found that not all fungi isolated fiom soil containing 
high levels of Cu were Cu-tolerant; indeed, some were sensitive. They concluded 
that the presence of Cu-sensitive fungi may have been the result of (1) uneven 
distribution of Cu in the soil, (2) protection from Cu by soil constituents such as 
clay minerals, soil organic matter and soil solution and (3) occupation of habitats 
where Cu was precipitated by other organisms, leading to lower concentrations of 
the metal in their environment.
The ability of microbes to adapt, even paifially, to a heavy metal stress m vitro 
suggests that such tolerance and perhaps co-tolerance to several metals can also 
be acquired in natural enviromnents. However, even in vitro, adaptation to heavy 
metal stress has limits, as evidenced by the decrease in fungal biomass in the 
presence of Cu at above 600 ppm Cu and Cd (Chapter 2), Thus, in natural 
environments which are heavily contaminated with heavy metals, such as soils 
near smelters, various microbe-mediated ecological processes may be retarded 
for long periods of time. These ecological processes, which include C
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mineralisation, are mostly enzyme-mediated. Excess heavy metals in the fungal 
enviromnent strongly restricted the production of some of the extracellular 
ligninolytic enzymes produced hy Bjerkandet^a sp. BOS55 (Chapter 2). Although 
the production of enzymes per unit biomass was not affected, production of 
biomass and thus enzyme production was severely restricted at high metal 
concentrations. Regardless of the medium used, the levels of phenol oxidase, LiP, 
MnP and H2O2 strongly conelated with the amount of biomass present in the 
culture medium. Moreover, MIP seemed to be repressed in the metal-rich 
extracellular medium. Thus, poor fungal growth resulting from metal toxicity led 
to a decrease in enzyme levels and H2O2 production necessary for the functioning 
of peroxidases. Baldrian et al. (1996) studied the influence of Cd on the 
production of ligninolytic enzymes at different growth stages of Stereum 
hirsutum and P. chiysospoiium. Their results showed a 50% decrease in the S. 
hirsntim  growth rate and a strong inhibition in activities of MnP and MIP in 
samples of the fungus treated with 28 ppm Cd, while 56 ppm Cd strongly 
inliibited activities of MnP, MIP and LiP in P. chysosporium cultures and 
reduced laccase activity by half.
Indeed, the negative effect of heavy metals was clearly evident in the decrease in 
fungal biomass and enzymes produced in their presence. However, it also led to a 
decrease in C mineralisation, since pyiene degi adation by the fungus was reduced 
by half in the presence of Cu at a concentration of 750 ppm (Chapter 3). The 
decrease of pyrehe degradation correlated with a decrease in fungal respiration 
and could be attributed to reduced enzyme production, although not demonstrated 
in the same experiment. These results are alaiming, as co-contamination*-of soil 
with heavy metals and PAH is veiy common. Industrial wastes often contain 
complex mixtures of various toxic xenobiotics, including heavy metal salts, 
which influence the biodégradation of xenobiotics in soil or water (Baldrian et 
al., 1996). For instance, Cd is one of the most dangerous components of 
industrial and municipal wastes, with potential carcinogenic and mutagenic 
effects (Baldrian et al., 1996). Bjerkandera sp. BOS55 appeared to be more 
tolerant to Cd (in both the high-N defined medium and MEB) (Chapter 2) than
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other basidiomycetes including: Pycnoponis cinnabarinus, P. ostreatus, S. 
hirsutum and P. chiysosporium (Baldrian et a l, 1996). The giowth of these WRF 
was inhibited by 11 ppm Cd when cultivated in a similar defined medium with 
lower N (Baldrian et a l, 1996). Furtheimore, Cd also affected C mineralisation 
by these WRF. For instance, the decolourisation of the Poly R-478 dye, an 
indicator of PAH oxidation, in a low N defined medium was delayed by 2 days in 
Cd-heated cultures of S. hirsutum and P. chiysosporium, and by 5 days in P. 
cinnabarinus and P. ostreatus cultures (Baldrian et a l, 1996). The 
decolourisation of the dye Poly R-478 correlated with the maximum activity of 
peroxidases, while little decolourisation in the Cd-treated cultures seemed to 
conelate with a decrease of MnP and MIP activities in all WRF cultures. Poly R- 
478 is normally used as a marker for PAH degradation because of its similar 
aromatic structure (Kottennan, 1998). A conelation between anthracene 
degiadation and decolourisation of Poly R-478 by WRF was demonstrated by 
Field et a l  (1992). Pointing et a l (2000) demonstrated the effects of Cd and Cu 
on the decolourisation of 20 azo, triphenylmethane and heterocyclic/polymeric 
dyes by sub-tropical basidiomycetes. Most fungi tested were capable of 
decolourising the dyes in the presence of up to 28 ppm Cd and 15 ppm Cu. 
However, the activity of P. chiysosporium was completely inhibited by both 
metals at very low concentrations. Metal inliibition affected the decolourising 
ability of the fungus despite biomass growth, suggesting that production of 
enzymes was specifically inhibited.
As discussed above, although heavy metal bioavailability in a soil environment 
can be intrinsically reduced by several factors, the toxicity to soil organisms and 
plants can be highly detrimental. In this study, zeolites were investigated as a 
means to mop metals and reduce their bioavailability. However, the addition of 
zeolites did not improve pyiene degradation by the fungus (Chapter 3). On the 
contrai'y, zeolites appeared to limit fungal growth possibly by removing essential 
nutrients fiom the fungal medium in addition to Cu as zeolites will bind cations 
including essential ones such as K and Mg. Although highly adequate at 
removing Cu, natural zeolites in this instance did not represent a good
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bioremediation measure where both PAH and metal pollution co-existed. 
However, highly-specific natural zeolites or even synthetic types should be 
considered as an alternative, especially when the environments to be 
bioremediated are polluted with a limited range of metals.
Currently, a variety of suitable methods exist for the removal of heavy metals 
from industrial wastes when they are present at high concentrations. These are 
chemical precipitation, electrode deposition, ion exchange, reverse osmosis, 
evaporative recovery, membrane technology application, phytoremediation and 
biosorption. The biosoiption method which consists of using microorganisms to 
bind heavy metals is an attractive alternative to existing methods for toxicity 
reduction and recovery of valuable metals from industrial effruents, because of 
the good perfonnance and low cost of biosorbent material (Yetis et a i, 1998). 
Living, dead or resting cells of different species of bacteria, fungi and algae have 
served as biomass sources with varying binding capacities (Galli et al., 2003). In 
this regard, WRF which hold great promise for degradation of organic pollutants 
present in many industrial effluents, are potential candidates for heavy metal 
biosorption. Yetis et al. (1998) found that Polyporoiis versicolor and P. 
chiysosporium were very effective at removing a range of metals such as Pb, Ni, 
Cr, Cd and Cu from aqueous solutions. The adsoiptive capacity was around 25 
mg metal per g dry weight mycelium. This result is comparable to the maximum 
metal adsorption rates by Bjerkandera sp. BOS55 of 40 mg Cd and 25 mg Cu per 
gram dry weight (Chapter 2). P. chiysosporium was especially efficient at 
removing Pb and the adsoiption of the metal was a two-stage process: a very 
rapid adsorption within the first hour followed by a slow intracellular- diffusion 
during two hours of metal exposure (Yetis et a l, 2000; Çeribasi and Yetis, 2001). 
Another study comparing the Cu adsorption capacity of synthetic ion-exchange 
resin and P. chiysosporium found that the latter had a higher Cu adsorption 
capacity (Sing and Yu, 1998). Compared with an ion-exchange resin which 
showed a consistent capacity in a pH range o f 2.5-5.0, the living fungal mycelium 
had an optimal adsoiption capacity in a quite naiTow pH range, around pH 6.0. 
The Cu binding capacity of the fungus was mainly attributed to adsorption of
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very tiny colloids of Cu hydroxide fonned around pH 6. Cu adsorption and 
desorption on the fungal mycelium were contiolled by the pH of the environment. 
Moreover, organic solvents often present in wastewater and known to affect the 
structure and binding capacity of synthetic resin, had a positive or very little 
effect on the Cu adsorption capacity of the living fungal hyphae (Sing and Yu,
1998). Indeed, a biological process of a wastewater treatment by WRF such as P. 
chrysosporium can continuously produce fungal mass as mycelium pellets or 
mats, though an appropriate method for the disposal of the biomass would be 
needed. Although phytoremediation could be another potential method for metal 
removal from soil, the use of WRF has the added benefit of removal of 
structurally-related aromatic pollutants such PAHs, PCBs and dioxin because of 
the production of the non-specific ligninolytic enzymes.
A considerable part of the project consisted in finding bacterial isolates that were 
capable of degrading a range of PAHs. Several bacteria were isolated at different 
time-points during a period of 2 months, from a composting mixture of wheat 
straw and chicken manure artificially contaminated with phenanthrene and 
pyrene. The intent was to also extract both PAHs from the composting mixture to 
monitor losses through degradation. However, the size of the experimental 
samples led to inconsistent and irreproducible results and the experiment was 
used to isolate PAH degraders instead. Additional bacteria were isolated fiom an 
oil-contaminated soil to increase the likelihood of obtaining species adapted to 
PAH degradation. The isolation procedure was very lengthy and was extensively 
repeated until pure cultures capable of using PAHs were obtained. The long 
process of screening for PAH degradation in sand microcosms meant that only a 
small number of the isolates were screened. Isolates M2, M5, M6 were found to 
degrade phenanthrene and pyrene to a gieat extent over a 43 day incubation 
period (70-83% and 46-67%, respectively). Moreover, both M7 and M8 isolated 
from oil-contaminated soil degraded phenanthrene, anthracene and its metabolite 
antliraquinone and showed large clearing zones on BSM-plates sprayed with 
these compounds. However, in sand microcosms only M8 degiaded both 
anthracene and anthraquinone, although the latter was removed to a lesser extent
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(Chapter 4). Although, several isolates were selected, only one, M6, was 
identified with 99.99% certainty using identification strips. Further classification 
procedures, such as GC analysis, would need to be earned out on the other 
chosen isolates in order to accurately and rapidly identify them through their fatty 
acid analysis.
Subsequently, those isolates with the gieatest ability to degrade 3- to 4- ring 
PAHs were exposed to different concentrations of Cu, Zn and Cd to test their 
metal-tolerance. However, not only did the metal-stress decrease the bacterial 
colonisation of sand but it also led to a highly reduced degradation of PAHs 
(Chapter 5). Due to time restrictions and the length of each screening experiment, 
a range o f Cd-concentrations were used only during the screening of isolate M8 
to establish a toxicity level. Isolates M2, M5 and M6 were only screened at 600 
ppm of combined Cu, Zn and Cd and could have benefited from a screening in 
the presence of lower concentrations of metals. Nevertheless, high concentrations 
of metals are often found in soils and are known to affect soil microorganisms 
and their activities. Microorganisms respond mainly to the soluble metal fraction 
and the proportion of total metals present in this fr action may differ with the soil 
type and environmental conditions (Khang et ah, 2002). The composition and 
type of soil in which the heavy metals are present can greatly influence the 
degree of microbial toxicity observed. Metal toxicity is more likely to be severe 
in soils with low clay content, than in soils with high clay content (Baker, 1990). 
In addition, solid-phase humic substances with hydroxyl, phenoxyl and carboxyl 
groups also adsorb metals by fonning chelate complexes (Alloway, 1990b), 
reducing their bioavailability to microorganisms.
However, in a typical soil environment, diverse assortments of microorganisms 
co-exist. Some of these organisms are known to be inherently resistant to metals. 
These resistant organisms do not necessarily supply enzymes that are active 
under harsh conditions, but are themselves tools for the remediation of heavy 
metal contaminated environments (Nies, 2000). For instance, the Gram-negative 
Ralstonia sp. CH34 has a remarkable set of metal-resistant deteirainants,
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allowing this bacterium to live in extreme enviromnents that are heavily 
contaminated with toxic metal ions. The heavy metals aie detoxified by inducible 
ion efflux systems that reduce the intracellulai' concentration of a given ion by 
active fransport (Nies, 2000), Other bacteria are known to be tolerant to certain 
heavy metals, the acquired tolerance being either plasmid-mediated or due to 
physiological adaptation (Duxbury and Bicknell, 1983; Diaz-Ravina and Bââth, 
2001). It is unknown whether any of these metal-tolerant and/or resistant bacteria 
are capable of degrading organic pollutants in enviromnents co-contaminated 
with heavy metals. Despite some of the PAH-degrading isolates that were used 
showing minor signs of adaptation to the metal-induced stress towards the end of 
the experimental incubation period (Chapter 5), the short-teiin effects of metal 
toxicity are alaiming, especially where the accumulation of dead-end toxic PAH 
metabolites occurs.
The degradation of phenanthrene and pyrene by the M2, M5 and M6 and 
anthracene by M8 (Chapter 4) was comparable to isolates that were used during 
other research on the degradation of several PAHs by soil bacteria (Mueller et al., 
1996; Juhasz and Naidu, 2000a). However, until recently, only a few genera of 
bacteria, with the ability to utilise four-ring PAHs as sole C and energy sources, 
have been isolated while co-metabolism of five-ring compounds has been 
reported (Juhasz and Naidu, 2000a; Kanaly et a l, 2000). Kanaly et al. have 
shown that BaP can be mineralised rapidly by a microbial consortium growing on 
diesel fuel and that some of the consortium members were Proteobacteria, 
Mycobacteria and Sphingobacteria. The bacteria isolated in this study were 
capable of degrading phenanthiene, pyrene, anthracene and anthraquinone.-They 
were unable to degiade the 5-ring BaP on BSM plates; however, they were not 
tested for co-metabolism of BaP in the presence of other PAHs.
Moreover, although PAHs are extensively oxidised by WRF, the degiee of 
mineralisation to CO2 is limited (Kotteiman, 1998). Unfortunately, when 
Bjerkandera sp. strain BOS55 was screened for antlnacene degradation in bran 
and sand cultures, no anthraquinone was detected because its chromatogram peak
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coincided with that of the internal standard used. Thus, the accumulation of 
anthraquinone could not be confirmed in this instance, although previously 
reported (Kotteiman, 1998). Therefore, the assumption was made that 
anthraquinone was produced by Bjerkandera sp. strain BOS55 and the fungus 
was thus used in co-cultures with the isolated bacteria to enhance PAH 
mineralisation (Chapter 6). The fiingus was chosen because of its reported 
outstanding ability to rapidly oxidise PAHs (Kotterman, 1998). Indeed, the 
fungus degraded anthiacene almost completely over an incubation period of 43 
days and over half of the compound was degraded during the first 2 weeks of 
incubation (Chapter 6).
Under optimal conditions for both fungal and bacterial growth, there were at least 
two beneficial effects to the use of bacterial-fungal co-cultures. Firstly, 
Bjerkandei^a sp. BOS55 and M2 were inoculated together and synergistically 
degraded anthracene resulting in a much higher rate of anthracene degradation 
than observed for each organism individually. In the case where M8 was added 
after initial inoculation with the fungus for 14 days, the co-culture o f the 
bacterium with the fungus removed anthracene better than cultures containing 
each organism individually and it also removed the most anthraquinone (Chapter 
6).
The results discussed above agieed with Kotterman et a l (1998b) who 
investigated the use of Bjerkandera sp. strain BOS55 for the mineralisation and 
detoxification of the five-ring PAH BaP and the subsequent mineralisation of the 
metabolites by natural mixed cultures of microorganisms fiom sediment, soil and 
sludge. The study findings showed that the addition of undefined microbial 
inocula, irrespective of the source, to oxidised BaP metabolites clearly resulted in 
initially rapid mineralisation rates, comparable to 1.0 mg of BaP 1 “* per day. BaP, 
not previously subjected to fungal oxidation, was not mineralised at all by the 
non-PAH adapted inocula, whilst PAH adapted sludge mineralised intact BaP at a 
rate of only 0.1 mg of BaP F* per day. This confinned that fiingal peroxidation of 
PAH increased the rate of mineralisation by bacteria. Other two-step degradation
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studies of pyreiie, anthracene and benzo [a]anthracene showed a similar 
synergistic effect when a combination of WRF and soil microorganisms was used 
(Andersson and Henrysson, 1996; In der Wiesche et al., 1996).
Moreover, the results shown in Chapter 6 are especially promising, since major 
products of oxidation of PAHs, as for instance, the potent carcinogen BaP, by 
several white rot fungal species are both non-polar and polar metabolites 
(Kotteiinan et al.  ^ 1998b). The accumulation of such metabolites could be a 
reason for concern, since mammalian and fungal monooxygenases can oxidise 
BaP to epoxides and dihydrodiols, which are very potent carcinogens (Kotterman 
etal., 1998b).
7.2 Future Studies and Concluding Remarks
Bioremediation has been going on since life began on this planet. Initially, the 
indigenous microbes needed to adapt to the contaminated enviromnent. Once 
adaptation occurred, these microbes began the elaborate process of degrading 
contaminants by using them as an energy source and in the process continuously 
cleaned that environment of these contaminants. During this natural 
bioremediation process, nature caters to the nutritional and physiological need of 
these microorganisms. However, environmental bioremediation has been a 
relatively slow process and thus does not represent instant solutions to problems 
such as fuel spills (Fletcher, 1994). However, a man-assisted program could 
highly speed up the clean-up procedure and eliminate contaminants usually 
within a few months. After suiweying the extent of the contamination, and the 
properties of a contaminated soil, this process consists of the identification of the 
natuial fuel-degiading microorganisms such as bacteria, moulds or yeast and 
increasing their numbers. The biomass is produced in a bioreactor and could then 
be applied to the contaminated soil by giavity drip, injection, or spray techniques. 
The soil is then monitored to maintain ideal growth conditions for the 
microorganisms by providing nutrients, oxygen and moisture.
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In this project, the first step in the bioremediation process was achieved through 
the isolation of adapted bacteria fi*om newly PAH-contaminated compost and 
from a site with a history of oil contamination. Isolation was followed by 
detennination of the PAH-degrading ability of these isolates. Contaminated soil 
was not tested in this study in order to eliminate specific negative factors 
influencing degradation, such as adsorption and ageing of PAHs to soil particles. 
Silica sand was instead artificially contaminated with PAHs and the low 
bioavailability of the PAHs was improved through the use of a surfactant. 
Bacterial or fungal biomass was applied to the sand and the degiadation was 
monitored over a maximum of 43 days with adequate moisture and nutrient 
contents. However, optimal growth of M7 and M8 was not always achieved as 
they did not appear to grow in BSM and sand as extensively as M2, M5 and M6. 
The identification of these isolates would be critical to maintain ideal growth 
conditions during any bioremediation procedure.
Thus, the next logical step would be placing these isolates in a contaminated soil 
to test whether they suiwive in the presence of other bacteria and fungi and can 
grow in the soil conditions at the contamination site. Gravel, sand and other poor 
soils have lower concentrations of microbes. In addition to bacteria and fungi, 
natural soil will contain other microbes such as actinomycetes and algae. As the 
microbial population is increased by adding the biomass to the contaminated soil, 
the number of organisms competing for the available O2 will be increased. The 
co-culture experiments performed in this project showed that most bacterial 
isolates gi'ew well in the presence of the fungus, whilst the latter was not always 
competitive enough to suiwive well. In some cultures, the fungus did not establish 
well when inoculated into PAH-contaminated sand simultaneously with the 
bacteria despite bran favouring its growth.
The experiments performed in this study used liigh concentrations of PAHs (up to 
400 ppm) because low concentrations pose two problems for microbiological 
treatments. The first problem is that the slow metabolism kinetics that occurs 
with low concentrations provides too little energy to sustain the organism’s
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gl'owth. More importantly, the trace concentrations may be insufficient to induce 
the production of necessary enzymes. Whilst this does not necessaiily apply to 
the extracellular ligninolytic enzymes of WRF, it is certainly the case for the 
bacterial naphthalene-degrading enzyme system implicated in the degradation of 
a number of PAHs (Leblond et al., 2001). Thus a bigger challenge would be the 
bioremediation of PAHs in rivers and streams where contamination tends to be 
less concentrated and localised (Fletcher, 1994).
Naturally selected microorganisms have the advantage of already being adapted 
to a hydrocarbon-contaminated environment, but might be repressed in 
enviromnents with high concentrations of heavy metals. Heavy metal 
contamination of soil occurs from many sources, a major one being the 
application of sewage sludges originating from industiial catcliments (Alloway, 
1990c). In the presence of certain bacteria such as T. ferrooxidans, heavy metals 
may be oxidised, become more soluble and able to leach into groundwater. 
Hence, toxic heavy metal concentrations can be increased though precipitation or 
solubilisation in certain environments depending on the microorganisms present. 
All the PAH-degrading bacteria isolated in this study were indeed metal- 
sensitive. An interesting issue to investigate would have been whether the fungus 
Bjerkandera sp. BOS55 could have protected these bacterial isolates from the 
metal allowing them to thrive in environments with toxic metal concentrations 
and degiade pollutants. Unfortunately, despite many efforts to grow this fungus 
in bran and sand and in the defined mineral medium, fungal growth in the last 
stages of this project was very limited for unknown reasons. Thus, further 
research would need to be carried out to show the benefits of metal adsorption by 
WRF on bacterial growth and PAH degiadation.
In a recent review, Juhasz and Naidu (2000a) concluded that there is an urgent 
need to address the issue of the limited activity of microorganisms towards PAHs 
containing five or more fused benzene rings. They also emphasised the need to 
direct friture research on the practical application of techniques such as co- 
metabolic processes, bio-augmentation and bacterial-fungal co-cultures. The use
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of PAH-degrading bacterial-flingal co-cultures would be especially important in 
soils co-containinated with PAHs and heavy metals resulting in several 
outcomes: (1) WRF could adequately adsorb heavy metals, as exhibited by 
Bjerkandera sp. BOS55, allowing metal-sensitive bacterial isolates to carry on 
PAH degradation; (2) WRF could initiate the oxidation of HMW PAHs as was 
shown for anthracene and (3) Bacteria can degrade potentially toxic dead-end 
PAH metabolites resulting from fungal oxidation, allowing the detoxification of 
the environment. Bio-augmentation, co-metabolism and co-cultures benefits have 
been successfully demonstrated in this project.
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Appendix 1
Basal Salts Medium (BSM)
Four basal salts were dissolved in RO water (see table below) and buffered at pH 
6.5 with ferric citrate. The solution was sterilised by autoclaving at 110°C for 30 
minutes. Mg/Ca, vitamins and trace elements solutions were filter-sterilised and 
added to the solution after cooling to give final concentrations of each 
component as shown in the table below. Bacteriological Agar (BA) at a final 
concentration of 1.5% w/v was added to solidify the medium as needed.
Basal Salts (g 1^)
K2HPO4
KH2PO4
(NH4)S04
NaCl
0.4
0.4
0.4
0.3
Buffer (g r ') Ferric citiate 0 .1
Mg/Ca (g r ') MgS04*7 H2O 0.4CaCl2-2 H2O 0.4
Biotin 0 .1 0
Folic acid 0 .1 0
Thiamine-HCl 0.25
e-D-Calcium pantothenate 0.25
Vitamins (mg 1'*) Vitamin B12 0.25
Riboflavin 0.25
Niacin 1 .0 0
Pyridoxal HCl 0.15
p-aminobenzoic acid 0 .1 0
FeS04*7 H2O 1 .0 0
ZnS04'7 H2O 0.05
MnCl2*4 H2O 3.00
Trace Elements (mg 1'*) C0 CI2 6  H2O 0 .1 0CuCl2-2 H2O 0 .0 1
NiCl2-6 H2O 0 .0 1
Na2Mo0 4*2  H2O 2.50
H3BO3 0.15
208
Appendix 2
APPENDIX 2
Composition of MEA and MEB, % Strength Ringer’s 
Solution and 1% TSA
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Malt Extract Agar (MEA) and Malt Extract Broth (MEB)
MEA was prepared by dissolving 50 g MEA powder (Oxoid) in 1 litre of RO 
water. The medium contained in water: malt extract (30 g 1' )^, mycological 
peptone (5 g 1'*) and agar (15 g 1'^ ).
MEB was prepared by dissolving 20 g MEB powder (Oxoid) in 1 litre of RO 
water. The medium contained in water: malt extract (17 g 1'*) and mycological 
peptone (3 g f ‘).
MEA and MEB had a pH of 5.4 ± 0.2 and were sterilised by autoclaving at 
110°C for 30 minutes.
% Strength Ringer’s Solution
The solution was obtained by dissolving one Ringer’s tablet (Oxoid) in 1 litre of 
RO water. The % strength Ringer’s solution had a pH of 7.0 ± 0.2 and contained 
per r^: 2.250 g NaCl, 0.105 g KCl, 0.050 g CaClz-ôHiO and 0.050 g NaHCOj. 
The solution was sterilised by autoclaving at 110 °C for 30 minutes.
1% Tryptone Soya Agar (TSA)
The medium was prepared fiom 1% w/v Tryptone Soya Broth (TSB) (Oxoid) 
and 1.5% w/v BA (Oxoid) in RO water and sterilised by autoclaving at 110°C for 
30 minutes. TSB contains tryptone (15 g 1“*), soya peptone (5 g 1'^ ) and sodium 
chloride (5.0 g 1'^ ).
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Medium
211
Appendix 3
N-Suffîcient and Mn-Free Fungal Medium
The original shallow culture medium was first described by Tien and Kirk (1988) 
and modified by Kotteiman et a l (1996) to obtain a standard high-N and Mn- 
fiee medium. This medium contained 33 mM N as mycological peptone (5 g 1'*), 
glucose (10 g r ’) and was buffered at pH 6.0 with a combined 20 mM 2.2- 
dimethylsuccinate and 40 mM phosphate buffer. The medium was autoclaved at 
110°C for 30 minutes. After cooling, filter-sterilised solutions of thiamine, basal 
salts, veratryl alcohol and trace elements were added to the medium to give final 
concentrations of each component as shown in the table below.
gl-'
Glucose
Ammonium tartrate 
Mycological peptone
1 0 .0
0 .2
5.0
Buffers (mM) 2 .2 -dimethylsuccinate 2 0K2HPO4 40
mg r ‘ Thiamine 2
M Veratryl alcohol 0.4
KH2PO4 2 .0 0
Basal Salts (g 1'*) MgS04?7 H2O 1.03
CaCl2 0 .1 0
MgS04?7 H2O 371.0
NaCl 60.0
FeS04 6 .0
CoCl2?7H20 1 2 .0
Trace Elements (mg f ‘) ZnS0 4 ? 7  H2O 6 .0CuS04?5 H2O 10
A1K(S04)2?12 H2O 0 .6
H3BO3 0 .6
Na2Mo0 4 * 2  H2O 0 .6
Nitrilotriacetate 90.0
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